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1. Introduction 
Human activities have caused pollution of water, soil, and air to reach levels high 
enough to threaten human health and the environment. For metal pollution, soils 
often act as a sink. Therefore, a risk assessment is necessary which compares 
environmental concentrations with threshold concentrations for effects on soil 
organisms. Realizing that total metal concentration in soil is often a poor predictor 
for effects (Meyer, 2002), in the risk assessment of contaminated land as well as 
new and existing chemicals, bioavailability is a key issue. Anderson et al. (1999) 
gave a general definition of bioavailability reading “a measure of the potential of a 
chemical for entry into biological receptors. It is specific to the receptor, the route of 
entry, time of exposure, and the matrix containing the contaminant’’.  
Bioavailability is generally used as a qualitative concept to indicate what metal 
fraction can predict uptake or toxicity. In soils, a large fraction of the total metal 
concentration may be fixed by the matrix in non-mobile forms. The free metal ion is 
assumed to be the most bioavailable form of metal in aquatic systems (Campbell, 
1995). A similar concept can be applied for soil systems (Lanno et al., 2004). 
Moreover, the actual bioavailable fraction of metals in soil has been suggested to 
reside in the aqueous phase of soil, the pore water (Belfroid et al., 1996; Van 
Gestel, 1997).  
Metal bioavailability is related to metal partitioning between the soil solid phase and 
the pore water. Following the porewater hypothesis, metal partitioning between 
different phases (soil and solution) governs exposure of soil organisms and metal 
concentration in the pore water is assumed to be in equilibrium with the 
concentration in the soil solid phase. Metals are taken up by soil organisms through 
the pore water, therefore, metal concentration in pore water may be a better 
indicator of metal bioaccumulation in the organisms. So, bioaccumulation reflects 
both the chemical and biological aspects of bioavailability (McMillen et al., 2003; 
Van Straalen et al., 2005).  
Time is an important factor in the interaction between metal and organism, thus 
metal bioavailability is a dynamic process (Peijnenburg et al., 1999a). The dynamic 
approach of bioavailability includes two phases: a physical-chemically driven 
desorption process, and a physiologically driven uptake process (McCarthy and 
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Mackay, 1993). Hamelink et al. (1994) referred to these processes as 
“environmental availability” and “environmental bioavailability” (see Figure 1). 
Kramer and Ryan (2000) used the term “bioaccessibility” for the total amount of 
metal desorbed from the soil solid phase which is available to be taken up by 
organisms. The difference between ‘’bioaccessibility’’ and ‘’bioavailability’’ is that 
the former term implies the amount of metal which is capable of reaching or 
approaching the organism, now or in future. In other words, “bioaccessibility 
encompasses what is actually bioavailable now plus what is potentially 
bioavailable” (Semple et al., 2004).  
Soil is a complex system with different properties (e.g., pH, cation exchange 
capacity, clay and organic matter content) having a strong influence on the 
availability of metals. In line with the latter statement and according to the metal 
partitioning concept, soil properties may influence the rates of sorption and 
desorption of free metal ions to/from the soil solid phase, which should be equal at 
equilibrium in the soil pore water. These interactions between soil physical-
chemical properties and free metal ions affect metal bioavailability to soil 
organisms. Considering the above and the fact that metal uptake is dependent on 
the properties of the organism and its behavior (see below), metal bioavailability 
involves both abiotic (soil characteristics) and biotic (test species) elements 
(Peijnenburg et al., 2007). 
Another important factor in metal bioavailability is the uptake route which may be 
different for different soil organisms. Uptake of metals from soil pore water may be 
through the skin, the gut wall via soil ingestion, through drinking, or via special 
organs such as the ventral tube. In this thesis, the springtail Folsomia candida 
(Collembola, Isotomidae) was used as the model species. This species which has 
been selected for toxicity tests more than 40 years ago (Fountain and Hopkin, 
2005), is now widely used for evaluating the effects of soil pollution (Van Gestel, 
2012). In these animals, the cuticle and ventral tube are the main routes of 
exposure to chemicals in the soil solution (Fountain and Hopkin, 2005). 
The last factor which is necessary to consider when studying bioavailability is the 
metal. Bioavailability showed to be metal-specific. Rainbow (2002) reported that 
organisms have different metal accumulation patterns that can be ascribed to 
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ecophysiological strategies. Metals are classified into two main groups: essential 
metals and non-essential metals. Essential metals such as copper and zinc are 
used in the structure of enzymes and needed for metabolic activities in the body, 
while non-essential metals do not have a role in biochemical processes and 
therefore, when taken up by organisms, are in excess. In this thesis, copper as an 
essential metal and cadmium as a non-essential metal are used to investigate the 
difference between their bioavailability to the springtail F. candida, which was 
expressed as accumulation and/or effects. 
In this PhD thesis, experiments were performed using exposures in pore water 
(simulated soil solutions) and soils to assess metal bioavailability to F. candida. 
Using chemical speciation models, such as Visual Minteq, the activity of free metal 
ions in the pore water was calculated. Metal bioaccumulation and effects were 
related to metal activities. Targeted experiments made it possible to calculate 
conditional binding constants for metals to the test organism as well as the fraction 
of binding sites in the organism occupied by metals and responsible for causing 
effects. Finally, the development of metal concentrations in F. candida over time 
was investigated using a toxicokinetics approach.  
This PhD thesis contains two main parts; for a schematic overview of the contents 
of this thesis and the relationships between both parts and between different 
chapters, see Figure 2. 

• In the first part, metal bioavailability is studied applying a biotic ligand 
modeling approach. Biotic ligand models (BLMs) have been developed to 
predict metal toxicity to aquatic organisms (Di Toro, et al., 2001; Santore et 
al., 2001). The applicability of these models to soil organisms has also 
been proven by e.g., Steeenbergen et al. (2005) and Thakali et al. (2006a, 
b) (see Figure 1 in Chapter 2). An extensive introduction to the BLMs 
developed for different organisms is elaborated in a review of the literature 
(Chapter 2), and in three experimental chapters (Chapters 3 to 5). 

• In the second part, metal bioavailability is investigated applying a 
bioaccumulation kinetics approach. Toxicokinetics studies have been used 
to provide a mechanistic understanding of the processes of uptake, 
elimination, and internal distribution of metals in the test organisms (see 
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Figure 1 in Chapter 6). Metal kinetics to soil organisms has been studied in 
the literature by several authors (e.g., Janssen et al., 1991). An extensive 
introduction to metal toxicokinetics in soil organisms is elaborated in a 
review of the literature (Chapter 6), while experiments on the toxicokinetics 
of metals in the test organism are presented in Chapters 7 to 10. 

Finally, the BLM and toxicokinetics approaches are linked to each other in the last 
chapters of this PhD thesis (Chapters 10 and 11).  

 

Figure 1. Schematic description of different elements of metal bioavailability. Two 
different aspects of bioavailability can be defined: environmental availability and 

environmental bioavailability. Also shown is toxicological bioavailability which 
relates to the interaction of a metal with the site(s) of action inside the organism. 

The Figure was modified from Semple et al. (2004) and Lanno et al. (2004). 
 
2. Aim and research questions  
The main aim of this PhD thesis was to assess factors controlling metal 
bioavailability to the soil-dwelling invertebrate F. candida. 
To address this main aim, several sub-questions were asked:  
 
Question 1: Is it possible (relevant and suitable) to use a simple exposure medium 
with controlled experimental conditions to simulate the role of soil pore water as the 
main exposure route for F. candida (Chapters 3 and 4)? 
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Question 2: Do calcium ions and protons interact with free copper and cadmium 
ions to bind to the organism body and do they affect metal uptake and toxicity in 
test solutions (Chapters 3, 4, 5, and 7)? 
 
Question 3: Is it possible to develop a BLM for cadmium and copper toxicity to F. 
candida under controlled experimental conditions (Chapters 3 and 4)?  
 
Question 4: How consistent are the derived BLM parameters with literature data for 
soil and aquatic organisms (Chapters 2, 3, and 4)?  
 
Question 5: Is there a good relationship between internal copper and cadmium 
concentrations and the free metal ion activities in test solutions and between 
survival of the animals and metal uptake or free ion activities upon a fixed exposure 
time (Chapters 3, 4, and 5)?  
 
Question 6: Does time have an effect on the results of uptake and toxicity tests 
with cadmium and copper using different simulated soil solution compositions 
(Chapters 5 and 8)?  
 
Question 7: What effect does pH have on the toxicokinetics of cadmium and 
copper in F. candida exposed in pH-amended natural soils (Chapters 9 and 10) or 
in solutions (Chapter 7)? 
  
Question 8: Is it possible to use a toxicokinetics approach to estimate cadmium 
and copper binding constants to the biotic ligand sites of F. candida and provide an 
integrated approach to study metal bioavailability (Chapters 10 and 11)? 
 
3. Approaches 
3.1. Exposure medium 
Understanding metal bioavailability requires studying metal uptake and toxicity. 
Special attention is needed when considering metal bioavailability in soil systems. 
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This is due to the fact that soil porewater composition is affected by physical-
chemical properties of the solid phase. To find a relationship between these 
properties, which also determine the accumulation and effects of metals in soil 
organisms, performing tests with different experimental set-ups using simple or 
complex designs is necessary. For that reason, toxicity of cadmium and copper 
was investigated using simple test media, in particular solution-only exposures, in 
order to simulate soil pore water. Since soil is a complex system, studying 
bioavailability and unraveling the different factors involved is complicated. It 
therefore would be desirable to simplify the system by ruling out the complexity of 
metal interactions with soil particles. This might be done by using a simulated soil 
solution, which in case of F. candida may be applicable as this animal may be able 
to survive even on a water surface. In this thesis, such solutions have been used, 
either as such or embedded in a sand matrix (Chapters 3, 4, 5, and 7). 
For each test solution, composition was changed univariately, meaning that each 
experimental set differed in e.g., calcium concentration (Chapters 3, 4, and 5) or 
the concentration of different cations (Chapter 5). Solution pH was then varied to 
determine its effect on the uptake and toxicity of cadmium and copper while 
calcium concentrations remained constant (Chapters 3 and 4). Calcium and pH 
have been shown to affect toxicity of metals more than other cations and (soil) 
solution physical-chemical characteristics. Therefore, the same approach was 
applied to assess the combined effects of calcium and pH in a toxicokinetics study 
(Chapter 7). To increase realism, exposures were also performed in test solutions 
embedded in inert quartz sand (Chapter 8). Finally, a natural standard soil (LUFA 
2.2) was used as a more relevant exposure medium to enable extrapolation of 
laboratory data to field conditions (Chapters 9 and 10).  
 
3.2. Relationship between approaches  
In most chapters of this thesis, a link between environmental availability and 
environmental bioavailability was applied considering different environmental 
factors affecting metal bioavailability. For that purpose, metal bioaccumulation and 
toxicity were measured after fixed exposure times. In Chapters 5 and 8, a 
toxicodynamics approach was applied to link these two concepts with “internal 
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bioavailability” or “toxicological bioavailability” which is associated with metal 
distribution within the organism body and with adverse effects (Peijnenburg et al., 
1997; Lanno et al., 2004) (see also Figure 1).  
Considering the effect of time on metal bioavailability, a toxicokinetics approach 
was applied to study copper and cadmium bioavailability to F. candida. In these 
experiments, metal bioaccumulation was measured by sampling animals at 
different exposure times. Uptake and elimination rate constants for both metals 
were calculated and metal bioavailability was related to soil solution characteristics. 
The effect of pH as the main factor influencing metal bioavailability was 
investigated in these experiments (Chapters 7, 9, and 10). Since the internal 
bioavailability or toxicological bioavailability concept is a better indicator for metal 
bioavailability, a combined approach may offer better understanding of the 
relationship between metal accumulation and observed effects in the test 
organism. Therefore, toxicokinetics and toxicodynamics approaches were 
combined to explain the bioavailability of metals using different exposure media 
with different compositions (Chapters 5 and 8).  
 
4. Outline of the thesis 
In this section, a brief summary is given of the approaches taken in each chapter of 
the thesis. 
 
4.1. Biotic ligand modeling 
In Chapter 2, the literature on the development of the biotic ligand modeling (BLM) 
approach to study metal bioavailability is reviewed, with emphasis on its application 
to soil organisms. Internal mechanisms attributed to the interaction of metals with 
the binding sites of the biotic ligand surface are summarized. Using a BLM 
approach, estimated conditional binding constants are compared for metals in 
different organisms. A classification of metals and organisms based on binding 
constants estimated in different studies and the effect of pH on the relationship 
between metal toxicity and binding constants are also given.  
In Chapter 3, a simulated soil solution is used to see if it is a relevant metal 
exposure medium for the development of a BLM for collembolans, and if so, to 
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determine the influence of calcium and pH, two main factors shown to affect metal 
toxicity, on cadmium uptake and toxicity in F. candida.  
In Chapter 4, the effect of different calcium concentrations and pH levels on the 
uptake and effects of copper in F. candida is determined, using solution-only 
exposures. A BLM approach is used to estimate conditional binding constants for 
copper, calcium, and protons to the binding ligands on the animals. 
In Chapter 5, survival of F. candida after seven days exposure to copper in two 
different simulated soil solutions is investigated by assessing bioaccumulation and 
development of toxicity with time (toxicodynamics). Moreover, the effect of calcium 
and pH on toxicity-time relationships for copper and cadmium is assessed. 
 
4.2. Toxicokinetics 
In Chapter 6, a review of the literature on toxicokinetics studies to assess metal 
bioavailability to soil organisms is given. This review examines the use of 
toxicokinetics models, derived uptake and elimination rate constants and the 
effects of soil properties on metal kinetics in soil invertebrates. 
In Chapter 7, the uptake kinetics of copper in F. candida is assessed applying 
exposures in simulated soil solutions. In addition, the effect of pH and calcium as 
major external factors affecting the availability of copper in the test solutions is 
investigated.  
In Chapter 8, cadmium bioavailability to F. candida is studied applying a combined 
toxicokinetics-toxicodynamics approach. Animals are exposed in a test solution 
embedded in inert quartz sand and survival and cadmium bioaccumulation are 
monitored at different points in time. Toxicokinetics parameters for cadmium 
bioaccumulation are calculated and survival-time and LC50-time relationships are 
investigated.  
In Chapter 9, copper uptake and elimination kinetics in F. candida is determined in 
order to understand the effect of soil pH on copper bioavailability. The animals are 
exposed to copper in pH-amended LUFA 2.2 soils at pH 4.5, 5.5, and 6.5.  
In Chapter 10, the effect of soil pH on the uptake and elimination kinetics of 
cadmium in F. candida is studied, also using pH-amended natural LUFA 2.2 soils 
at pH 4.5, 5.5, and 6.5. Cadmium bioaccumulation is related to soil properties 
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considering total soil, water or 0.01 M CaCl2 extractable and porewater 
concentrations. The effect of pH on cadmium bioaccumulation is evaluated using a 
BLM approach taking into account the possible competition between protons and 
cadmium ions in the soil solution. BLM parameters are derived and metal 
bioavailability is investigated by linking toxicokinetics with biotic ligand modeling. 
Chapter 11 summarizes and integrates the results described in the different 
chapters. 
 

 

Figure 2. Schematic overview of the contents of this PhD thesis that uses different 
approaches for assessing metal bioavailability to Folsomia candida, indicating the 

relationship between approaches applied in different chapters (BLM = Biotic Ligand 
Model, TK =Toxicokinetics, Ch = Chapter). 
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A review of the biotic ligand modeling approach: metal bioavailability 
and toxicity based on solution chemistry 

 
 
 
Abstract 
The biotic ligand model (BLM) is a theoretical, potentially mechanistic approach to 
assess metal bioavailability in soil and aquatic systems. In a BLM, toxicity is linked 
to the fraction of biotic ligand occupied, which, in turn, depends on the various 
components of the solution, including activity of the metal. Bioavailability is a key 
factor in determining toxicity and uptake of metals in organisms. In this paper, the 
present status on BLM development for soil and aquatic organisms is summarized 
including the physical-chemical properties of the medium that influence kinetics 
and toxicity. Conditional biotic ligand binding constants for metals were compared 
across species. For almost all organisms, values for Ag, Cu, and Cd were higher 
than those for Zn and Ni. pH appeared to be one of the main factors affecting the 
binding of metals to the biotic ligand. The constants derived for aquatic systems 
seem to be equally valid for soils, but in the case of soils, bioavailability from the 
soil solution is greatly influenced by the presence of solid phases. 
 
 
 
 
Masoud M. Ardestani, Nico M. van Straalen, Cornelis A. M. van Gestel 
Submitted 
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1. Introduction 
Anthropogenic activities such as mining and smelting have resulted in widespread 
contamination with metals in terrestrial and aquatic ecosystems. Metal 
contamination is a potential risk for organisms living in soil (Thakali et al., 2006b). 
Current environmental risk assessment criteria for soil are based on total metal 
concentrations. However, the total metal concentration is not a good predictor of 
metal toxicity since other soil and water properties such as pH, presence of major 
cations, and organic matter content influence the bioavailability of metals (De 
Schamphelaere and Janssen, 2002; Lanno et al., 2004; Bradham et al., 2006; 
Daoust et al., 2006; Hobbelen et al., 2006; Spurgeon et al., 2006; Thakali et al., 
2006a; Lock et al., 2006; Smith et al. 2010b). Therefore, for assessing the 
bioavailability of metals in soil, it is suggested to use the available fraction of metal 
(free metal ion) in the soil solution or pore water as a predictor of metal 
bioavailability and toxicity (Peijnenburg, 2002; Lock and Janssen, 2003, Lanno et 
al., 2004).  
Zitko et al. (1973) and Zitko (1976) were the first to emphasize the importance of 
dissolved organic matter in mitigating the toxicity of metals to fish, and the effect of 
water hardness (Ca and Mg) to compete with the free metal ions for binding to the 
biotic ligand (BL) sites of the organism. Later, a chemical equilibrium-based model 
(FIAM, see below) was applied to explain the effect of water chemistries on the 
activity of free metal ions in the medium (Pagenkopf et al., 1974). These studies 
emphasized the importance of the free metal ion, thereby constructing the basic 
concept of the relationship between water chemistries and metal speciation for 
explaining metal toxicity to aquatic organisms. According to the free ion activity 
model (FIAM), toxicity is related to the concentration of metal present in the 
medium as a free metal ion species (Men+) (Morel, 1983b; Campbell, 1995). Other 
cations such as Mg2+, K+, Ca2+, Na+ and H+ can compete with free metal ions to 
bind to the BL sites and thus decrease toxicity (e.g., Santore et al., 2001).   
The gill surface interaction model (GSIM) was developed to assess toxicity of 
metals at the gill surface. The gills were assumed to present the BL site of action in 
freshwater fish (Pagenkopf, 1983). This chemical equilibrium-based model 
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considered both complexation of inorganic ligands with free metal ions and 
competition of other cations with free metal ions at the fish gill surface. In this 
model, toxicity of single and metal mixtures was considered. Playle et al. (1992, 
1993a, b) used this model to explain the difference in gill metal accumulation over 
a range of water chemistries. Their results showed that cations in the solution 
compete for a limited number of binding sites at the gill surface, thereby affecting 
the degree of metal accumulation. They also evaluated binding site density of the 
gill and estimated the conditional binding constants for metal binding to the BL 
sites, which were then incorporated in chemical equilibrium-based models (Playle 
et al., 1992; Playle, 1998). 
Campbell et al. (2002) revised the FIAM description to the point that “according to 
FIAM and its derivative BLM (see below), the biological response elicited by the 
metal will be proportional to M-X-Cell”. In this framework M-X-Cell is the complex of 
a metal with the biotic ligand. Chemical equilibrium-based biotic ligand models 
(BLMs) have been developed as a useful tool for predicting the effects of water 
chemistries on the bioavailability and speciation of metals in aquatic systems (Di 
Toro et al., 2001, Santore et al., 2001). Acute toxicity is the function of both metal 
affinity for the BL and the number of ligand sites on the organism’s membrane 
occupied by the metal (Di Toro et al., 2001; Niyogi and Wood, 2004a). BLMs 
explicitly consider metal speciation and competitive binding of protective cations to 
the BL sites (Di Toro, et al., 2001; Niyogi and Wood, 2004a). 
BLMs provide a quantitative framework for assessing metal toxicity over a range of 
hardness, pH and dissolved organic carbon (DOC) levels (Paquin et al., 2000). 
They predict metal accumulation and toxicity based on metal concentrations, 
competition, and complexation processes in solution. BLMs show how metal 
toxicity is mitigated by competition of the free metal ion with other cations for 
binding to the BL sites (Schroeder et al. 2010) and complexation of the free metal 
ion with organic and inorganic phases (Pagenkopf, 1983; Playle, 1998; Paquin et 
al., 1999; McGeer et al., 2000; Santore et al., 2001; De Schamphelaere and 
Janssen, 2002; Gillis et al., 2010). De Schamphelaere and Janssen (2004b) 
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mentioned that developing a BLM requires detailed knowledge of metal speciation 
and physiochemical processes in solution.  
Regarding the main concept of the BLM and the site of action of metals (e.g., fish 
gill), the interaction of metals and other cations at the BL surface is very important 
for better understanding of metal toxicity in aquatic organisms. For this reason, 
Paquin et al. (2002b) developed a physiologically-based BLM to consider the 
effects of water chemistry factors not only on bioavailability and toxicity of metals to 
aquatic organisms, but also on the physiological status of the organism. The main 
BLM does not explicitly predict the physiological effects of metals on aquatic 
organisms and does not consider direct effects of water chemistry factors on their 
physiology. In the physiologically-based models, BL sites on the gill membrane 
(surface), having negatively charged proteins, are assumed the same targets for 
positive ions such as the free metal ions and other cations as the other dissolved 
ligands in solution. Moreover, electrical potential at the gill plasma membrane 
influences the activity of the free metal ion as well as its transport across the 
membrane of the biotic ligand (Kinraide, 2006; Wang et al., 2011). 
Originally, the BLM concept was developed to model acute toxicity of metals to 
aquatic organisms (McGeer et al., 2000; Di Toro et al., 2001; Santore et al., 2001; 
De Schamphelaere and Janssen, 2002; Paquin et al., 2002a; Heijerick et al., 
2002a; Santore et al., 2002). In these studies, toxicity of different metals to fish and 
daphnid species and the influence of different water chemistries on metal toxicity 
was investigated. Acute BLMs were also developed for other organisms such as 
euryhaline crustaceans and green algae (Heijerick et al., 2002b; Bianchini et al., 
2004). Hatano and Shoji (2010) emphasized that metal toxicity is strongly 
dependent on exposure time, which therefore should be considered in developing 
a BLM. Also chronic BLM models have been developed for predicting metal toxicity 
to aquatic organisms (Bianchini and Wood, 2002; McGeer et al., 2002; Brauner 
and Wood, 2002; Ward and Kramer, 2002). But, so far, chronic BLMs are not 
completely validated as a routine tool for predicting metal accumulation and toxicity 
(Schroeder et al., 2010). 
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A number of studies in the literature applied BLMs relating metal toxicity to 
accumulation in entire organisms or for instance, a specific organ (fish gill) as the 
site of metal accumulation. In the latter studies, toxicity is related to the metal 
accumulation in specific site of action of the organism. Few studies focused on 
metal accumulation at cellular levels and tried to link toxicity to the metal 
accumulation in cells. For instance, these studies considered application of BLMs 
to algae (e.g., Bell et al., 2002; Heijerick et al., 2002b; Campbell et al., 2002). Also, 
measuring the proportion of other metal-inorganic ligand complexes in specific 
cellular fractions would be very useful. This gives more information about metal 
uptake through cellular membranes. 
In addition to BLMs applied for aquatic organisms, BLMs have been developed to 
predict metal toxicity to organisms living in sediment and soil. For sediment, few 
BLMs are reported in the literature (e.g., Ankley et al., 1996). For soil, already 
several terrestrial BLMs (t-BLMs) have been developed for predicting toxicity of 
metals (e.g., Steenbergen et al., 2005; Antunes et al., 2006; Thakali et al., 2006a, 
b; Lock et al., 2007a-c; Li et al., 2008, 2009a, b). Figure 1 gives a schematic 
overview of a t-BLM for soil-living organisms.  
The t-BLMs are mainly based on the soil porewater hypothesis or equilibrium 
partitioning concept, which assumes that metal concentration in the soil pore water 
(aqueous fraction of soil) is determining the effect on soil organisms (Van Gestel et 
al., 1995; Van Gestel, 1997). This hypothesis assumes that the main uptake route 
for soil organisms is from soil pore water. Toxicity of metals to soil organisms such 
as collembolans and earthworms is related to the free metal ion activity in soil 
solution, which in turn is influenced by soil characteristics (e.g., Lanno et al., 2004). 
For instance, pH (protons) affect(s) metal toxicity (e.g., Thakali et al., 2006 a, b; 
Erickson et al., 1996; Meyer et al., 1999). However, no effect of pH was reported in 
other studies (De Schamphelaere and Janssen, 2002; Markich et al., 2003; Lock et 
al., 2007b; Wang et al., 2009; Li et al., 2009a). This suggests that the effects of soil 
properties and water chemistries can be metal-specific, and the relationships 
between toxicity and soil properties or soil solution composition greatly depend on 
experimental conditions. 
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Regarding the effect of physical-chemical parameters, soil is a complex system 
with factors such as organic matter content and clay particles influencing free metal 
ion activities. Better prediction of metal toxicity in t-BLMs for soil organisms may be 
possible using an aqueous solution, simulating soil pore water (see e.g., 
Steenbergen et al., 2005; Lock et al., 2006; Li et al. 2008, Ardestani and van 
Gestel, 2013c; Ardestani et al., 2013a, b; Ardestani and van Gestel, 2014; 
Ardestani et al., in press). A number of studies have been reported in the literature 
using a BLM approach for predicting metal toxicity to plants (Lock et al., 2007a-c; 
Antunes, et al., 2007; Luo et al., 2008; Antunes and Kreager, 2009; Wang et al., 
2010a; Wu and Hendershot, 2010a-c). In all of these studies, the developed BLMs 
aim at describing the effect of soil porewater composition or soil properties on 
metal toxicity. 
Since BLMs assume that metals accumulated at the BL surface are causing the 
adverse effects, BLMs have recently been applied in combination with 
bioaccumulation kinetics models (Veltman et al., 2010; Ardestani and van Gestel, 
2013b). These models, relating effects to metal uptake, may provide a better 
explanation of metal bioavailability. Worms et al. (2006) discussed that equilibrium-
based models, like FIAM and BLM, have been developed to describe metal 
bioavailability in environmental systems, despite the fact that the environment is 
dynamic and rarely at equilibrium. They noticed that biological (transport across 
membrane), chemical, physical (diffusion), and physiological reactions at/or near 
the site of action of metals (biological interface) in the organisms should be taken 
into account.  
Other models have also been developed to explain metal toxicity to organisms. For 
instance, Son et al. (2009) used a response-surface model (RSM) for predicting 
chronic toxicity of Cd to Paronychiurus kimi (Collembola). The authors assessed 
the effects of organic matter and pH on the toxicity of Cd to the test animals in 
artificial soil. In another study, Wang et al. (2010b) showed that the electrostatic 
nature of a plant cell membrane plays an important role in ionic interactions at the 
binding site(s), with any increases in major cation concentrations in bulk medium 
causing a reduction in the negativity of cell membrane surface and consequently 
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increasing the metal ion power to cross the cell membrane. All BLMs predict 
toxicity of an individual metal to the organism, however, BLMs may also consider 
the toxicity of metals in mixtures (e.g., Le et al., 2013).  
The aim of this review is to summarize comprehensively the developments on the 
biotic ligand modeling approach to assess metal bioavailability in soil and aquatic 
systems taking into account the influence of soil properties and water chemistries. 
Furthermore, binding constants for metals and internal mechanisms at the BL sites 
of the organism are studied to gain insight into the relationship between metal 
toxicity and bioavailability. We also aim to link terrestrial and aquatic BLMs 
assuming that the same chemical laws hold for both systems. 
 
2. BLM and internal mechanisms, interactions between cations at the BL sites 
BLMs predict toxicity of metals and link it to the amount of metal (toxic cations) 
bound to the BL sites of the organism (see e.g., Thakali et al., 2006a, b). Assuming 
that the free metal ion is the main species causing the adverse effects when bound 
to the physiologically active binding sites at the BL surface of the animals, other 
cations compete with the free metal ion to bind to the BL sites (e.g., Di Toro et al., 
2001). This is the result of the complex interactions at the water-organism interface 
between cations, including metal and other cations, affecting metal-binding 
efficiency to the BL sites. Because only a limited number of binding sites is 
available at the surface of biotic ligands of organisms (e.g., on the surface of a fish 
gill), these interactions affect the degree of metal accumulation. Using conditional 
binding constants, as parameters incorporated into chemical equilibrium modeling, 
it is possible to predict the strength of the interactions and interactive effects 
between cations (including toxic metal ions) that lead to metal accumulation on the 
BL sites (Playle et al., 1993a, b; Janes and Playle, 1995).  
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Figure 1. Schematic pattern of a terrestrial biotic ligand model (t-BLM) for 
predicting toxicity of metals to soil invertebrates, here represented by the springtail 
Folsomia candida. The free metal ion is the bioavailable fraction of metal, and its 

activity is influenced by other factors in the soil solution (pore water). These factors 
are classified in two groups: Competition and complexation factors. Competition 
factors such as different cations compete with the free metal ions to bind to the 

biotic ligand sites of the organism. Complexation factors such as dissolved organic 
carbon (DOC) and other metal species (and may be anions) present in pore water 
bind to the free metal ions, thereby reducing their availability in the system. Also, 
the soil solid phase should be taken into account when studying bioavailability of 

metals. Negatively charged particles such as clay will have a high tendency to bind 
to cations in the soil solution including the free metal ion. 

 
The binding of metals to fish gills has been shown to take place at very specific 
sites. For instance, McDonald et al. (1989) showed that metal ions interfere with 
the ability of organisms to regulate both ion uptake and efflux across the gills. To 
maintain osmotic homeostasis, organisms need to take up essential electrolytes 
(Na+, Ca2+, Cl–) from the pore water in soil or from bulk water. Metals can interrupt 
the uptake of these essential ions, causing adverse effects to the organism. On the 
basis of their disturbance of ion uptake, metals can be classified in different 
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categories (Paquin et al., 2002a; Niyogi and Wood, 2003, see Figure 2). 
Monovalent metal ions such as Cu+ and Ag+ disrupt the uptake of Na+ and Cl– 

directly at transport sites (active uptake site of Na+) by inhibiting Na+/K+-ATPases. 
Divalent metals such as Cd and Zn disrupt Ca2+ uptake directly at transport sites 
(at the apical gill surface, Playle et al., 1993b; Paquin et al., 2002a). Cu2+, as a 
divalent metal, is probably reduced to Cu+ which acts in the same way as Ag+ for 
transport across biological membranes. At higher concentrations, Cu and Ag can 
also affect the efflux (ion loss) of Na+ and Cl– by disruption of gill epithelial integrity 
(Paquin et al., 2002a). Other metals such as Ni and Al increase diffusion distance 
resulting in problems with gas transfer, thereby compromising the ability of gills to 
take up O2 and excrete CO2. Ni was shown to act as a respiratory toxicant in fish 
rather than a gill ionoregulatory toxicant. Other metals such as Hg and Pb are 
transported across the gill and act further in the body (Playle et al., 1989, Paquin et 
al., 2002a). In contrast to Paquin et al. (2002a), Verbost et al. (1989) reported that 
Cd2+ enters the chloride cells in fish gills through apical Ca2+ channels; once 
internalized, Cd blocks Ca uptake by inhibiting the Ca2+-ATPase in the basolateral 
membrane. Niyogi and Wood (2003) reported both pathways for Cd and Zn, but 
just refer to the gill ionocytes where this interaction takes place. So, competition 
between Ca and Cd may occur at both sites (apical and basolateral). Grosell et al. 
(2002) added that Na can also be transported via H+-ATPase at the apical surface 
of gill membrane. But, it is not part of the physiological pathway for competing 
metals.  
These mechanisms of metal transport through the membrane surface or the BL 
sites of organisms can be related to the atomic radius and charge of the metal ions 
(Markich et al., 1994). For instance, since Ca and Cd have the same ionic charge 
and same atomic radius (approx. 1 Å), Cd2+ ions use the Ca2+ channel by which 
they can easily enter the cell. So, the competing effect between Cd and Ca is 
assumed to occur at the BL sites of the organism. Due to its larger atomic radius, 
Mg is less suited than Ca to be taken up through Ca channels, thereby having a 
lower binding affinity compared to Ca. For Ag, the key toxic sites for acute toxicity 
are the Na+/K+-ATPase molecules at the basolateral membrane of the gill 
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epithelium in fish (e.g., Bury et al., 1999b) and daphnids (e.g., Bianchini and Wood, 
2002). The ultimate mechanism of Ag toxicity may be blockade of Na+ apical 
channels in ionocytes, while the pathways by which Ag moves through the cytosol 
from the apical to the basolateral membranes and its exact effect on Na+/K+-
ATPase molecules still remain unclear. Both mechanisms lower the Na+ uptake 
across the gill, leading to ionoregulatory failure, and death of the animals. 
The addition of competing cations leads to a reduction in negativity of the surface 
of BL and this causes decreases in the activity of toxic cations (metals) at the BL 
surface as well as reduced transport of the metal ions across the membrane 
(Kinraide, 1998). Therefore, competing cations alleviate metal uptake and toxicity. 
Reduction of metal toxicity may be achieved by displacement of toxic metal cations 
by Ca2+ at the BL surface (Tyerman, 1997; Kinrade et al., 2004). But, these 
mechanisms are generally ion- and species-specific. Methods such as quantitative 
structure-activity relationships are described to integrate metal affinity for biological 
ligands in bioaccumulation and toxicity (Veltman et al., 2008).  
Metal binding at the fish gills was shown to disrupt transport of Ca and Na channels 
across the gill surface membrane (McDonald et al., 1989). For example, Ca and 
Mg can reduce toxicity of Cu to Daphnia magna. This effect could be explained by 
the fact that Ca (but not Mg) modified gill membrane permeability for free Cu ions 
(Markich et al., 1994). Also, the binding affinity to metal receptors at the cell 
membrane was stronger for Ca than for Mg (Hille et al., 1975). The protective effect 
of Mg to decrease Cu toxicity was suggested to be species-specific (De 
Schamphelaere and Janssen, 2002). Another example of the metal- and species-
specific effect of cations was the mitigating effect of protons on Cu toxicity to D. 
magna and Zn toxicity to alga. No mitigating effect of protons was observed for Zn 
toxicity to D. magna (De Schamphelaere and Janssen, 2002; Heijerick et al., 
2002a, b). Besides protective effects of protons by competing with the free metal 
ions for BL sites, a higher H+ concentration (e.g., pH < 5.5) was shown to directly 
inhibit active Na+ and Cl– uptake by freshwater fish gills (McDonald, 1983).  
In another study, higher levels of Ca resulted in a decrease in Na+ efflux from the 
fish gill. In this case, Ca acts as a stabilizer of tight junctions in the cell membrane, 
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thereby reducing diffusive loss of Na+ and Cl– ions. In this way, Ca as a competing 
cation protects against the toxicity of Cu to fish by minimizing reduction in plasma 
ion pools (Paquin et al., 2002a). Even low exposure concentrations of Cu and Ag 
resulted in disturbance of ionoregulatory processes (e.g., plasma Na+ reduction) in 
short-term exposure tests while a recovery in plasma Na+ levels was observed in 
chronic tests (Lauren and Wood, 1987). It should be noted that other Na+ pathways 
across epithelial gill membranes (as discussed above) might be disrupted. The loss 
of Na from plasma is one of the reasons for inducing acute Cu and Ag toxicity to 
fish. 
Different mechanisms for toxicity of metals have been reported in the literature. 
However, aquatic species were mainly used to study the mechanisms of cation-
ligand complexation. As mentioned before, for soil organisms metal uptake is 
assumed to be from the soil pore water. The uptake routes in terrestrial organisms 
may be more complex compared to aquatic species. Moreover, binding sites in 
terrestrial species still remain unknown. In plants, for instance, there is evidence for 
apoplastic pathways acting as biotic ligands (Antunes et al., 2006). This means that 
ions diffuse into the apoplast (i.e., the cell wall plus the Donnan-free space) of the 
root epidermis before diffusing into the cell cytoplasm (symplast), or in some cases 
being taken up by specific ion channels, and being attracted by the plant 
transpiration stream, which also occurs completely within the boundaries of the 
apoplast. More research is needed to clarify site(s) of actions for metals in soil 
organisms and interactions between cations at the surface of biotic ligands. 
 
3. BLM and modeling approach 
BLMs include models for uptake of metals from the medium (e.g., Playle, 1988; Li 
et al., 2009b; Ardestani et al., 2013a, b) and for toxicity of metals (e.g., De 
Schamphelaere and Janssen, 2002; Li et al., 2008). These two approaches are 
described separately below. 
 

http://en.wikipedia.org/wiki/Epidermis_%28botany%29
http://en.wikipedia.org/wiki/Cytoplasm
http://en.wikipedia.org/wiki/Ion_channels
http://en.wikipedia.org/wiki/Transpiration_stream
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Figure 2. Schematic pattern of the uptake sites at the biotic ligand of the organism 

e.g., at the gill epithelial cell of a freshwater fish (modified from Paquin et al., 2002a 
and Niyogi and Wood, 2003). Cationic metals can enter the cell by using different 
pathways employed by the cell to take up essential elements such as K, Ca, and 
Na. The upper part shows direct uptake sites for cations (apical gill surface) and 
the lower part the uptake sites across the epithelial cell membrane (basolateral 

membrane) metals can use when diffused inside cell. Na+ and Cl- can also leave 
the body via paracellular pathway. [Int = metals that act centrally] (see text for more 

explanation) 
 
3.1. BLM modeling based on uptake data 
In these models, being chemically equilibrium-based models, the amount of metal 
bound to the site(s) of action at the BL surface membrane is described as:  
 
{Men+} + [BLn–]  [Me-BL]  (1)  
 
and at equilibrium:  
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𝐾Me−BL = [Me−BL] 
{Men+} X [BLn−]

  (2) 

 
where [Me-BL] is the total concentration of metal bound to the BL sites (mol/kg dry 
body weight), {Men+} is the free metal ion activity (mol/L), [BLn–] is the concentration 
of free BL sites on the organism (mol/kg dry body weight), and KMe-BL is the 

conditional binding constant for binding of the metal to the BL sites (metal affinity, 
in L/mol). Using programs such as MINEQL (Westall et al., 1976), MINTEQA2 
(Brown and Allison, 1987), Visual Minteq (Gustafsson, 2007), and the Windermere 
Humic Aqueous Model (WHAM V; Tipping, 1994) metal speciation in solution is 
calculated. The result of these calculations is an estimation of the activity of free 
metal ions as well as the activities for other competing cations.  
Because of the negative charge of the BL sites on the organism and the presence 
of other cations in the solution (soil/water) competing with the free metal ion to bind 
to the BL sites, a maximum biotic ligand concentration of the BL sites can be 
considered at saturation:  
 
[Max-BL] = [BLn–] + [Me-BL] + ∑ [Cz+-BL]  (3) 

 
where [Max-BL] is the maximum concentration of binding sites on the organism 
(mol/kg dry body weight), and [Cz+-BL] is the concentration of other ‘protective’ 
cations (e.g., Ca2+, Mg2+, Na+, K+, H+) bound to the BL sites (mol/kg dry body 
weight). The summation is over all cations. 
Equations (1) and (2) can be applied for other cations present in solution 
competing with the free metal ions for the uptake sites on the organism. Then, by 
substituting Equation (3) by Equations (1) and (2) and after some rearrangement, 
the following equation can be derived: 
 
[Max-BL] = [BLn–] X (1 + KMe-BL X {Men+} + ∑ KCz+-BL X {Cz+})  (4) 
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where KCz+-BL is the conditional binding constant for other ‘protective’ cations 
(L/mol) and {Cz+} is the free cation activities (mol/L). Using a linear relationship 
between the concentration of metal accumulated in the body (shown as 
{Men+}/[Me-BL]) and the activity of free cations, the effective cations which have a 
significant influence on metal uptake are incorporated in Equations (3) and (4). 
In the next step, usually Langmuir isotherms are used to describe the adsorption of 
metals to the BL sites of the organism and to estimate the conditional binding 
constants. Accurate determination of these binding constants is critical to the 
successful application of the BLM approach. Therefore, any factor influencing 
these constants would have major implication for BLMs (Niyogi and Wood, 2003). 
The following Langmuir isotherm equation is used to obtain a mechanistic 
relationship between metal accumulation on the BL sites and the activity of free 
metal ions in solution:  
 

[Me − BL]  = 𝐾Me−BL X {Men+} X [Max−BL]
1 + 𝐾Me−BL X {Men+}   (5) 

 
Estimates of KMe-BL (shown as log K values) and [Max-BL] are obtained by fitting 
the Langmuir isotherm to the accumulation data. In case other effective cations are 
present, the Langmuir isotherm can be extended to read: 
 

[Me − BL]  = 𝐾Me−BL X {Men+} X [Max−BL]
1 + 𝐾Me−BL X {Men+}+ ∑ Cz+−BL X {Cz+}  (6) 

 
Using Equation (6), conditional binding constants for the ‘protective’ cations can be 
calculated. The estimated log K values show the strength of each metal/cation to 
bind to the BL sites. Li et al. (2009b) used Equation (6) to predict internal metal 
concentrations in a specific organism for any given substrate composition when the 
binding constants are known, which is in agreement with Niyogi and Wood (2003). 
Li et al. (2009b) applied a multi-variable linear regression to calculate the binding 
constants while Ardestani et al. (2013a, b) used a double reciprocal version of the 
Langmuir isotherms (Lineweaver-Burk plot) to allow estimation of conditional 
binding parameters by simple linear regression. 
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In the final step of BLM modeling, the predicted metal accumulation is related to 
measured accumulation data, considering the influence of other cations competing 
with the free metal ions for the uptake sites on the organism.  
To relate effects (e.g., survival of the organism) to metal accumulation, often a 
logistic model (Haanstra et al., 1985) is applied: 
 

R =  R0
1 + ( 𝑓

𝑓50
)β

  (7) 

 
where R is the survival of animals after a certain exposure time, R0 is the control 
survival, β is the slope of the dose-response relationship, ƒ (unitless) is the fraction 
of occupied uptake sites on the organism calculated as [Me-BL]/[Max-BL], and ƒ 50 

is the fraction of occupied uptake sites at which 50% effect is observed. Using 
Equation (7), survival of the organism is related to the fraction of BL sites occupied 
by metals causing the effects. The relationship between survival and metal 
concentrations could be improved when relating survival to ƒ values instead of total 
metal concentrations or free metal ion activities (see e.g., Thakali et al., 2006a, b). 
Dividing Equations (2) and (4) for the substitution of ƒ with all BLM parameters 
estimated above, Equation (7) can be rearranged and rewritten as: 
 

R = R0

 1 + ( 𝐾Me−BL X  �Men+�
𝑓50 X (1 +  𝐾Me−BL X  �Men+� + ∑ Cz+−BL X �Cz+�) )

β
  (8) 

 
Using Equation (8), and incorporating conditional binding constants derived from 
accumulation data (e.g., Thakali et al., 2006a, b; Ardestani et al., 2013a, b), the ƒ 50 
value can be estimated.  
 
3.2. BLM modeling based on toxicity data 
An alternative approach is BLM modeling based on toxicity data. This method was 
proposed for determining metal binding constants primarily in D. magna (De 
Schamphelaere and Janssen, 2002; De Schamphelaere et al., 2002; Heijerick et 
al., 2002a). In this approach, metal-binding constants are derived solely from 
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toxicity data, using the same fundamental assumption that mortality occurs when 
metal binding at the site of action reaches a critical level. Again, any factor 
influencing metal binding constants would have major implications for the BLM 
approach (Niyogi and Wood, 2003). 
Equations (1)-(4) originally derived for BLM-based uptake modeling can also be 
used for toxicity modeling. Following Playle et al. (1992), it may be assumed that 
the number of binding sites at the BL is limited. Toxicity may be assumed to occur 
when a critical fraction of this limited number of sites is occupied. The fraction of BL 
sites occupied can be obtained by rearrangement of Equations (2) and (4) to:  
 

ƒ = [Me−BL]
[Max−BL]

 = 𝐾Me−BL X {Men+} 
1 + 𝐾Me−BL X {Men+}  (9) 

 
In case of the presence of other cations, Equation (9) can be rewritten as follows: 
 

ƒ = [Me−BL]
[Max−BL]

 = 𝐾Me−BL X {Men+} 
1 + 𝐾Me−BL X {Men+}+ ∑ Cz+−BL X {Cz+}  (10) 

 
Metal toxicity (usually expressed as LC50Men+ or EC50Men+) is related to the activity 
of free metal ions in solution. Therefore, only competing cations which have 
significant effects on metal toxicity are accounted for in Equation (10). Using this 
equation for calculating the fraction of BL sites occupied by all cations, the ƒ value 
is assumed to be independent of organism biomass (see e.g., Thakali et al., 2006a, 
b).  
The fraction of metal binding sites at which 50% effect is observed (ƒ 50),  is 
assumed to be constant and independent of water chemistry characteristics (Meyer 
et al., 1999). The value for ƒ 50 can be derived from Equation (10) as: 
 

ƒ 50 = 𝐾Me−BL X {LC50 Men+}
1 + 𝐾Me−BL X {LC50 Men+}+ ∑ Cz+−BL X {Cz+}  (11) 

 
where LC50Men+ is the free metal ion activity (mol/L) resulting in 50% reduction in 
survival of the test organism after a certain exposure time. So, LC50Men+ can be 
obtained by rearrangement of equation (11) as follows: 
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LC50Men+ = 𝑓50
(1− 𝑓50) X 𝐾Me−BL 

 X ( 1 + ∑ KCz+-BL X {Cz+})  (12) 

 
By relating LC50Men+ to the activity of each individual ‘protective’ cation, with the 
activities of the other cations being constant, a linear regression is obtained (see 
e.g., Li et al., 2008). Then, values for the binding constants of cations can be 
calculated from the slopes and intercepts of these regression relationships 
(Equation (12)) using matrix calculation (see De Schamphelaere and Janssen, 
2002). The value for the metal binding constant is derived by the best fit between 
the logit of survival and the fraction of occupied BL sites (e.g., De Schamphelaere 
and Janssen, 2002). To facilitate estimation of log KMe-BL, some authors used a 
fixed ƒ value (e.g., Thakali et al., 2006a ,b). Good estimates of log KMe-BL and ƒ 50 
are important, because they may provide a better understanding for the 
relationship between metal toxicity and bioavailability (De Schamphelaere and 
Janssen, 2002). 
To evaluate the BLM model, Equation (12) is also used to predict effects. Predicted 
LC50Men+ values are then plotted against measured values (e.g., measured 
survival) (see e.g., De Schamphelaere and Janssen, 2002; Lock et al., 2007b, c; Li 
et al., 2008; Thakali et al., 2006a, b) and a statistical test is used to validate or 
invalidate the model.     
 
4. BLM and binding constants 
Metal toxicity is directly linked to the affinity of metals for biological ligands (Seregin 
and Kozhevnikova, 2006). The primary lesion of a metal is a direct consequence of 
binding to a physiologically active site at the immediate proximity of a biological 
surface (Worms et al., 2006). Indirect biological responses, which are often 
observed, are a consequence of trafficking of metals through the cell, binding to 
other targets, and inducing a number of protective as well as damaging 
mechanisms such as oxidative stress. Direct responses occur immediately upon 
binding of the metal to the BL, while indirect responses may take longer time as 
they involved effects on the physiology of the organisms.  
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In general, the greater the log K of a particular metal (affinity = log K) the more 
severe its toxicity will be (Niyogi and Wood, 2004a; Niyogi et al., 2008). Differences 
in toxicity between metals may be observed, even if metals bind to the same 
binding sites (Paquin et al., 2002a; Niyogi and Wood, 2003). Despite the fact that 
theory assumes that binding constants are a property of the metal and the ligand 
only, and that toxicity is determined by the fraction of the ligand occupied, 
considerable variation is observed in practice. Lock et al. (2006) mentioned that 
differences in binding constants among metals may also be attributed to different 
exposure durations, different test endpoints (survival vs. accumulation), different 
target tissue or biotic ligand (fish gill vs. unknown BL for a terrestrial invertebrate), 
and/or different mechanisms of uptake and toxicity. 
 
4.1. Binding constants in different organisms 
Tables S1-S5 (Supporting Information) show an overview of experimental 
conditions including metal salts used, metal exposure concentrations, test 
endpoint, test medium, exposure duration, and physical-chemical parameters of 
exposure media. Tables 1-5 summarize binding constants estimated for a variety of 
metals using different test organisms. Also shown are binding constants estimated 
for other cations and other organic/inorganic ligands in the medium (e.g., 
hydroxide, natural organic matter). 
 
4.1.1. Plant species 
Figure S1 (Supporting Information) shows the relationship between metal toxicity 
and metal affinities for different plant species. Toxicity is shown as EC50{Men+} in log 
units of the activity of free metal ions in exposure solutions (µM); the conditional 
binding constants for each metal (log K) are in L/mol. The values are taken from 
the same study. Niyogi and Wood (2004a) used only few values and they were 
taken from different studies. Initially we summarized the values for barley 
(Hordeum vulgare) separate from the other species since the data set of barley is 
the most extensive. Then, the data on other plant species were added in a joint 
analysis. Tables S1 and 1 show an overview on experimental setups employed to 
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assess toxicity of metals to plants and the reported conditional binding constants, 
respectively. The endpoint of toxicity tests was root elongation. 
In Figure S1, the EC50{Men+} values are the average values from all toxicity sets. 
Generally, different experimental sets such as Ca-, Mg-, Na-, K-, and pH-sets were 
used to assess the effect of each cation on metal toxicity. The log K values show 
the strength of metal and cations binding to the BL sites of the plants (Table 1). 
Only log KMe-BL values are used in Figure S1. For example, Cu shows higher 
binding affinities for the BL sites of barley than other metals (Figure S1). The 
strength of metal binding (log K) to barley roots decreased in the order: Cu > Ni > 
Co > Zn.  
Different log K values are reported in the literature for the toxicity of Ni to barley. 
However, two lower conditional binding constants for Ni (Figure S1) are from 
toxicity tests on barley in field soils (Thakali et al., 2006a, b) and in solution 
(Antunes and Kreager, 2009). The free Ni ion activity in soil is influenced by other 
factors such as soil organic matter (Thakali et al., 2006a) or dissolved organic 
matter in the soil pore water. In addition to this effect, dissolved organic matter can 
directly bind to the BL sites of the organism and change the BL properties 
(Steinberg et al., 2006). This can increase the uptake rate of essential elements 
(e.g., Na+), inhibit ion loss, and change the BL permeability (Steinberg et al., 2006; 
Matsuo and Val, 2007; Galvez et al., 2009; Wood et al., 2011; Al-Reasi et al., 
2013). In this way, dissolved organic matter moderates the effects of metals on the 
BL sites and protects organism against metal toxicity. Therefore, a reduction in the 
affinity of Ni for binding to the BL sites of the plant roots in Thakali et al. (2006a) 
might be explained. However, for soil organisms this fact awaits further 
investigation. In the study of Antunes and Kreager (2009), the lower log K value 
estimated for Ni was linked to higher affinities for Ca and Mg compared to other 
studies (e.g., Lock et al., 2007c; Li et al., 2009a; see Table 1). The reason for this 
remains unclear, although it seems to suggest that there was an effect on the 
affinity of the BL sites for Ni due to the presence of Ca and Mg. 
Compared to barley, Cu toxicity to wheat (Triticum aestivum) and tomato 
(Lycopersicum esculentum) gave quite similar log KCu-BL values (Figure S1, Table 
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1). Cu is more toxic to lettuce (Lactuca sativa) with similar binding affinity to lettuce 
compared to barley. Ag toxicity to lettuce is similar to Cu toxicity to barley and the 
conditional binding constant for Ag is similar to the values for Cu binding to barley, 
wheat, and tomato (Figure S1). This suggests that Ag may bind to the BL sites of 
the plants (except for lettuce) with the same strength as Cu: log KCu-BL = log KAg-BL. 
Toxicity of Ni to tomato shows to be the same as Ni toxicity to barley with similar 
EC50{Men+} values, but with slightly higher log K.  
Compared to the plant species mentioned above, binding affinities of Cd, Cu and 
Ni to pea (Pisum sativum) are much lower. The highest log K values reported for 
Cu are up to 5.60 (Wu and Hendershot, 2010a) which are approx. a factor of 1.3 
lower log values than Cu affinities for barley and lettuce. Toxicity of Cu to pea is 
also much lower compared to other plants with EC50{Men+} values being lower by 
more than a factor of 10. This suggests that different BL sites exist for pea 
compared to other plants while experimental conditions should also be taken into 
account for comparative studies.  
Cd toxicity to pea is also very low with log KCd-BL values of up to 3.10 (Wu and 
Hendershot, 2010c), however no other studies are available in the literature for 
comparison. The binding constant for Ni to pea is lower than the values reported 
for barley, but falls within the range of the two values reported for Ni in soil and 
solution exposure (explained above). It should be noted that the BL sites on plant 
roots may be different in each species leading to species-specific log K values.  
From this overview, it may be concluded that the strength of binding metals to the 
BL sites in plant species (other than barley) increases in the order: Ni < Cd < Cu = 
Ag.  
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Table 1. Binding constants for the different metals and cations in plants species. The log K values are in L/mol.  
Test species Metal  Log KMe-BL Log KCa-BL Log KMg-BL Log KNa-BL Log KK-BL Log KH-BL Log K (other species) fBL-50 References 

Hordeum vulgare Zn 4.06 1.99 3.72 - 2.62 4.27 5.15 (ZnHCO3) 0.38 Wang et al., 2010a  

Lactuca sativa Zn 4.0 - - - - - - 0.42 Le et al., 2013 

Spinacia oleracea Zn 8.7 - - - - 5.8 - - Degryse et al., 2012 

H. vulgare Cu 7.41 - - - - 6.48 - 0.05 Thakali et al., 2006a 

H. vulgare Cu 6.33 1.96 2.92 - - - 5.71(CuHCO3),5.70(CuC

O3),6.39(CuOH); 

logKCuHCO3/KCu=0.24 

- Wang et al., 2012 

H. vulgare Cu - - - - - - 18.79 (EDTA-Cu), 13.10 

(NTA-Cu) 

- Antunes et al., 2007 

H. vulgare and 

Triticum aestivum  

Cu - - - - - - KCuOH-BL/KCu-BL=2.92 - Wang et al., 2009 

T. aestivum Cu 6.28 2.43 3.34 - - - - 0.436 Luo et al., 2008 

Lycopersicon 

esculentum 

Cu 5.65 - - - - 4.38 - 0.05 Thakali et al., 2006b 

Pisum sativum Cu 0.32-5.60 0.32-4.72 - - - 2.55-8.26 - - Wu and Hendershot, 2010a 
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Table 1 continued 
Test species Metal  Log KMe-BL Log KCa-BL Log KMg-BL Log KNa-BL Log KK-BL Log KH-BL Log K (other species) fBL-50 References 

Vitis vinifera Cu 3.56(tox.), 

4.29(acc.) 

- 2.58(tox.), 

2.35(acc.) 

- - - - 0.0046 

(surv) 

Chen et al., 2013 

L. sativa Cu 11.29 - - - - 6.80 - - Cheng and Allen, 2001 

L. sativa Cu 7.40 - - - - 6.27 - 0.36 Le et al., 2012 

L. sativa Cu 7.40 - - - - - - 0.36 Le et al., 2013 

H. vulgare Ni 5.27 - 3.47 - - - - 0.57 Lock et al., 2007c 

H. vulgare Ni 4.83 1.60 4.01 - - 4.29 5.36 (NiHCO3) 0.36 Li et al., 2009a 

H. vulgare Ni 3.60 1.50 3.81 - - 4.52 - 0.05 Thakali et al., 2006a 

H. vulgare Ni 3.10 3.30 4.60 - - 5.40 - - Antunes and Kreager, 2009 

L. esculentum Ni 6.05 5.00 5.23 - - 6.52 - 0.05 Thakali et al., 2006b 

S. oleracea Ni 4.5 - 2.5 - - - - - Degryse et al., 2012 

P. sativum Ni 0.32-2.24 0.32-4.22 - - - 2.52-8.29 - - Wu and Hendershot, 2010b 

P. sativum Cd 1.35-3.10 0.33-2.78 - - - - - - Wu and Hendershot, 2010c 

S. oleracea Cd 8.7 - - - - 5.8 - - Degryse et al., 2012 

L. sativa Ag 6.39 - - - - - - 0.22 Le et al., 2013 

H. vulgare Co 5.14 - 3.86 - 2.50 - - 0.40 Lock et al., 2007b 

EDTA = Ethylenediaminetetraacetic acid; NTA = Nitrilotriacetic acid; tox. – toxicity; acc. = accumulation 
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4.1.2. Soil organisms 
Figure S2 (Supporting Information) shows the relationship between metal toxicity 
and conditional binding constants for soil organisms. This includes earthworms, 
collembolans, and potworms (enchytraeids). Like for plants, we first developed a 
regression showing the relationships for earthworms for which most studies have 
been performed. Then, we added other soil organisms for a comparison with 
earthworms. Toxicity of metals is expressed as log LC50{Men+} based on the free 
metal ion activities in µM. In few studies, EC50{Men+} values in µM were used; we will 
mention that in the text for clarification. Compared to plants, fewer studies have 
been performed on other soil organisms. Only in one study (Thakali et al., 2006b), 
animals were exposed to metals in field soils while in most studies solution only 
exposure or sand-solution media were used. Tables S2 and 2 summarize the 
experimental setups as well as the conditional binding constants (log K in L/mol) 
obtained for different soil organisms and different metals. The endpoint of most 
studies was survival. The LC50{Men+} and log K values used in Figure S2 are from 
the same study.  
Cu shows a high affinity for earthworm tissue with log K values ranging from 6.0 to 
7.0. Toxicity of Cu is quite similar for all earthworm species. Ni and Cd show lower 
toxicity to earthworms and also lower affinities for binding to the BL sites. The 
following order could be observed for the affinity of metals to the BL sites in 
earthworms: Cu > Ni > Cd. Toxicity was expressed as EC50{Men+} values in Thakali 
et al. (2006b) where cocoon production was measured. EC50 values, calculated for 
earthworms exposed to Cu in soil, are in the range of the LC50 values obtained for 
Cu in other studies using different media.  
Compared to earthworms, lower binding affinities for Cu have been reported for the 
springtail F. candida exposed in soil (Thakali et al., 2006b). This may be explained 
by direct effect of dissolved organic matter on the BL surface of the organism, 
thereby decreasing the affinity of Cu for binding to the BL sites (see above). In 
another study with similar log K values, lower Cu toxicity (Ardestani et al., 2013b) 
was reported compared to previous studies. The authors observed hormetic-type 
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effects when studying Cu toxicity to F. candida using solution only exposure, which 
may have hampered deriving accurate log K values.  
Toxicity of Ni to F. candida is similar to earthworms with similar log K values. In 
both cases, animals were exposed to Ni in field soils. For toxicity of Co to the 
potworm E. albidus, a log K value of 5.13 could be calculated (Lock et al., 2006). 
No other values for Co could be found for potworms. A log K value of 1.62 is 
reported for Cd in F. candida (Figure S2, empty circle in bold) which is quite low 
compared to other reported values. In this study, the animals were exposed to Cd 
in solution (Ardestani et al., 2013a). Conditional binding constants for cations (e.g., 
log KCa-BL) estimated in the latter study are in agreement with other studies on 
collembolans and earthworms (Table 2). For soil organisms (collembolans and 
potworms), the conditional metal constants decreased in the order: Cu > Co > Ni. 
 
4.1.3. Fish 
Figure S3 (Supporting Information) shows the relationship between metal toxicity 
and conditional binding constants for different fish species. The regression line 
shows the relationship for rainbow trout (Oncorhynchus mykiss) and fathead 
minnow (Pimephales promelas). The log K values for other fish species as well as 
few exceptions in log K values are discussed below. Toxicity of metals to fish is 
expressed as LC50Me based on total or dissolved metal concentrations in solution 
except for Peters et al. (2011) who reported EC50Me values for Mn toxicity to fish. 
All LC50Me values are in µM. The conditional binding constants (log K) values are in 
L/mol and from the same study.  
Many studies have been performed using a BLM approach to study metal toxicity 
to fish. Table S3 shows a general overview of the experimental setup in these 
studies and Table 3 summarizes the log K values. In most studies, endpoint of the 
test was survival while a bioaccumulation test was performed in others. In the latter 
case, the log K values reported are gill-binding affinities and based on 
accumulation data. Gills are shown to be the BL sites of fish. In Table 3, we 
mention values for metals binding to the fish gills (log KMe-gill) separately from log K  
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Table 2. Binding constants for the different metals and cations in soil organisms. The log K values are in L/mol.  
Test species Metal  Log KMe-BL Log KCa-BL Log KMg-BL Log KNa-BL Log KK-BL Log KH-BL Log K (other species) fBL-50 References 

Aporrectodea 

caliginosa 

Cu 5.9 - - 2.97 - 4.61 - 0.2 Steenbergen et al., 2005 

Eisenia fetida Cu 6.50 - - - - 5.90 - 0.05 Thakali et al., 2006b 

Folsomia 

candida 

Cu 4.62 - - - - 2.97 - 0.05 Thakali et al., 2006b 

F. candida Cu 5.19 2.12 - - - 5.04 - 0.14 Ardestani et al., 2013b 

E. fetida Ni 5.33 - - - - 6.70 - 0.05 Thakali et al., 2006b 

F. candida Ni 5.12 - - - - 6.02 - 0.05 Thakali et al., 2006b 

Enchytraeus 

crypticus 

Ni 3.97(tox.), 

4.13(acc.) 

3.15(tox.), 

1.44(acc.) 

3.09(tox.), 

3.16(acc.) 

1.97(tox.), 

1.10(acc.) 

- - - 0.21 He et al., 2014 

E. fetida Cd - 1.47 2.04 - - 5.59 Fe (5.78) - Li et al., 2009c *  

E. fetida Cd 4.00 3.35 2.82 1.57 2.31 5.41 - 0.72 Li et al., 2008 

E. fetida Cd - 3.00 2.64 - - 4.97 - - Li et al., 2009b 

F. candida Cd 6.44 2.00 - - - 5.88 - - Ardestani and van Gestel, 

2013b 

F. candida Cd 1.62 2.87 - - - 4.97 - 0.038 Ardestani et al., 2013a 

Enchytraeus 

albidus 

Co 5.13 3.83 3.95 0.00 - 6.53 - 0.32 Lock et al., 2006 

*Affinities reported are for binding Cd and cations to the soil solid phase to biotic ligand sites on the organism; tox. = toxicity; acc = accumulation 
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values estimated using survival data. In Figure S3, all log K values are used in the 
same way without distinguishing endpoints. 
Since much work has been done to study toxicity of metals to fish, a large variation 
can be observed among reported log K values. For example, log K value for Zn is 
always around 5.5 L/mol while Todd et al. (2009) reported a value of 4.6 for Zn in 
rainbow trout. The activity of free Zn ions was reduced by hard water test solutions 
corresponding to high Ca concentrations competing with Zn2+ in binding to the fish 
gills. A decrease in log KZn-BL may be explained by the interaction of Ca2+ with Zn2+ 
ions at the BL sites of the gill, thereby outcompeting Zn2+ ions. However, the exact 
reason for lower Zn affinity remains unclear. Another exception for Zn (Figure S3) 
is from the same study with a similar log K value, but a much higher (10x) toxicity. 
This may be attributed to a lower Ca concentration in the soft water test medium 
(Todd et al., 2009).  
Cd seems to be the most toxic metal to fish, which corresponds with high log K 
values of approx. 7.5-8.0. However, Cd showed lower toxicity to rainbow trout in 
the study of Hollis et al. (1999) who compared to studies with similar binding 
affinities to the fish gills. This may be attributed to the experimental setup in which 
hard water was used, while in other studies synthetic soft water was employed as a 
test solution. This confirms the protective effect of Ca on Cd toxicity.  
Ag showed similar log K values in McGeer et al. (2000) and Morgan and Wood 
(2004) where toxicity of Ag to rainbow trout was investigated. The LC50Me values 
are also the same. Toxicity of Pb was studied only by McDonald et al. (2002), so 
no comparison could be made. The estimated log K value for Pb of 6.0 is higher 
than the values for Zn. This suggests a higher tendency of Pb for binding to the fish 
gills compared to Zn while toxicity of the two metals to fish is quite similar.         
For the relationship between Cu toxicity and conditional binding constants, a lot of 
variation can be observed (Figure S3). A log K value of approx. 7.4 is generally 
calculated for fish. However, Taylor et al. (2003) reported a value of 8.4 based on 
Cu accumulation data. The authors used different water hardness concentrations 
which resulted in variety of LC50Me values. Their results also suggest that exposure 
time can strongly affect the relationship between toxicity and metal binding to the 
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fish gills. The highest data point for Cu in Figure S3 (with similar log K value) 
illustrates that Cu toxicity may be species-dependent. This corresponds with a 
toxicity test on fathead minnow that showed lower sensitivity to Cu compared to 
rainbow trout (Meyer et al., 2007). However, this is not always the case. For 
instance, fathead minnow showed a similar sensitivity to Cu compared to rainbow 
trout in another study (Playle et al., 1993b).  
Mn shows to be less toxic to fish than other metals. A log K value of 2.63 was 
estimated for Mn in fathead minnow (Peters et al., 2011). For the toxicity of Ni to 
fish, no other studies were found in the literature. The log K value for Ni given in 
Figure S3 (empty circle in bold) is reported by Niyogi and Wood (2004a) from a 
national report and related with Ni toxicity based on an LC50 value taken from 
another study.  
When data on toxicity and binding constants for other fish species are included, 
only two other data points are added to Figure S3. These data points are for Cu 
toxicity tests with yellow perch (Perca flavescens) in different exposure solutions 
and at different test durations. The log K values for Cu are similar to those for other 
fish species (Taylor et al., 2003). The lower toxicity of Cu to yellow perch is 
attributed to the exposure using hard water test solutions as well as species-
dependency of sensitivity.  
Two additional data points (Co-RBT and Ag-RBT) are also shown in Figure S3. 
These values are from MacDonald et al. (2002) who cited a previous study by 
Alsop and Wood (2000) summarizing log K and LC50Me values for rainbow trout; 
however, these values are collected from different studies. For Co toxicity to fish, 
no other values could be found, therefore we used these data in Figure S3. For Ag-
RBT, for similar reasons, the values from Alsop and Wood (2000) were used. The 
calculated log KAg-BL of 10.0 in Alsop and Wood (2000) however, is higher than the 
value of approx. 8.0 reported earlier for Ag. In general, the affinity of metals to bind 
to the BL sites of fish increase in the order: Mn < Ni < Co < Zn < Cu = Ag < Cd.  
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Table 3. Binding constants for the different metals and cations in fish species. The log K values are in L/mol.  
Test species Metal  Log KMe-BL Log KCa-BL Log KMg-BL Log KNa-BL Log KK-BL Log KH-BL Log K (other species) fBL-50 References 

Juvenile 

Oncorhynchus 

mykiss 

Zn-

acute 

5.5 3.8 3.5 2.9 - 6.7 - - De Schamphelaere and 

Janssen, 2004a 

Juvenile O. 

mykiss 

Zn-

chronic 

5.5 3.6 3.1 2.4 - 6.3 - 0.246 De Schamphelaere and 

Janssen, 2004a 

Juvenile O. 

mykiss 

Zn 5.6(gill) - - - - - - - Alsop and Wood, 2000 

O. mykiss Zn Soft5.5, 

hard4.6 

- - - - - - - Todd et al., 2009 

O. mykiss Cu 7.4(gill) 3.4(gill) - - - 5.4(gill) Cu-NOM 9.1, Ca-NOM 

5.0, H-NOM 4.0 

- Schwartz et al., 2004 

O. mykiss Cu 7.63(gill) - - - - - - - Gheorghiu et al., 2010 

O. mykiss Cu 7.4 4.5 4.0 - - 5.0 - 0.61 * Welsh et al., 2008 

Juveniles O. 

mykiss, S. 

fontinalis 

Cu 7.5(gill), 

7.2(gill) 

- - - - - - - MacRae et al., 1999 

Juveniles O. 

mykiss, Perca 

flavescens 

Cu 8.4(gill), 

8.4(gill) 

- - - - - - - Taylor et al., 2003 
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Table 3 continued 
Test species Metal  Log KMe-BL Log KCa-BL Log KMg-BL Log KNa-BL Log KK-BL Log KH-BL Log K (other species) fBL-50 References 

Pimphales 

promelas 

Cu 7.4(from 

Playle 93b) 

3.6 [3.6] equal 

to Ca (De 

Sch.& 

Jan02) 

3.0 - 5.4 (from 

Playle 

1993b) 

CuOH+ 6.48 0.33 (Di 

Toro), 0.21 

(Santore) 

Santore et al., 2001; Di 

Toro et al., 2001 

P. promelas Cu 7.4(gill) 3.6(gill) - 3.0(gill) - 5.4(gill) 6.2 Cu-OH(gill) - Playle et el., 1993b 

Larvae P. 

promelas 

Cu 7.4 5.6 - 3.0 - 8.9 Cu-OH-BL -1.3 - Meyer et al., 2007 

Larvae P. 

promelas 

Cu 6.52 - - - - - - - Brooks et al., 2006 

O. mykiss and P. 

promelas 

Ni - 3.6 3.6 - - - - - Deleebeeck et al., 2007a 

Juvenile O. 

mykiss 

Cd 7.5 (gill), 

8.0 (tox.) 

4.3 (gill), 3.9 

(tox.) 

- - - - DOC-Cd (7.1gill,7.3tox), 

DOC-Ca5.0,DOC-H4.0 

- Niyogi et al., 2008 

O. mykiss Cd 7.3(gill) - - - - - - - Hollis et al., 2000 

O. mykiss Cd 7.6(gill) - - - - - - - Hollis et al., 1999 

O. mykiss Cd 7.3(gill) 3.7(gill) - - - - - - Niyogi et al., 2004a 

O. mykiss Cd 8.6(gill) 5.0(gill) - - - 6.7(gill) Cd-NOM 7.4, Ca-NOM 

5.0, H-NOM 4.0 

- Schwartz et al., 2004 
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Table 3 continued 
Test species Metal  Log KMe-BL Log KCa-BL Log KMg-BL Log KNa-BL Log KK-BL Log KH-BL Log K (other species) fBL-50 References 

P. promelas Cd 8.6(gill) 4.5, 

5.0(gill) 

3.5(gill) 3.0(gill) - 6.7(gill) DOC-Ca 5.0, DOC-H 4.0 - Playle et el., 1993b 

O. mykiss Ag 10.0(gill) 3.3(gill) - 4.7(gill) - 5.9(gill) DOM-Ag 9.0,H-DOM 4.0 - Janes and Playle, 1995 

O. mykiss Ag 7.6 2.3 - 2.9 - 5.9 DOM-Ag 9.0 - McGeer et al., 2000 

O. mykiss Ag 8.0(gill) - - - - - - - Morgan and Wood, 2004 

Fish species Ag 7.3(gill) 2.3 - 2.3 - 4.3 BL-AgCl (aq) 6.7 - Paquin et al., 1999 

O. mykiss Pb 6.0(gill) 4.0(gill) 4.0(gill) 3.5(gill) - 4.0(gill) Pb-OM 8.4, Ca-OM 

5.0,H-OM 4.0 

- MacDonald et al., 2002 

O. mykiss Pb 6.0(gill) 4.0(gill) - - - 5.0(gill) Pb-NOM 8.4, Ca-NOM 

5.0, H-NOM 4.0 

- Schwartz et al., 2004 

O. mykiss Co 5.1(gill) 4.7(gill) - 3.2(gill) - 6.2(gill) Co-DOM 5.1, H-DOM 

4.0 

- Richards and Playle, 1998 

O. mykiss Hg 18.0(gill) 4.5(gill) - - - 5.0(gill) Hg-NOM 18.0, Ca-NOM 

5.0, H-NOM 4.0 

- Klinck et al., 2005 

O. mossambicus As - 3.53 3.58 3.09 - 5.40 - 0.27 Chen et al., 2009 

Larvae P. 

promelas 

Mn 2.63 3.93 - - - - - - Peters et al., 2011 

*Values were calculated by Hatano and Shoji (2010). 
NOM = natural organic matter; DOM = dissolved organic matter; OM = organic matter; DOC = dissolved organic carbon; tox. = toxicity; De Sch. & Jan02 = De 
Scahmphelaere and Janssen, 2002



47 
 

4.1.4. Daphnids 
Figure S4 (Supporting Information) shows the relationship between toxicity to 
daphnids and binding affinities calculated for each metal. The line is shown for D. 
magna and D. pulex, two daphnid species most studied in the literature. A few 
other data points are given in Figure S4 showing the relationship between toxicity 
and log K values for Ceriodaphnia dubia. Toxicity is expressed based on the 
activity of free metal ions as log EC50Men+ in µM and the log K values are in L/mol. 
The values are taken from the same study. Many BLM-based studies have been 
performed for daphnids. An overview of these studies can be found in Table S4 
and the binding constants for metals are shown in Table 4. For daphnids, the 
endpoint of most acute tests was immobilization while reproduction was the 
endpoint for long-term tests. Although many studies are available, not many log K 
values have been reported. Not much variation is observed and the log K values 
are mainly in the same range.  
For Ni, two similar conditional binding constants are reported and toxicity is in the 
same range. A higher value of 4.87 was calculated for D. pulex (Kozlova et al., 
2009) compared to a value of 4.0 for D. magna (Deleebeeck et al., 2008a) (Table 
4). The species difference may be the only reason for observing different log K 
values between these two studies because other experimental conditions seem to 
be similar. The differences in log K values may indicate Ni has a higher affinity to 
bind to the BL sites of D. pulex compared to D. magna. Considering the values 
estimated for other cations competing with Ni2+ for binding to the BL sites did not 
add more information that might explain these differences with only log KCa-BL 
being higher for D. pulex (Table 4).  
For Zn, quite similar binding constants and log EC50Men+ values were reported for 
D. magna and D. pulex (Heijerick et al., 2002a; Heijerick et al., 2005b; Clifford and 
McGeer, 2009). However, lower toxicity was reported in Heijerick et al. (2002a) 
compared to Heijerick et al. (2005b) with the same log K value for D. magna. 
Taking the experimental setup into account, the longer test duration is the reason 
for the higher toxicity in Heijerick et al. (2005b). In the latter study, the reported 
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EC50Men+ values are for a 21-day chronic test with Zn. This emphasizes the role of 
test duration as an important factor for comparative studies.  
Acute toxicity of Cd to D. pulex was studied with a log K value of 6.97 estimated for 
binding to the BL sites (Clifford and McGeer, 2010). No other toxicity data were 
available to compare the values with. Ag was more toxic to daphnids than other 
metals. A log KAg-BL value of 8.88 was estimated for three daphnid species (Bury et 
al., 2002, see Table 4). No other log K values for Ag were reported in the literature. 
Toxicity of Cu is most studied in aquatic organisms. Cu is one of the most toxic 
metals for daphnids with binding constants of approx. 8.0 reported in different 
studies. Similar to Zn, Cu toxicity is slightly higher in chronic tests (De 
Schamphelaere and Janssen, 2004b) compared to acute tests. The authors 
concluded that an increase in bioavailability of CuOH+ and CuCO3 and proton 
competition could be the reason for the difference between chronic and acute 
toxicity of Cu to D. magna. Cu showed to be more toxic in Ryan et al. (2009) with 
very low LC50Men+ values (Figure S4). The authors performed an acute Cu toxicity 
test with D. magna in natural surface waters (Table S4). Only the LC50Men+ values 
calculated in this study are compared to the EC50Men+ values obtained from other 
studies. In comparison with the latter study, higher EC50Me were calculated for Cu 
toxicity to D. magna exposed in surface waters (De Schamphelaere et al., 2002). 
DOC and pH levels are quite the same for both studies, but other factors such as 
the difference between D. magna clones may have affected the acute Cu 
sensitivity (Barata et al., 1998). 
Considering other daphnids, lower Ni toxicity is observed for C. dubia. However, it 
should be noted that toxicity of Ni to C. dubia was expressed as LC50Me based on 
total or dissolved metal concentrations (Keithly et al., 2004). Although similar log K 
values could be obtained, a comparison between LC50Me values in this study and 
other EC50Men+ values is not reliable. Mn toxicity to C. dubia was also expressed as 
EC50Me values based on dissolved Mn concentrations (Peters et al., 2011). A log K 
value of 2.23 for Mn was calculated in the latter study. Metal binding affinities to 
daphnids generally increase in the order: Ni < Zn < Cd < Cu < Ag. 
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Table 4. Binding constants for the different metals and cations in daphnids. The log K values are in L/mol.  
Test species Metal  Log KMe-BL Log KCa-BL Log KMg-BL Log KNa-BL Log KK-BL Log KH-BL Log K (other species) fBL-50 References 

Daphnia magna Zn 5.5 3.8 3.6 2.9 - 6.6 ZnOH 3.8 - Santore et al., 2002 * 

D. magna Zn 5.31 3.34 3.12 2.37 - - - 0.417 Heijerick et al., 2002a 

D. magna Zn 5.31 3.22 2.69 1.90 - 5.77 - 0.127 Heijerick et al., 2005b 

D. pulex Zn 5.6 4.9 4.4 3.5 - - ZnOH 3.8  - Clifford and McGeer, 2009 

D. magna Cu 8.02 3.47 3.58 3.19 - 5.40 7.32 (CuOH-BL), 7.01 

(CuCO3-BL) 

0.47 De Schamphelaere et al., 

2002 

D. magna Cu 7.40 4.75 - 3.00 - 5.40 7.50 (CuOH) - Ryan et al., 2009 

D. magna Cu 7.40 3.60 - 3.00 - 5.40 CuOH 6.00 - Santore et al., 2001 ** 

D. magna Cu 8.02 3.47 3.58 3.19 - 5.40(assumed=fi

sh)  

CuOH 7.45 0.39 De Schamphelaere and 

Janssen, 2002 
D. magna Cu 7.40 3.6 3.6 3.0 - 5.4 CuOH-BL 6.22 0.397 Constantino et al., 2011 

D. magna Cu 7.4(gill) 3.6(gill) 3.6(gill) 3.0(gill) - 5.4(gill) CuOH 6.2(gill),CuCO3 -  Villavicencio et al., 2011 

D. magna Cu 8.02 - - 2.91 - 6.67 8.02 CuOH, 7.44 CuCO3 0.393 De Schamphelaere and 

Janssen, 2004b 
D. magna Cu 8.02 3.47 3.58 - - 5.4 - 0.33 a Playle, 2004 *** 

13 cladoceran 

species 

Cu - - - 2.2-4.4 - - - - De Schamphelaere et al., 

2007 
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Table 4 continued 
Test species Metal  Log KMe-BL Log KCa-BL Log KMg-BL Log KNa-BL Log KK-BL Log KH-BL Log K (other species) fBL-50 References 

D. magna Ni 4.0 (from 

Wu et al., 

2003) 

3.1 2.47 - - - - 0.205 Deleebeeck et al., 2008a 

D. magna Ni - 3.53 3.57 - - - - - Deleebeeck et al., 2008b 

D. pulex Ni 4.87 4.2 3.6 - - - - - Kozlova et al., 2009 

Daphnia sp. Ni  4.0 4.0 - 3.0 - 7.5 - 0.0284 Wu et al., 2003 

10 cladoceran 

species 

Ni  - 3.2(soft), 

4.2(very 

soft) 

2.6(soft), 

3.6(very 

soft) 

- - - - - Deleebeeck et al., 2007b 

Ceriodaphnia 

dubia 

Ni - 3.53 3.57 - - - - - De Schamphelaere et al., 

2006a 
C. dubia Ni 4.0(gill) 4.0(gill) - 3.0(gill) - 6.7(gill) - - Keithly et al., 2004 b 

D. pulex Cd 6.97 4.08 3.71 - - 6.13 - - Clifford and McGeer, 2010 

D. magna, D. 

pulex, Gammarus 

pulex 

Ag 8.88 2.3 - 2.9 - 5.9 7.5 DOM-Ag - Bury et al., 2002 

C. dubia Mn 2.23 3.07 3.08 - - - - - Peters et al., 2011 

*All values were reported in Clifford and McGeer (2009). 
** All values were reported in De Schamphelaere et al. (2002) and Ryan et al. (2009). 
***All values were reported in Hatano and Shoji (2010) (These values are not mentioned in Playle, 2004!) 
a The value was calculated by hatano and Shoji (2010). 
b The values were kept the same as P. promelas in this study; DOM = dissolved organic matter   
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4.1.5. Other organisms 
Figure S5 (Supporting Information) shows the relationship between metal toxicity to 
different species and the affinity of each metal to bind to the BL sites of the 
organism. The species included in this part are algae, bacteria, snails, rotifers, and 
amphipods which have been studied in the literature. Algae and bacteria generally 
have a simple structure with a single cell allowing better investigation of metal 
uptake and toxicity. Metal toxicity is expressed based on the activity of free metal 
ions as log EC50Men+ values in µM and binding constants are in L/mol. As 
mentioned above, many studies focus on the bioaccumulation of metals, therefore 
not much data are available to show the relationship between toxicity and log K 
values. Table S5 gives an overview of experimental setups and Table 5 shows 
metal binding constants reported for these species. EC50Men+ and log K values are 
taken from the same study.  
Cd was less toxic to the bacterium Vibrio fischeri with a log K value of 5.02 (An et 
al., 2012), while a much higher toxicity with a one unit higher log KCd-BL was 
reported for the green alga Chlamydomonas reinhardtii (Stoiber et al., 2012). This 
suggests species-specific differences between Cd toxicity. The same conclusion 
may also stand for the difference between Cd binding affinities. Different BL sites 
may exist in these organisms. Another explanation can be the longer test duration 
for algae than for bacteria.  
Zn was less toxic compared to Cd to another green alga species, 
Pseudokirchneriella subcapitata (Heijerick et al., 2002b). The binding constant for 
Zn is lower than for Cd which is in agreement with other species. No other values 
are reported for the toxicity of Zn to algae. De Schamphelaere and Janssen (2010) 
used log K values calculated for daphnids to predict Zn toxicity to snail and rotifer 
species. Their results showed the possibility of applying BLM parameters across 
different phyla. Such cross-species BLM modeling has also been used for few 
other species in the literature (e.g., Deleebeeck et al., 2007a). 
Toxicity of Pb to V. fischeri was investigated by An et al. (2012) who estimated a 
log K value of 6.67. No other log K values for Pb are available in the literature. 
Keithly et al. (2004) assumed that a binding constant of 4.0, similar to the value 
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used for fish, could be used when assessing Ni toxicity to the amphipod Hyalella 
azteca. No other log K values are reported for Ni toxicity to alga and bacteria. Cu is 
the most toxic metal to algae (Figure S5). A log K value of 7.2 was estimated for 
Cu toxicity to C. reinhardtii (Stoiber et al., 2012). No comparative studies are 
available on Cu toxicity to other algal species. The order of binding affinities for 
bacteria, algae, rotifers, snails, and amphipods was: Cu > Pb > Zn. 
  
4.1.6. All species together 
In Figure 3, we summarize the relationship between metal toxicity and conditional 
binding constants for different metals combining all data discussed above. An 
overview of toxicity tests performed on these species is shown in Tables S1-S5 
and metal binding constants are in Tables 1-5. Toxicity is expressed as LC50Me 
based on total/dissolved metal concentrations in medium or EC50Men+ based on the 
activity of free metal ions.  
 
Cd. Toxicity of Cd is highest for algae compared to other species: algae > fish > 
daphnids > plants > bacteria > earthworms. In some cases, variation among data 
does not allow for a general conclusion across species. For instance, Cd toxicity to 
fish varies a lot among different studies (Figure 3), probably due to the large 
variation in experimental conditions. The log K values for Cd decrease in the order: 
fish > daphnids > algae > bacteria > earthworms > plants. Aquatic species are 
more sensitive to Cd than soil organisms. Moreover, Cd shows a higher affinity to 
bind to the BL sites of aquatic species than soil organisms. 
  
Cu. Toxicity of Cu is highest for algae compared to other species and decreases in 
the order: algae > daphnids > plants > fish > earthworms = F. candida. The binding 
constants of Cu decrease in the order: fish > daphnids > algae > plants > 
earthworms > F. candida. Conclusions about Cu sensitivity should however be 
drawn with caution due to the large variation in the data. Cu has a higher affinity for 
binding to the BL sites of aquatic species compared to soil species (Figure 3). 
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Table 5. Binding constants for the different metals and cations in other organisms. The log K values are in L/mol.  
Test species Metal  Log KMe-BL Log KCa-BL Log KMg-

 

Log KNa-BL Log KK-BL Log KH-BL Log K (other species) fBL-50 References 

Nitrosospira sp. Zn - 3.26 (Ca+Mg) - - 7.08 - - Mertens et al., 2007 

Pseudokirchneriella 

subcapitata 

Zn 5.3 3.32 3.91 2.98 - No ** - - Heijerick et al., 2002b 

P. subcapitata Zn 5.3 3.38 3.97 3.04 - 6.66 - - Heijerick et al., 2002b 

Lemna paucicostata Cu 2.69 - - - - 4.17 - 0.15 

* 

Hatano and Shoji, 2008 

Fontinalis 

antipyretica 

Cu - 3.47 3.87 0.01 - 5.13 - - Ferreira et al., 2009 

Lymnea stagnalis Cu 7.2-8.6 - - - - - - - Croteau and Louma, 2007 

Chlamydomonas 

reinhardtii 

Cu  7.2 - - - - - - - Stoiber et al., 2012 

C. reinhardtii Cu 5.8 - - - - - - - Chen et al., 2010 

- Cu 4.4 - - - - 4.1 - - Rachou and Sauvé, 2008 *** 

P. subcapitata Ni - 3.3 3.3 - - 6.5 - - Deleebeeck et al., 2009a 

C. reinhardtii Ni 5.1 3.0 5.3 - - 5.3 - - Worms and Wilkinson, 2007 

Different microalgae 

sp. 

Ni - - 5.5 - - - - - Deleebeeck et al., 2009b 

Hyalella azteca Ni 4.0(gill) 4.0(gill) - 3.0(gill) - 6.7(gill) - - Keithly et al., 2004 a 
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Table 5 continued 
Test species Metal  Log KMe-BL Log KCa-BL Log KMg-BL Log KNa-BL Log KK-BL Log KH-BL Log K (other species) fBL-50 References 

L. paucicostata Cd 3.86 - - - - 4.17 - 0.15 

* 

Hatano and Shoji, 2008 

C. reinhardtii Cd 4.19 4.75 - - - - - - Francois et al., 2007 

C. reinhardtii Cd 6.7 - - - - - - - Stoiber et al., 2012 

Ly. stagnalis Cd 6.0-7.0 - - - - - - - Croteau and Louma, 2007 

Vibrio fischeri Cd 5.02 2.84 2.19 - 1.56 - - 0.43

5 

An et al., 2012 

V. fischeri Cd 5.02 2.30 - - - - - - Jho et al., 2011 

- Cd 5.3 - - - - 4.1 - - Rachou and Sauvé, 2008 *** 

C. reinhardtii Pb  6.9 - - - - - - - Chen et al., 2010 

V. fischeri Pb 6.67 2.30 2.13 - - - - 0.54

7 

An et al., 2012 

V. fischeri Pb 6.67 2.84  - - - - - - Jho et al., 2011 

P. subcapitata Mn 2.25 - - - - 8.42 - - Peters et al., 2011 

C. reinhardtii Mn 4.20 3.70 - - - - - - Francois et al., 2007 

 *Value was calculated by Hatano and Shoji (2010). 
**No proton competition was considered. 
***The values are affinity of metals and cations to bind to active soil surfaces. No test species was used. 
a The values were kept the same as P. promelas in this study.  
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Ag. Toxicity of Ag is highest for daphnids, followed by fish and lowest for plants. In 
some cases, Ag toxicity to fish and plants is quite similar. Alsop and Wood (2000) 
reported slightly higher Ag toxicity to fish compared to plants. The strength of 
binding Ag to the BL sites also decreased in the order: daphnids > fish > plants. 
Again, exception is the log KAg-BL value reported by Alsop and Wood (2000) with a 
high affinity of Ag to bind to fish gills. In general, Ag toxicity is higher for aquatic 
species with a higher tendency for binding to the biotic ligands on the organism. 
 
Zn. Toxicity of Zn is highest for algae and decreases in the order: algae > daphnids 
= fish > plants. Many studies on Zn toxicity to fish and daphnids are available in the 
literature in which quite similar values are reported for Zn toxicity. The binding 
affinities for Zn to different species follow the trend: algae = daphnids = fish > 
plants. Except for a log KZn-BL of 4.6 reported in hard water (Todd et al., 2009), 
quite similar values for log KZn-BL have been found for algae, daphnids and fish 
(see Tables 1-5). This may suggest that the affinity of Zn for binding to the BL sites 
of the organisms is less species-dependent. Moreover, looking back to the affinity 
of other cations in solution, similar affinities for Ca, Mg, and Na were observed in 
the same studies (see Tables 1, 2, and 5). It shows that these cations compete 
with the same affinity with Zn to bind to the BL sites. 
  
Ni. Toxicity of Ni is highest for daphnids compared to other species: daphnids > 
plants > earthworms > F. candida. Higher Ni toxicity is reported for aquatic species 
compared to soil organisms. For the affinity of Ni among different species, we can 
find this order: plants = earthworms = F. candida > daphnids. This suggests Ni with 
lower affinity has higher adverse effects on daphnids which might be attributed to 
higher sensitivity of daphnids to Ni compared to other species. 
 
Pb. Toxicity of Pb is highest for bacteria compared to fish. No studies were 
available for the toxicity of Pb to other species. Binding constants are higher for 
bacteria than for fish. A general conclusion cannot be drawn without taking into 
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account other factors such as the difference between fish gills and the BL sites of 
bacteria, which is likely affecting the relationship between toxicity and affinity of Pb.  
  
Co. Toxicity of Co is quite similar for all species: plants = fish = potworms, while 
also similar log KCo-BL values were calculated for these test species. However, 
different endpoints such as Co accumulation in fish vs. barley root elongation and 
characteristics of the BL sites in different species e.g., fish gills vs. plant roots, 
might be the reason for observing slightly different Co toxicity or accumulation (see 
more details in Tables S1-S3). 
 
In general, we can conclude that the affinity of metals for binding to the BL sites of 
species follows the order: Ni < Zn = Co < Pb < Cd < Cu < Ag. For metal toxicity to 
different organisms, the general order is: Ni < Zn = Co < Pb < Cu = Ag < Cd. This 
indicates lower toxicity and affinity of Ni and Zn for different species, while Cu, Ag, 
and Cd are most toxic for almost all species. 
 
5. BLM and soil properties/water chemistries  
Different factors may influence the toxicity of metals to soil or aquatic organisms. 
These factors are important when studying metal toxicity considering the BLM 
approach. Water chemistries or soil properties are including different cations (Ca, 
Mg, Na, K, protons (pH); hardness shown as CaCO3; alkalinity shown as CaCO3) 
and DOC that may affect metal toxicity. Hardness and alkalinity are mainly taken 
into account in aquatic tests while DOC is considered in both soil and aquatic tests. 
In toxicity tests using a BLM-based approach and to distinguish the effect of each 
parameter (cations, pH, DOC) on metal toxicity, each factor is usually changed 
univariately, keeping all other parameters constant. 
Here, we summarize the effect of pH as the main factor affecting metal toxicity. 
Above, we showed the relationship between metal toxicity and conditional binding 
constants for metals among different test species. Here, we re-analyze that data by 
using toxicity values (LC50s or EC50s) corrected for the effect of pH. For correcting 
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the values, L(E)C50s are only taken from studies involving a pH-set where toxicity 
was determined at varying pH levels.  
 

 
Figure 3. The relationship between toxicity of different metals and their affinities for 
binding to the biotic ligand (BL) sites of all species considered in this review paper. 

Toxicity is shown as average LC50 or EC50 values based on the activity of free 
metal ions in µM (log EC50Men+) or total/dissolved metal concentrations (log LC50Me) 

in solution and the metal affinities (log K values) in L/mol. The solid line and the 
equation show the relationship between toxicity and binding affinities for the 

different metals across all different soil and aquatic species. The significance of the 
relationship between metal toxicity and log K values is shown by P and R2 values. 
Metal names as well as species names are given (A = Algae, D= Daphnia sp., F = 

Fish, P = Plant, ER = Earthworm, FC = Folsomia candida (springtail), p = 
Potworm). In some cases, two or three letters are combined showing similar log K 
values for these species (e.g. D,F = Daphnia and Fish). The binding affinities for 

the different metals are given in Tables 1-5 and an overview of related 
experimental setups in Tables S1-S5 (Supporting Information). The log K values 
and corresponding LC50 or EC50 values for the same metal are taken from the 

same study. More details about these relationships for different species are shown 
in Figures S1-S5 (Supporting Information). See text for further explanation. 
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5.1. Plant species 
Figure 4 shows the relationship between pH-corrected EC50Men+ values and 
conditional metal binding constants for different plant species. A good correlation is 
observed between toxicity and log K values for barley (filled circles) and for other 
plant species (empty circles) with R2 values of 0.65 and 0.59, respectively. Both 
relationships are significant (P < 0.001), showing pH is an important factor in 
predicting metal toxicity to plants. Table 1 shows high affinity of protons for the BL 
sites of plants, with even higher log KH-BL values compared to log KMe-BL values. 
 
5.2. Soil organisms 
Figure 5 shows the relationship between pH-corrected LC50Men+ values and 
conditional metal binding constants for soil organisms. There is a significant 
correlation (P < 0.001) between toxicity and log K values for earthworms (filled 
circles) with an R2 value of 0.73. Unfortunately, it was not possible to get a 
correlation for other soil organisms (collembolans, potworms). 
 
5.3. Fish 
The relationship between pH-corrected LC50Me values and conditional metal 
binding constants for fish is shown in Figure 6. A significant correlation is found 
between toxicity and log K values, although R2 is fairly low (0.47) due to the large 
variation in data.  This confirms that protons are good competitors with the free 
metal ions to bind to the fish gills (Table 3). 
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Figure 4. The relationship between the toxicity of different metals and their affinities 
for binding to the biotic ligand (BL) sites of different plant species. Toxicity is shown 
as EC50 values based on the activity of free metal ions in µM (log EC50Men+) and the 

metal binding affinities (log K values) are in L/mol. The EC50Men+ values were 
corrected for the effect of pH on the toxicity of the different metals to plant species. 
The solid lines and corresponding equations show the correlation between metal 

toxicity and binding affinities for different plant species. The significance of the 
relationship between EC50 and log K values is shown by P and R2 values. Filled 

circles are for the data on barley plant (Hordeum vulgare) and empty circles are for 
other plant species (pea, tomato, lettuce, and wheat). The binding affinities for the 

different metals are given in Table 1 and an overview of related experimental 
setups in Table S1 (Supporting Information). The log K values and EC50 values for 
the same metal are taken from the same study. Figure S1 (Supporting Information) 
shows the relationship between metal toxicity and the binding constants based on 

average EC50 values. See text for more explanation. 
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Figure 5. The relationship between the toxicity of different metals and their affinities 

for binding to the biotic ligand (BL) sites of different soil organisms. Toxicity is 
shown as LC50 values based on the activity of free metal ions in µM (log LC50Men+) 

and the metal binding affinities (log K values) are in L/mol. The LC50Men+ values 
were corrected for the effect of pH on the toxicity of the different metals to soil 
organisms. The solid line and the equation show the correlation between metal 

toxicity and binding affinities for different earthworm species (filled circles). Open 
circles show the data for other soil species. The significance of the relationship 
between LC50 and log K values is shown by the P and R2 values. The binding 

affinities for the different metals are given in Table 2 and an overview of related 
experimental setup in Table S2 (Supporting Information). The log K and LC50 

values for the same metal are taken from the same study. Figure S2 (Supporting 
Information) shows the relationship between metal toxicity and the binding 
constants based on average LC50 values. See text for more explanation. 
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Figure 6. The relationship between the toxicity of different metals and their affinities 
for binding to the biotic ligand (BL) sites of different fish species. Toxicity is shown 
as LC50 values on the total or dissolved metal concentrations in the medium in µM 
(log LC50Me) and the metal binding affinities (log K values) are in L/mol. The LC50Me 
values were corrected for the effect of pH on the toxicity of the different metals to 
fish species. The solid line shows the correlation the between metal toxicity and 

binding affinities for different fish species. The significance of the relationship 
between EC50 and log K values is shown by P and R2 values. The binding affinities 

for the different metals are given in Table 3 and an overview of related 
experimental setup in Table S3 (Supporting Information). The log K and LC50 

values for the same metal are taken from the same study. Figure S3 (Supporting 
Information) shows the relationship between metal toxicity and binding constants 

based on average LC50 values. See text for more explanation. 
 
5.4. Daphnids 
Figure 7 shows the relationship between pH-corrected EC50Men+ values and 
conditional metal binding constants for daphnids. A significant correlation (P < 
0.001) between metal toxicity and log K values is found for all daphnid species with 
an R2 value of 0.80. A log K value of approx. 8.0 L/mol for Cu is more frequently 
reported in the literature (Figure 7) while different EC50Men+ values are calculated 
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considering the pH effect in different tests. This gives a large variation in data for 
Cu among studies. For protons, log K values similar to the ones for metal itself 
have usually been estimated for daphnids. 
 

 
Figure 7. The relationship between the toxicity of different metals and their affinities 

for binding to the biotic ligand (BL) sites of different daphnid species. Toxicity is 
shown as EC50 values based on the activity of free metal ions in µM (log EC50Men+) 

and the metal binding affinities (log K values) are in L/mol. The EC50Men+ values 
were corrected for the effect of pH on the toxicity of the different metals to daphnid 
species. The solid line shows the correlation between metal toxicity and the binding 

affinities. The significance of the relationship between EC50 and log K values is 
shown by P and R2 values. The binding affinities for the different metals are given 
in Table 4 and an overview of related experimental setup in Table S4 (Supporting 

Information). The log K and EC50 values for the same metal are taken from the 
same study. Figure S4 (Supporting Information) shows the relationship between 
metal toxicity and binding constants based on average EC50 values. See text for 

more explanation. 
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5.5. Other organisms 
Figure 8 shows the relationship between EC50Men+ values corrected for the effect of 
pH and log K values for algae and bacteria. No data were available for other 
species (e.g., snail and rotifers). The data points included in the graph are EC50Men+ 

values reported by Stoiber et al. (2012) who did not specifically consider the effect 
of pH in toxicity tests. Nevertheless, correlation analysis between toxicity and log K 
values resulted in an R2 value of 0.51, and  the relationship is significant (P = 
0.004). Quite high log KH-BL values for other organisms are found in the literature. 
 
To sum up, pH was shown to be an important factor affecting metal toxicity to 
different organisms (Figures 4-8). Variation in toxicity data at different pH levels 
could be reduced by only considering the effect of pH (compare Figures 4-8 with 
Figures S1-S5). The effect of other parameters, such as competing cations as well 
as DOC, alkalinity, and other inorganic species in test medium, can also be taken 
into account in a similar way was done here for protons. This however, needs to be 
further investigated. 
 
6. Conclusions and future applications 
The BLM modeling approach has been developed to describe and predict the 
toxicity of metals to different organisms. In this review, we comprehensively 
summarized the current knowledge about BLMs applied for different organisms. 
Most BLMs have been developed for aquatic organisms, while work on terrestrial 
organisms is still in progress.  
Internal mechanisms at the solution-organism surface lead to accumulation of 
metals on the BL site of the organism. This BL site may be target for toxicity itself, 
or it may be the starting point for toxicity elsewhere in the body when occupancy of 
the BL site with metal leads to an internal load exceeding the capacity of the 
organism to maintain homeostasis or prevent physiological damage. We 
highlighted some internal mechanisms involved in aquatic species when exposed 
to metals and how they affect binding sites at the BL surface (e.g., fish gills). 
However, BL sites in soil organisms are still unknown. This needs further 
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investigation to clarify the metal uptake routes resulting in better understanding of 
metal bioavailability to these organisms.  
 

 
Figure 8. The relationship between the toxicity of different metals and their affinities 

for binding to the biotic ligand (BL) sites of other species (bacteria and algae). 
Toxicity is shown as EC50 values based on the activity of free metal ions in µM (log 
EC50Men+) and the metal binding affinities (log K values) are in L/mol. The EC50Men+ 
values were corrected for the effect of pH on the toxicity of the different metals to 
algae and bacteria species. The solid line shows the correlation between metal 

toxicity and the binding affinities. The significance of the relationship between EC50 
and log K values is shown by P and R2 values. The binding affinities for the 

different metals are given in Table 5 and an overview of related experimental setup 
in Table S5 (Supporting Information). The log K and EC50 values for the same 

metal are taken from the same study. Figure S5 (Supporting Information) shows 
the relationship between metal toxicity and binding constants based on average 

EC50 values. See text for more explanation. 
 
We estimated conditional binding constants using the BLM modeling to show the 
strength of metals to bind to the active binding sites of the BL surface. This 
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provided an overview of the tendency of metals to bind to the site of action for each 
taxonomic group. When comparing log K values, a species- sensitivity distribution 
type analysis could be made.  
In the present study, we emphasized the role of water chemistries affecting metal 
bioavailability to the organisms. It is worth noting that pH is considered as one of 
the most important factors affecting metal (bio)availability in both soil and aquatic 
systems. When correcting toxicity values (LC50s or EC50s), to get a relationship 
between toxicity and conditional binding constants, a significant effect of pH was 
observed for metal toxicity to the different test species. This confirmed the 
competing potential of protons with the free metal ions to bind to the BL sites of 
organisms. The role of other factors such as other cations competing with the free 
metal ions for binding to the BL sites as well as complexation factors e.g., organic 
matter content or DOC that affect metal ion activity but may also have a modifying 
effect on the BL sites needs to be considered in future analysis.  
Some attempts have been made to apply a BLM modeling approach developed for 
one species to other test organisms. Such cross-species BLM approach can be 
useful for extrapolating toxicity test data obtained in the laboratory for a single 
species to the natural conditions where many species may be exposed to the 
metal. Moreover, the use of combined approaches, such as BLM modeling 
combined with toxicokinetics or toxicodynamics approaches, has been recently 
encouraged to improve understanding of metal bioavailability to different 
organisms. This approach also indicates that test duration (time) is of great 
importance when assessing metal bioavailability. 
 
Supporting Information 
Supporting Information including Tables S1-S5 and Figures S1-S5 can be found in 
Appendix 1. 
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Influence of Ca and pH on the uptake and effects of Cd in Folsomia 
candida exposed to simplified soil solutions 

 
Abstract 
The present study sought to quantify the components of a biotic ligand model 
(BLM) for the effects of Cd on Folsomia candida (Collembola). Assuming that soil 
pore water is the main route of exposure and to exclude the effects of soil particles 
on metal availability, animals were exposed for seven days to different Cd 
concentrations between 0.1 and 100 mM in simplified soil solutions at different Ca 
concentrations (0.2, 0.8, 3.2, and 12.8 mM) or at different pH (5.0, 6.0, and 7.0). 
Higher Ca concentrations decreased the toxicity of Cd (adult survival) in test 
solutions, whereas toxicity was slightly lower at pH 7 and 6 than at pH 5, 
suggesting a mitigating effect of Ca and to a lesser extent pH on Cd toxicity to F. 
candida. Internal Cd concentrations in the animals increased with increasing 
exposure level but were significantly reduced by increasing Ca concentrations and 
were not significantly affected by pH. By using Langmuir isotherms, binding 
constants for Cd, Ca, and protons and the fraction of binding sites occupied by Cd 
were calculated and used to predict effects of Cd on survival. Predicted toxicity 
showed a good agreement with measured responses when Ca and pH were used 
as separate factors or combined together. The present study shows indications of 
protective effects of Ca but less of protons on the toxicity and uptake of Cd in F. 
candida on exposure to simplified soil solutions, which can be described using the 
principles of a biotic ligand model. 
 
Masoud M. Ardestani, Maria Diez Ortiz, Cornelis A. M. van Gestel 
Environmental Toxicology and Chemistry (2013), 32: 1759–1767  
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1. Introduction 
Environmental pollution is a serious problem in aquatic and terrestrial ecosystems. 
Heavy metals are among the most important pollutants, and because of their 
persistence they may have harmful effects on living organisms. This is especially 
the case for non-essential metals, such as Cd, which has become highly abundant 
in the environment because of its presence in agricultural fertilizers, its use in 
industrial materials, and its release during industrial processes (Satarug et al., 
2003; Luoma and Rainbow, 2008).  
Bioavailability is an important aspect of metal uptake and toxicity. Previous studies 
have shown that only a fraction of the total amount of metal present causes toxic 
effects (Lanno et al., 2004; Luoma and Rainbow, 2008). The Free Ion Activity 
Model (FIAM) assumes that binding of the free metal ion to the target site(s) of an 
organism is responsible for toxicity (Campbell, 1995). The activity of the free metal 
ion in solution in many cases explains toxicity (Campbell, 1995). In the solution, 
different cations such as Ca2+, Mg2+, and Na+ can compete with metal cations for 
uptake by the organism, thus reducing Cd toxicity (Campbell, 1995; Santore et al., 
2002). This theory is supported by Biotic Ligand Models (BLMs) that have been 
developed to predict the toxicity of metals in relation to water chemistry factors and 
bioavailability. The term “biotic ligand” refers to a discrete receptor or site of action 
on an organism (e.g., the fish gill) where accumulation of metal leads to toxic 
effects (Di Toro et al., 2001; Santore et al., 2002; Paquin et al., 2002). The BLM 
quantifies the affinity and capacity of the biotic ligand in gills of aquatic organisms 
to bind metals, relating this binding to the magnitude of the toxic effect under 
various water chemistries. Toxicity is related to the fraction of the biotic ligand 
occupied by the metal of interest (Pagenkopf, 1983), which is dependent on water 
chemistry.  
Water quality criteria and guidelines consider the role of geochemical factors in 
metal risk assessments (e.g., Cd toxicity) (USEPA, 2007). For predicting metal 
toxicity, the relative binding affinity of the metal ion must be known (Niyogi and 
Wood, 2004b). For aquatic animals, these binding constants may be calculated 
from ligand-binding experiments and laboratory toxicity tests (Santore et al., 2002).  
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Metal bioavailability in soil is more complicated than in water due to the presence 
of a solid phase. Bioavailability can be affected by soil physical-chemical factors 
such as pH, organic matter, and clay content. According to the pore water 
hypothesis, the aqueous phase (pore water) is the main route of exposure for soil 
organisms (Van Gestel, 1997; Lanno et al., 2004). This implies that the principles 
of the BLM should also be valid in soil. Terrestrial biotic ligand models (t-BLMs) 
have been developed for soil organisms, for example, describing the toxicity of Cu 
and Ni to some plant and invertebrate species (Thakali et al., 2006a, b). The 
prediction of metal toxicity in t-BLMs is possible when metal uptake and toxicity are 
caused by exposure to the metal fraction in the pore water of the soil (Li et al., 
2008).  
The collembolan Folsomia candida is one of the most important soil organisms 
widely used in soil toxicity tests (ISO, 1999; Fountain and Hopkin, 2005), 
representing the highly abundant and ecologically important group of soil 
arthropods. To our knowledge, only one study has investigated the applicability of 
BLMs for the springtail F. candida (Van Gestel and Koolhaas, 2004). The authors 
showed that the free Cd ion is the most important Cd species for predicting uptake 
and toxicity in this organism and showed that Cd toxicity may be affected by pH 
and Ca content. Their study also demonstrated the complexity of unraveling metal 
toxicity processes in soils. To overcome this problem, simplified soil solutions were 
used instead of soils, for example, to determine toxicity and uptake of Cd and Pb in 
the earthworm Lumbricus rubellus (Kiewiet and Ma, 1991), Cd in the earthworm 
Eisenia fetida (Li et al., 2008), Co in the potworm Enchytraeus albidus (Lock et al., 
2006), Cd and Cu in the potworm E. buchholzi (Willuhn et al., 1996), as well as 
mercury (Slotsbo et al., 2009) and some pesticides in springtails (Houx et al., 
1996). Steenbergen et al. (2005) used a t-BLM for describing the acute toxicity of 
Cu to the earthworm Aporrectodea caliginosa exposed in inert quartz sand 
saturated with nutrient solution. Recent studies aimed at developing t-BLMs for 
predicting metal toxicity to plants grown in simplified soil solutions (Antunes et al., 
2006; Lock et al., 2007c; Wang et al., 2010a; Wu and Hendershot, 2010a).  
The present study had the following objectives: to determine whether a simplified 
soil solution could be used as a relevant metal exposure approach for BLM 
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development for Collembola, and if so, to determine the influence of Ca and pH on 
Cd toxicity and uptake in F. candida. To rule out the complexity of metal interaction 
with soil particles, solution exposures were applied, making use of the fact that F. 
candida can survive for a considerable period of time moving about on the water 
surface (Houx et al., 1996). Results from these experiments could be a first step in 
developing a BLM for F. candida.  

 
2. Materials and methods 
2.1. Test organisms 
The springtail F. candida (Collembola: Isotomidae) of the “Berlin strain” has been 
cultured at VU University for many years. An age-synchronized population of F. 
candida was obtained by placing adults on a substrate of moist charcoal and 
plaster of Paris (in a ratio of 1:9 by weight) to lay eggs, at 20 °C and with 12:12h 
dark:light. After two days, the adults were removed, and the eggs hatched after 
approximately 10 days. Dry baker’s yeast (Gist Levure, Dr. Oetker) was added 
once per week, and water was added twice per week. Four-week old F. candida 
were used for the tests.  
 
2.2. Test solutions 
All experiments used simple solutions prepared by adding 0.2 mM Ca as calcium 
nitrate (Ca(NO3)2 x 4H2O; Riedel-de Haën, GmbH) to deionized (demi) water. 
Earlier experiments showed good survival of F. candida in these solutions for at 
least 14 d, with control survival > 80%. Two series of toxicity tests were performed: 
a Ca series and a pH series. All chemicals used were of reagent grade. The Ca 
series used concentrations of 0.2, 0.8, 3.2, and 12.8 mM Ca as Ca(NO3)2 x 4H2O, 
at pH 6.0 ± 0.1. The concentrations of Cd tested, made with Cd nitrate (Cd(NO3)2 x 
4H2O, 99% pure, J.T. Baker), were 0, 0.1, 1.0, 10, 50, and 100 mM Cd.  
For the pH series, pH levels of 5.0, 6.0, and 7.0 were prepared using MOPS buffer 
(3-[N-mopholino] propane sulfonic acid, 0.75 g/L; 99.5% pure, AppliChem, GmbH), 
MES buffer (2- [N-morpholino] ethane sulfonic acid, 2.0 mM; 99% pure, Sigma-
Aldrich, GmbH), and NaOH (99% pure, Riedel-de Haën, GmbH). All pH 
measurements were analytically determined using a Consort P907 pH meter. 
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Calcium concentration was kept constant at 0.2 mM Ca. The nominal 
concentrations of Cd tested in the pH series were: 0, 0.1, 0.32, 1.0, 3.2, 10, 32, 50, 
and 100 mM Cd. 
For each toxicity test, four replicate jars with five animals each were used per 
concentration, each containing approximately 30 mL of test solution. The solution 
depth was approximately 2 cm, and the animals were walking on its surface. The 
100 mL glass jars were cleaned with diluted HNO3 and then rinsed with deionized 
water. Test jars were closed with a plastic lid and incubated in a climate room at 20 
± 1 °C at 12:12h dark:light. The solutions were not renewed, and their volumes 
were kept constant during the experiments. After seven days, all test jars were 
monitored for animal survival using a 50x binocular dissecting microscope. 
 
2.3. Metal analysis 
Surviving adults were sampled from the test solutions, frozen at -18 °C and freeze-
dried. Dry weights were measured using a microbalance (UMT2, Mettler Toledo). 
Animals were transferred to Pyrex tubes that had been thoroughly cleaned with 
nitric acid (HNO3 65 % p.a., Riedel-de Haën) and then with ultra pure nitric acid 
(HNO3 Ultrex II, 69%, J.T. Baker, Canada). By using a 7:1 destruction mixture of 
concentrated HNO3 (Ultrex II) and concentrated HClO4 (Ultrex II, 70%, J.T. Baker) 
and different heating steps, samples were digested and the acid was evaporated to 
dryness. Prior to analysis, the samples were dissolved in 300 µL of 0.1 N HNO3. A 
graphite furnace atomic absorption spectrophotometer (AAS, Perkin Elmer 5100 
PC) was used to analyze Cd in the samples. Certified reference material (ISE 
sample 989 of river clay from Wageningen, The Netherlands) was used to ensure 
the accuracy of the analytical procedure. Measured Cd concentrations in the 
reference material were always within 15% of the certified reference value. 
 
2.4. Model development and data analysis 
The median lethal concentrations (LC50s) and corresponding 95% confidence 
intervals for the effect of Cd on animal survival were calculated with the trimmed 
Spearman-Karber method (Hamilton et al., 1977). All LC50 values were based on 
nominal concentrations. Concentrations of Cd in the test solutions were not 
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determined. With the Visual Minteq program 
(http://www.lwr.kth.se/English/OurSoftware/vminteq) (Gustafsson, 2007), Cd 
speciation and the activity of Ca and free Cd2+ ions based on nominal 
concentrations in the test solutions were calculated. Toxicity was related to free 
metal ion activity at different pH and Ca levels. One-way analysis of variance 
(ANOVA) was used to calculate the effects of Ca and pH levels and the interaction 
of these factors with exposure concentrations on internal Cd concentrations in the 
animals.  
For binding to the biotic ligand, Cd is assumed to compete with other cations 
present in the solution. In chemical equilibrium, the affinity of Cd for binding to the 
biotic ligand (KCd-BL) is described by the equation 
 

𝐾Cd−BL = [CCd−BL] 
{Cd2+} X [BL−]

  (1) 

 
where [CCd-BL] is the concentration of the Cd-ligand complex (mol/kg dry body 
weight), {Cd2+} is the activity of free Cd ion (mol/L), and [BL-] is the concentration of 
unoccupied biotic ligand (mol/kg dry body weight). Likewise, Ca binding to the 
biotic ligand follows the equation 
 

𝐾Ca−BL = [CCa−BL] 
{Ca2+} X [BL−]

  (2) 

 
where [CCa-BL] is the concentration of Ca at the Ca-ligand complex (mol/kg dry 
body weight) and {Ca2+} is the activity of the free Ca ion (mol/L).  
The maximum biotic ligand concentration that can be involved in binding Ca and 
Cd then is as follows 
 
[Cmax-BL] = [BL-] + [CCd-BL] + [CCa-BL]  (3) 
 
If Equation (3) is substituted by Equations (1) and (2), the following equation can 
be derived. 
 

http://www.lwr.kth.se/English/OurSoftware/vminteq
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[Cmax-BL] = [BL-] x (1 + KCd-BL x {Cd2+} + KCa-BL x {Ca2+})  (4) 
 
A Langmuir isotherm was applied to obtain a mechanistic relationship between 
internal Cd concentrations and the activity of free Cd2+ ion in the solution using the 
following equation 
 

[CCd−BL]  = 𝐾Cd−BL X �Cd2+� X [Cmax−BL]
1 + 𝐾Cd−BL X {Cd2+}   (5) 

 
where [CCd-BL] equals the internal Cd concentration in the animals (mol Cd/kg dry 
body weight), KCd-BL is the constant for Cd binding (L/mol) (1/KCd-BL is the metal 
activity at which 50% of the biotic ligand is occupied by Cd), {Cd2+} is the activity of 
free Cd2+ ion (mol/L), and [Cmax-BL] is the maximum Cd concentration bound to the 
biotic ligand (mol Cd/kg dry body weight). Estimates of KCd-BL and [Cmax-BL] were 
obtained by fitting the model to the data.  
In case Ca is present, part of the Cmax-BL will be occupied by Ca. To cope with the 
competition of Ca with Cd, a combined Langmuir isotherm can be used that 
includes both Cd and Ca 
 

[CCd−BL]  = 𝐾Cd−BL X �Cd2+� X [Cmax−BL]
1 + 𝐾Cd−BL X {Cd2+} + 𝐾Ca−BL X {Ca2+}  (6) 

 
The same approach was followed using pH, so calculating KH-BL by replacing the 
Ca terms in Equations (4) and (6) for pH related terms.  
 

[CCd−BL]  = 𝐾Cd−BL X �Cd2+� X [Cmax−BL]
1 + 𝐾Cd−BL X {Cd2+} + 𝐾H−BL X {H+}  (7) 

 
As a next step, we combined the Ca and pH series and calculated a three-species 
Langmuir isotherm by adding the pH term in Equation (6).  
 

[CCd−BL]  = 𝐾Cd−BL X �Cd2+� X [Cmax−BL]
1 + 𝐾Cd−BL X {Cd2+} + 𝐾Ca−BL X {Ca2+} + 𝐾H−BL X {H+} 

  (8) 
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From Equation (5) the fraction of the biotic ligand (fCd-BL) occupied by Cd that can 
cause Cd toxicity to F. candida based on the BLM hypothesis can be written as 
follows 
 

𝑓Cd−BL = [CCd−BL]
[Cmax−BL]

 = 𝐾Cd−BL X �Cd2+� 
1 + 𝐾Cd−BL X {Cd2+}  (9) 

 
Then, a logistic dose-response relationship was fitted relating effects on survival 
with the fraction of the biotic ligand occupied, using  
 

R =  R0
1 + (

𝑓Cd−BL
𝑓Cd−BL50

)β
  (10) 

 
where R is the survival of the test organism as a function of fCd-BL, the fraction of 
the biotic ligand that is occupied by the metal; R0 is the survival in the controls; fCd-

BL50 is the fraction of biotic ligand that has to be occupied by the metal to cause 
50% reduction in survival; and β is the slope of the dose-response curve. This 
model is assumed to hold for each Ca and pH treatment level, with different values 
of fCd-BL50 and β, so this model was applied to derive separate fCd-BL50 values for the 
individual Ca and pH series. After calculating new Cmax-BL values using the two-
species Langmuir isotherms (Equations (6) and (7)), new fCd-BL values were 
derived and from this new overall fCd-BL50 values for the Ca series and for the pH 
series were calculated using Equations (9) and (10). From Equation (8), a Cmax-BL 
value was obtained that was based on the combined data from all Ca and pH 
series; this value was used to estimate new fCd-BL values and a new fCd-BL50 value 
for all data together. 
As a final step, to validate our results obtained using the approach outlined above, 
we estimated survival by filling in the estimated KCd-BL, KCa-BL, and KH-BL values into 
the logistic equation following Thakali et al. (2006a, b) 
 

R = R0

 1 + (
𝐾Cd−BL X �Cd2+�

𝑓Cd−BL50 X (1 + 𝐾Cd−BL X  �Cd2+� + 𝐾Ca−BL X �Ca2+� + 𝐾H−BL X �H+�) )
β
  (11) 

 



75 
 

where R is the survival, and R0 is the survival in the controls. 
To summarize, we first related survival to free Cd2+ ion activity in solution, as well 
as to metal concentrations taken up by the animals. We also related Cd 
concentrations in the animals with free ion activity in solution, under the influence 
of Ca and pH, separately or together, using Langmuir isotherms. Then, we related 
survival to fractions of the biotic ligand occupied, which were estimated as the ratio 
of Cd concentrations measured in the animals and Cmax-BL values estimated from 
Langmuir isotherms. Finally, we validated our fCd-BL50 values by comparison with 
values obtained by applying the model of Thakali et al. (2006a, b). 
All analyses were performed in MS in Excel and SPSS 15.0 for Windows (SPSS). 
To enable an easy fit of the Langmuir isotherms, the equation was written in double 
reciprocal version (Lineweaver-Burk plot) to produce a straight line from which the 
parameters were estimated using non-linear regression in SPSS 15.0. Influential 
points (outliers) in the data set were identified using standardized residuals and 
partial-regression plot methods (Iglewicz and Hoaglin, 1993). Obvious outliers were 
removed from the data series. 
 
3. Results 
3.1. Cd toxicity  
Survival of F. candida in the control group after seven days did not decrease below 
80%, except for the three lower Ca levels where survival was 35% to 60%. In all 
cases, the number of surviving adult animals decreased with increasing Cd 
concentration in solution. The seven-day LC50 values for the toxicity of Cd (based 
on nominal concentrations) at the different Ca concentrations are presented in 
Table 1. The LC50 values estimated using the trimmed Spearman-Karber method 
differed by a factor of 6 and increased with increasing Ca levels, but the lowest Ca 
level deviated from this pattern. When the value for 0.2 mM Ca (which had a very 
wide confidence interval) was omitted, the LC50 values increased with increasing 
Ca level (R2 = 0.99). The LC50 values also increased with increasing pH (Table 1; 
R2 = 0.90), but the maximum difference was only a factor of 2.5. Supporting 
Information, Figure S1, shows the number of surviving animals in the different Ca 
and pH series as a function of the activity of the free Cd2+ ion calculated with the 
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Visual Minteq program. The LC50 values (based on estimated free Cd2+ ion 
activities) differed less than when expressed on total Cd concentrations, and 
ranged between 0.47 and 1.61 mM for the Ca series and between 0.81 and 1.65 
mM for the pH series (Table 1). Also in this case, the LC50 for the lowest Ca 
concentration showed a wide confidence interval. When omitting this value, the 
LC50s based on free Cd2+ ion activity also increased with increasing Ca level, and 
the same was true for pH (Table 1). 
 
3.2. Cd uptake 
The relationship between internal concentrations of Cd in F. candida and the free 
Cd2+ ion activity in different exposure solutions is shown in Figure 1. Internal 
concentrations in the animals ranged from 3.5 to 2400 µmol Cd/g dry body weight 
and generally increased with increasing free ion activity. In most cases, Cd level in 
the animals was lower at 12.8 mM Ca and higher at 0.2 mM Ca. There was a 
significant effect of Ca and Cd concentrations in solution on the internal Cd levels 
in the animals, but no significant interaction between these two factors (ANOVA; P 
< 0.05 for Ca, P < 0.001 for Cd, and P > 0.05 for the interaction of Cd and Ca; 
Supporting Information, Table S1).  
For the effect of pH on the uptake of Cd, no particular trend was observed, but in 
most cases the Cd concentration in animals was lower at pH 5 and higher at pH 7. 
The effects of pH level and interaction of pH and Cd levels on Cd uptake, however, 
were not significant, but the effect of Cd level itself was significant (ANOVA; P > 
0.05 for pH, P < 0.001 for Cd, and P > 0.05 for their interactions; Table S1). 
Cadmium concentrations in the animals were fitted against estimated free Cd2+ ion 
activities in solution, using the inverse Langmuir isotherms. This revealed a number 
of outlying values (see Supporting Information, Table S2), especially at low 
exposure levels. Because of this and because no surviving animals were available 
for all replicates, the number of data to be used for fitting the Langmuir isotherms 
was rather low (5) especially for the 3.2 mM Ca series. After removal of the most 
obvious outliers, the fit of the inverse Langmuir isotherm to the data was significant 
in all cases with, R2 values >0.42 (for pH 5) but mostly >0.7. 
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Table 1. Median lethal concentration (LC50) values with 95 % confidence intervals 
for the effect of Cd on the survival of Folsomia candida exposed for seven days in 
simplified soil solutions with different pH and Ca levelsa 

  Ca series (mM Ca)   pH-series  

0.2 0.8 3.2 12.8  5.0 6.0 7.0 

Nominal   2.17 

(0.52-9.10) 

0.63 

(0.24-1.65) 

1.11 

(0.42-2.95) 

3.85 

(2.96-5.00) 

 1.12 

(0.75-1.69) 

2.39 

(1.41-4.06) 

2.74 

(1.72-4.36) 

Cd2+ 

activity 

 1.26 

(0.37-4.34) 

0.47 

(0.18-1.19) 

0.65 

(0.26-1.62) 

1.61 

(1.28-2.02) 

 0.81 

(0.58-1.14) 

1.54 

(0.99-2.38) 

1.65 

(1.12-2.42) 

a LC50 values in mM Cd and based on nominal concentrations and free ion activities were calculated 
using the trimmed Spearman-Karber method (Hamilton et al., 1977). 
 

Except for pH 7, the intercepts obtained from the reciprocal Langmuir equation 
were not significantly different from zero, also because of the large standard errors. 
Therefore, no proper estimate could be made of the standard errors for the Cmax-BL 
and KCd-BL values, and these values therefore have to be interpreted with caution. 
At higher Ca concentrations and at higher pH less Cd was taken up by F. candida, 
as evidenced by the lower Cmax-BL. The Cmax-BL values ranged between 0.25 and 
2.42 mol Cd/kg dry body weight and the metal binding constant (log KCd-BL, L/mol) 
values between 1.61 and 2.15 for the Ca series and from 1.52 to 2.44 for the pH 
series (Table S2). The Cmax-BL and KCd-BL values obtained were not affected by 
omitting obvious outliers. 
 
3.3. Relating toxicity to body concentrations  
Figure 2 shows the relationship between the survival of F. candida and internal Cd 
concentrations. The number of surviving animals decreased with increasing body 
concentrations, and there were no survivors at concentrations above approximately 
1000 µmol Cd/g dry body weight. The LC50 values based on internal 
concentrations for the effects of Cd on collembolan survival ranged between 2.36 
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and 55.5 µmol Cd/g dry body weight in the Ca series and between 96.5 and 376 
µmol Cd/g dry body weight for the pH series. 
 
3.4. BLM approach to modeling toxicity from Cd uptake data 
Values for fCd-BL were estimated as the ratio of the measured Cd concentration in 
the animals (CCd-BL) and Cmax-BL obtained from the fit of the inversed Langmuir 
isotherm (Equation (5)) to the data (Table S2). Survival decreased with increasing 
fCd-BL, and the fit of the logistic dose-response curve (Equation (10)) resulted in 
estimated fCd-BL50 values between 0.030 and 0.215 (Supporting Information, Table 
S3).  
By using Equation (6), the effect of Ca was added, and an inverse two-species 
Langmuir isotherm was fitted to the data for the effect of Ca on Cd uptake in the Ca 
series. The values obtained from this fit were 1.30 mol/kg dry 
body weight, 1.81 L/mol, and 3.05 L/mol for Cmax-BL, log KCd-BL, and log KCa-BL , 
respectively. Removing two obvious outliers gave a more precise fit, with values of 
1.51 mol/kg dry body weight, 1.74 L/mol, and 2.77 L/mol, respectively (Table 2); R2 
of the fit of the inverse two-species Langmuir isotherm was 0.89. Applying the 
same approach to the pH series (Equation (7)) did not result in a good fit. After 
removal of obvious outliers, the two-species Langmuir isotherm gave parameter 
values for Cmax-BL, log KCd-BL, and log KH-BL of 2.42 mol/kg dry body weight, 2.31 
L/mol, and 5.95 L/mol, respectively (Table 2). As a result of scatter in the data, the 
R2 value was much lower (0.46). Based on the estimated Cmax-BL, values for fCd-BL 
were estimated for the combined data from the Ca series and also for the pH 
series. Fitting survival data against these fCd-BL values using Equation (10) gave 
estimated fCd-BL50 values of 0.015 and 0.081 for the Ca and pH series, respectively 
(Table S3).  
Finally, a reciprocal three-species Langmuir isotherm was fit to all data together. 
The resulting parameter values for Cmax-BL, log KCd-BL, log KCa-BL, and log KH-BL 
were 2.42 mol/kg dry body weight, 1.62 L/mol, 2.87 L/mol, and 4.97 L/mol, 
respectively (Table 2); the R2 value was 0.75. Plotting survival data against fCd-BL 
values calculated by relating body concentrations to the estimated Cmax-BL using 
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Equation (10) resulted in an fCd-BL50 of 0.038 (Supporting Information, Table S3 and 
Figure S2). 

 

Figure 1. Internal Cd concentrations in Folsomia candida after seven days of 
exposure in simplified soil solutions at different Ca (A) and pH (B) levels, plotted 

against the activity of the free Cd ion in the test solutions (calculated from nominal 
Cd concentrations with the Visual Minteq program). 

 
To verify the model parameters, survival was predicted by filling in the estimated 
model parameters in Equation (11) and compared with experimentally measured 
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values. Figure 3 shows a good correlation of data, both when all data were 
combined (R2 = 0.74) and for the Ca and pH series separately (R2 = 0.85 and 0.64, 
respectively). This approach also resulted in estimates of the fCd-BL50, that equaled 
0.007, 0.064, and 0.015 for the Ca series, the pH series, and all data combined, 
respectively. Corresponding values for the slope β were between 0.95 and 1.0. 
 

 

Figure 2. Relationship between the survival of Folsomia candida and internal Cd 
concentrations after seven days of exposure to Cd in simplified soil solutions with 

different Ca (A) or pH (B) levels. 
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4. Discussion 
4.1. Cd toxicity 
In our experiments, the collembolans were able to survive on simplified soil 
solutions for at least seven days. This suggests the test conditions were suitable 
and that 0.2 mM Ca (as nitrate salt) was an adequate aqueous exposure medium 
for toxicity tests with F. candida. Previous studies have shown that, for 
collembolans, such as F. candida, metal toxicity can be related to the water-
extractable fraction in soil, and uptake via the cuticle and the ventral tube is 
suggested to be a more important route of exposure than ingestion (Fountain and 
Hopkin, 2005). The present study showed that, after seven days of exposure, F. 
candida survival was affected by Cd in a dose-related manner, confirming that 
exposure indeed took place. 

 
Table 2. Summary of Langmuir parameters for the uptake of Cd in Folsomia 
candida as affected by Ca and pH of the test solution and comparison with 

literature data 
Test series log KCd-BLa log KCa-BLa log KH-BLa Test species Reference 

Ca series 1.74 2.77 - Folsomia candida Present study 

pH series 2.31 - 5.95 Folsomia candida Present study 

All data 1.62 2.87 4.97 Folsomia candida Present study 

 7.5 3.9 - Oncorhynchus 

 

Niyogi et al., 2008 

 6.97 4.08 6.13 Daphnia pulex Clifforf and McGeer, 

  5.02 2.84 - Vibrio fischeri An et al., 2012 

 4.0 3.35 - Eisenia fetida Li et al., 2008 

a All log K values are in L/mol. 

 
We did not observe a significant effect of Ca on Cd toxicity (Table 1). Nevertheless, 
the LC50 values consistently increased with increasing Ca concentration when the 
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lowest Ca level (0.2 mM) was omitted, where LC50 was higher than at the 
intermediate Ca levels. This finding was confirmed by the fact that at pH 6, where 
the level of Ca was 0.2 mM, the same LC50s were measured (Table 1). The 
increased LC50 with increasing Ca level can be explained by cation competition as 
has been reported for Cd toxicity in rainbow trout (Oncorhynchus mykiss) (Niyogi 
and Wood, 2004b; Niyogi et al., 2008) and Daphnia pulex (Clifford and McGeer, 
2010). According to Li et al. (2008), Ca2+ can decrease the toxicity of the free Cd2+ 
ion, which supports the hypothesis that Ca and Cd have the same binding sites. 
Our finding of an increasing LC50 with increasing Ca levels thus confirms the 
protective effect of Ca against Cd toxicity. With respect to the higher LC50 at the 
lowest Ca level, Shaw et al. (2006) similarly showed that D. magna was more 
tolerant to Cd at lower Ca concentrations. However, the exact mechanism behind 
this finding remains unclear. We did find a similar counterintuitive higher copper 
toxicity in a multi-cation solution compared to the simple 0.2 mM Ca solution used 
also in this study (Ardestani and van Gestel, 2013c). Based on the BLM principles, 
the opposite would be expected based on the protective effects of cations. 
Possibly, the low ionic strength or a deficiency of Ca (or other elements in our Ca 
only test solutions) might have influenced metal toxicity in the presence of 0.2 mM 
Ca. 
The decreased toxicity at higher Ca levels might also be explained by the lower 
Cd2+ ion activity at higher Ca concentrations. Therefore, calcium nitrate probably 
also decreased the toxicity of Cd to F. candida by increasing ionic strength, which 
in its turn led to a reduced free Cd2+ ion activity.  
Cadmium was a factor of 2.0 to 2.5 times less toxic at pH 7 and pH 6 than at pH 5 

(Table 1), differences in LC50 values for the two highest pH levels being small. This 

finding seems not to be in line with the expectation of cation (proton) competition, 

which should protect the animals from being affected by Cd at low pH more than at 

high pH. 
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Figure 3. Measured and predicted effects on the survival of Folsomia candida after 
seven days of exposure to Cd in simplified soil solutions at different Ca 

concentrations and pH levels. The solid lines show the correlation between 
predicted and measured toxic effects in the Ca series (A), the pH series (B), and all 

data (C). Equation (11) was applied and model parameters used as input were 
taken from Equation (8) (all data). 
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Although there were differences in exposure time (7 days compared with 28 days) 
and test medium (soil vs solution), the study of Van Gestel and Koolhaas (2004) 
showed that toxicity of Cd to F. candida in different soils, expressed on the basis of 
water-extractable or porewater concentrations, increased with increasing pH. This 
was confirmed by Van Gestel and Mol (2003). Visual Minteq calculations showed 
that, at higher pH levels, the contribution of other species such as CdNO3+ 
increased to 20% of total Cd in the exposure solutions, whereas the activity of the 
free Cd2+ ion decreased. Our results may suggest that other species of Cd are less 
toxic to F. candida than the free Cd2+ ion, but whether the decrease in total Cd2+ 
activity observed for pH 6 and 7 is sufficient to explain the corresponding decrease 
in toxicity is unlikely. Therefore how to explain the LC50-pH relationship found in 
this study remains unclear. 
 
4.2. Cd uptake 
Figure 1 shows that, when the activity of Cd2+ increased, its concentration in F. 
candida increased. With higher Ca concentrations, Cd concentrations in the 
animals were lower, and there was a significant difference between Ca levels 
(Table S1). This again suggests that Ca can compete with Cd for binding sites and 
may have a mitigating effect on the uptake of Cd also in F. candida. This finding is 
supported by studies with aquatic organisms. Niyogi et al. (2008) reported that Cd 
toxicity in rainbow trout decreased with increasing Ca concentrations, because 
Ca2+ competed with Cd2+ for binding to the biotic ligand (e.g., fish gill), thereby 
reducing Cd uptake. Competition of Ca with Cd uptake has also been 
demonstrated for D. magna (Tan and Wang, 2008) and Hydropsyche californica 
(Buchwalter and Luoma, 2005) but not for H. sparna (Poteat et al., 2012). Verbost 
et al. (1989) reported a functional link between Cd and Ca uptake, interacting 
competitively for uptake through a Ca channel on the gill epithelial cells.  
The increased solubility of Cd at lower pH as estimated with the Visual Minteq 
program was not reflected by increased Cd uptake in the springtails (Table S1), a 
finding that could be attributed to the data scatter, which was highest at low Cd 
exposure concentrations (Figure 1). Kiewiet and Ma (1991) mentioned that internal 
Cd concentrations in L. rubellus were lower at low pH in aqueous solutions, 
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suggesting a protective effect. Playle et al. (1993b) reported a significant reduction 
in gill Cd uptake at acidic pH (4.8) in fathead minnows (Pimephales promelas), also 
resulting from the competition between H+ and Cd2+ at the fish gill surface. It seems 
that, in our experiments, pH was not as protective against Cd uptake in the 
springtails as expected from these literature data. As argued above, this might be 
due to the low Ca level in the solutions or the absence of other essential elements 
such as Mg, Na or K, which might have affected the physiology of our test animals, 
thereby influencing Cd uptake. 
In addition to external exposure conditions, Cd toxicity can also be related to 
internal body concentrations. The lethal body concentration in the present study 
was estimated to be 2.36 to 55.5 µmol Cd/g dry body weight for the Ca series and 
96.5 to 376 µmol Cd/g dry body weight for the pH series (Figure 2). It remains 
unclear why the LC50 values were much higher in the pH series, particularly given 
that the LC50 at pH 6 was much higher than that measured for the exposure 
containing 0.2 mM Ca (254 vs 5.2 µmol Cd/g dry body weight) when pH and Ca 
levels were similar. A possible explanation could be the large variation in our data 
and small number of data points. At the highest exposure levels, only a small 
number of animals survived, leaving few individuals for measurement of body 
concentrations. As a consequence, dose-response curves were fitted to a reduced 
number of data points for each test series. Crommentuijn et al. (1994) showed high 
lethal body concentrations especially for soil invertebrates that have a large 
capacity to detoxify Cd via storage in the body. They reported a lethal body 
concentration for Cd in F. candida of approximately 2.7 µmol Cd/g dry body weight 
(Crommentuijn et al., 1994). This value falls within the lower end of the values 
obtained for the Ca series and is much lower than the values obtained for the pH 
series. Because we would expect lethal body concentrations to be more or less 
independent of exposure time and route, this difference in the sensitivity of F. 
candida cannot be explained by these two factors; 49 day and exposure in soil in 
their experiment compared with water only exposure for 7 day in our tests. Sorption 
of Cd to the exoskeletons was considered a possible reason for the very high body 
concentrations measured. However, in another study (Ardestani et al., 2013b), 
rinsing animals with water or 0.1% HCl did not lead to lower Cu levels in the 
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animals. This suggests that Cd adsorption played a limited role compared with Cd 
uptake. If higher adsorption to the exoskeleton occurred, it was followed by a fast 
uptake (internalization) of the adsorbed Cd; unfortunately, no data are available on 
the Cd internalization rate for Cd adsorbed to the cuticle of Collembola. For the 
caddisfly H. sparna part of the body Cd was shown not to be absorbed but 
associated with an ethylenediaminetetraacetic acid (EDTA) extractable fraction 
(Poteat et al., 2012). If 0.1% HCl was less effective in extracting metal from the 
cuticle compared with EDTA, it is possible that part of the body concentrations 
measured in our test animals indeed did not contribute to toxicity. Another possible 
reason for the higher body concentrations in our experiments might be the limited 
role of molting upon solution exposure. When moulting, the cuticle as well as the 
midgut epithelium is renewed. Renewal of the midgut epithelium is an important 
mechanism of metal excretion in Collembola (Fountain and Hopkin, 2005). Animals 
that were not able to molt may therefore have had higher Cd levels in their midgut. 
This stored Cd would not have contributed to toxicity; storage in the midgut is 
believed to be in granules, making the metal unavailable (Fountain and Hopkin, 
2005). Thus, storage of a fraction of the total Cd in the cuticle and midgut 
epithelium might explain the higher lethal body concentrations. We did, however, 
see some animals molting upon solution exposure (therefore, this factor cannot 
fully explain the high body concentrations in our experiments).  
 
4.3. Relevance of exposure concentrations  
We have to note that the Cd concentrations used in the present study were high 
compared with values reported in the literature for the toxicity of Cd to soil and 
water organisms. It seems that F. candida exposed to solutions is less sensitive to 
Cd than when exposed in soil, leading to rather high LC50 values. The highest LC50 
reported for aquatic organisms is 0.31 mM for the amphipod Crangonyx 
pseudogracilis based on nominal Cd concentrations and 48 hours of exposure 
(Martin and Holdich, 1986). This value is similar to the lower value found in the 
present study. Median lethal concentration values of 0.48 to 1.86 mM based on 
dissolved Cd were reported by Li et al. (2008) when exposing earthworms to Cd in 
test solutions for 48 hours. Van Gestel and Koolhaas (2004) calculated LC50 
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values of 0.6 to 30.1 mM Cd based on total porewater concentrations when F. 
candida was exposed for 28 d to Cd in seven different soils with a pH between 3.5 
and 6.5. These values, corresponding with measured free Cd2+ ion activities of 
0.08 to 2.0 mM, are quite similar to the values found in the present study (Table 1). 
Median lethal concentration values of 0.31 to 0.83 mM based on porewater 
concentrations were reported for F. candida exposed for 50 days to natural soils 
(Bur et al., 2010). Exposure time should be taken into account when comparing 
different studies. Also, the Cd levels measured in the animals were rather high and 
exceed the lethal body concentration reported earlier (Crommentuijn et al., 1994). 
These findings suggest that the low toxicity cannot be explained by a reduced 
uptake of Cd on exposure to simulated soil solutions; rather, F. candida is more 
resistant to Cd than other organisms. Bur et al. (2010) also mentioned that F. 
candida is approximately 9 times less sensitive for reproduction and 33 times for 
lethality than other soil invertebrates when LC50 and median effective 
concentration values were compared based on total Cd concentrations in soil. 
Although more research is needed to find out the exact tolerance mechanisms, the 
consistent dose-related responses of both survival and Cd uptake seen for F. 
candida in the present study supports the validity of developing a BLM for this 
organism. The extent to which the low sensitivity to solution-only exposure affects 
translation of the findings to real soil requires further investigation.  
 
4.4. BLM validation 
The present study showed that the binding constants for Cd (log KCd-BL = 1.62-
2.31) to F. candida estimated from exposures in simplified soil solutions were lower 
than the Ca binding constant (log KCa-BL = 2.77-2.87). This is contrary to values 
reported from other studies, which are summarized in Table 2. Because the fit of 
the Langmuir isotherms showed quite large standard errors, the fitted Cmax-BL and 
log KCd-BL values (Table S2) are prone to a large uncertainty. We therefore also 
estimated log KCd-BL values using the matrix calculation method (De 
Schamphelaere and Janssen, 2002). This did yield similar log KCd-BL values, 
confirming the ones obtained using the Langmuir isotherms. Cadmium and Ca 
binding constants of 4.0 (log KCd-BL) and 3.35 (log KCa-BL) were reported for the 
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earthworm E. fetida exposed in aqueous solutions (Li et al., 2008), and values of 
5.02 and 2.84 were reported for Vibrio fischeri exposed to soil solutions (An et al., 
2012), 6.97 and 4.08 for D. pulex (Clifford and McGeer, 2010), and 7.5 and 3.9 for 
rainbow trout (Niyogi et al., 2008). The difference between the values of the 
present study and those obtained in other studies might be explained by the use of 
different test species and experimental conditions. Perhaps keeping our test 
species, a soil-dwelling arthropod, in a simplified soil solution with a fairly low Ca 
level was responsible for the small difference between the Cd and Ca binding 
constants. The similarity in Ca and Cd binding constant suggests a similar 
competition potency of both divalent cations for binding to the biotic ligand sites on 
springtails. Such a competition effect has been shown before for Ca and Mg in V. 
fischeri (An et al., 2012). It has been reported that divalent metals have the same 
tendency to bind to the ligands because of the negative electrical potential of the 
biotic ligand sites (Wang et al., 2010c), and indications exist that Cd and Ca use 
the same uptake pathway through ion channels because of the similarity in their 
charge and ionic radius (Verbost et al., 1989). With the negative charge of the 
biotic ligand sites, Ca2+ and Cd2+ bind with ligands at more or less the same rate in 
short-term exposures. The Ca2+ can compete with Cd2+ ions for binding to the 
ligands and reduce the affinity of Cd, which may be the case in the present study, 
with lower log K values for Cd compared with Ca. This might also explain why in 
the present study the effect of Ca on Cd toxicity was not significant or was evident 
only at the higher Ca levels. Cadmium accumulates in the body and possibly 
blocks the Ca2+ channel indirectly upon long-term exposure. It has been shown that 
the basolateral Ca2+ pump in fish gills has very high affinity for Cd2+, which 
underlies the blockage mechanism of the Ca2+ channel (Verbost et al., 1988). Both 
the exact mechanism for the interaction between cations and the biotic ligands in F. 
candida and the exact biotic ligand itself remain unclear. For protons, we found a 
log KH-BL of 4.97 to 5.95 (Table 2), which is similar to the values of 5.40 derived 
from Cu exposures in D. magna and fish (De Schamphelaere and Janssen, 2002), 
6.13 found in Cd toxicity tests with D. pulex (Clifford and McGeer, 2010), and 4.61 
for the earthworm Aporrectodea caliginosa exposed to Cu in a nutrient solution 
embedded in inert quartz sand matrix (Steenbergen et al., 2005). The similarity of 
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these binding constants for H+ shows that also the effects of protons as a 
competitor should be considered with the respect to Cd toxicity to F. candida.  
When fitting dose-response curves to survival data from the individual test series 
against estimated fractions of biotic ligand occupied (fCd-BL), fCd-BL50 values of 
between 0.03 and 0.215 were obtained (Table S3). The highest values were found 
for the pH series, which corresponds to the higher lethal body concentrations. 
When combining the different Ca series and pH series, the overall fCd-BL50 value 
was 0.038. This value was validated by the fCd-BL50 values of 0.007 to 0.064 
estimated based on Equation (11) relating predicted toxic effects to measured 
ones. These values indicate that only 0.7% to 6.4% of the Cd binding sites on the 
collembolan’s biotic ligand has to be occupied to produce a 50% effects on 
survival. A value for fCd-BL50 of 0.4 was reported for toxicity of Cd to V. fischeri in soil 
(An et al., 2012) and of 0.3 for the toxicity of Cu to D. magna (De Schamphelaere 
and Janssen, 2002), whereas Thakali et al. (2006b) used a fixed value of 0.05 for 
the toxicity of Cu and Ni to F. candida. It seems that, for soil arthropods such as F. 
candida, a somewhat lower fCd-BL50 is more appropriate. This is confirmed by the 
good correlation between the predicted and measured survival (R2 = 0.64-0.85, 
Figure 3), which is consistent with previous studies. 
The effects of other factors such as Ca concentrations or pH used as input 
parameters of the model suggest that BLM principles may be applicable to F. 
candida when exposed to Cd in aqueous solutions. For developing a BLM for Cd in 
terrestrial animals such as F. candida, it is necessary to take into account soil 
solution (pore water) chemistry and soil characteristics that may affect its 
speciation and bioavailability in soil. Then, it will be possible to develop a BLM for 
predicting metal toxicity for this species. The results of the present study showed 
some effects of Ca and to a lesser extent of pH on the uptake and effects of Cd to 
F. candida. The Ca effects indicate the applicability principles of BLMs to this 
animal, although the effect of pH seemed contradictory to that. Nevertheless, when 
applying a BLM-based approach, toxicity could be explained by changes to both 
Ca and pH. Further research is needed to unravel all possible factors that may 
affect the toxicity of Cd to F. candida in soil. Measuring Cd concentrations in the 
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test solutions and considering other physical chemical parameters will help 
reducing data variability in future studies.  
 
5. Conclusions 
The principles of biotic ligand-based models were used to describe the effects of 
Ca and pH on the uptake and effects of Cd to F. candida in simplified soil solutions. 
The results of the present study show that Ca and pH can affect the toxicity and 
uptake of Cd in F. candida. Although the effect of Ca was much clearer than that of 
pH, our results support the validity of the BLM approach in describing Cd toxicity 
for this species in aqueous exposures. 
 
Supporting Information 
Supporting Information including Tables S1-S3 and Figures S1 and S2 are 
available online at: http://onlinelibrary.wiley.com/journal/10.1002/(ISSN)1552-8618. 
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The influence of calcium and pH on the uptake and toxicity of copper 
in Folsomia candida exposed to simplified soil solutions 

 

 
Abstract 
The aim of the present study was to investigate the influence of Ca and pH on the 
uptake and effects of Cu in Folsomia candida (Collembola). Assuming that soil 
pore water is the main route of exposure, F. candida were exposed for seven days 
to Cu in simplified soil solutions at different Ca concentrations and different pH 
levels. A hormetic-type effect was seen for the effect of Cu on F. candida survival. 
Toxicity of Cu was slightly decreased and Cu uptake increased at the highest Ca 
concentrations. Cu toxicity and uptake were not significantly affected by pH. 
Conditional binding constants for Cu2+, Ca2+ and H+, calculated with a Langmuir 
isotherm, were used to relate Cu toxicity to the fraction of occupied binding sites 
(BL). The estimated 50% effect level (fCu-BL50) was 0.14 when all data were 
combined. To verify the Langmuir parameters, binding constants calculated based 
on internal Cu concentrations were used to estimate predicted effects and 
compared with the measured values. A good correlation between predicted and 
measured survival indicated that the principles of a biotic ligand model may be 
applicable to explain Cu toxicity to F. candida in simplified soil solutions. 
 

 

Masoud M. Ardestani, Rudo A. Verweij, Cornelis A. M. van Gestel 
Journal of Hazardous Materials (2013), 261: 405–413  
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1. Introduction 
Ecosystems have received considerable input of metals due to human activities 
including agricultural use and industrial processes. Due to the use as a fungicide in 
vineyards (Maboeta et al., 2003), in commercial fertilizers (Adriano, 1986), and 
other human activities such as mining (Luoma and Rainbow, 2008), Cu has 
become a serious contaminant with increased concentrations in soils. Cu toxicity to 
sheep has been reported (Soli, 1980) while also effects on earthworms may occur 
in Cu-polluted soils (Spurgeon et al., 2004; Eijsackers et al., 2005).  
To induce toxic effects, metals should become bioavailable to be taken up by 
organisms. Bioavailability in soil systems is related to several chemical, physical, 
and biological factors (Allen, 2002), with uptake from the aqueous phase (pore 
water) probably being the most important route of exposure for soil organisms (Van 
Gestel, 2012).  
The free ion activity model (FIAM) was developed to give a better prediction of 
metal uptake and toxicity in aquatic organisms by relating toxicity to the activity of 
the free metal ion (Campbell, 1995). In solution, different cations such as Ca2+, 
Mg2+, Na+, and H+ can compete with metal cations for uptake into the organism 
reducing their toxicity (Campbell, 1995; Santore et al., 2002). The effects of cation 
competition and complexation of other compounds with the free metal ion for 
uptake from the dissolved phase have been demonstrated by the biotic ligand 
models (BLMs) predicting bioavailability and toxicity of metals to aquatic organisms 
such as Daphnia magna (Di Toro et al., 2001; De Schamphelaere and Janssen, 
2002).  
For soil organisms, terrestrial BLMs have been developed to predict metal uptake 
and effects from the free metal ion activity in soil solution. Recently, several studies 
investigated the effects of soil physical-chemical factors on the toxicity of metals to 
plants and soil invertebrates using exposures in simplified soil solutions 
(Steenbergen et al., 2005; Lock et al., 2007a; Luo et al., 2008; Li et al., 2009b; Le 
et al., 2012). In this way, the complicated and complex interactions of the soil solid 
phase may be excluded and metal speciation could be controlled. 
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As a representative soil organism, the springtail Folsomia candida is used for soil 
toxicity tests (OECD, 2009). The effects of soil chemistry factors on metal uptake 
have been investigated in this animal to examine the applicability of BLMs (Van 
Gestel and Koolhaas, 2004). Results of the latter study suggested that the BLM 
approach may be suitable to describe Cd toxicity to F. candida. But the complex 
interactions of cadmium with the soil matrix made it hard to draw unequivocal 
conclusions. This study therefore aimed at exploring the possibilities for developing 
a BLM for F. candida, applying solution only exposures to exclude the effects of 
soil particles. It has been previously shown that F. candida can survive on the 
water surface for a considerable period of time (Houx et al., 1996). The present 
study determined the effects of different Ca and pH levels, two main factors shown 
to affect metal toxicity, on the uptake and effects of Cu in F. candida. Internal Cu 
concentrations were related with the free Cu ion activity in the exposure solutions 
and survival was related with Cu uptake and free ion activity in order to estimate 
conditional binding constants for Cu, Ca, and protons.  
 
2. Materials and methods 
2.1. Test organism 
The springtails F. candida (Collembola) “Berlin strain” (VU University Amsterdam) 
were cultured in small containers using a base of plaster of Paris and charcoal 
(9:1). To synchronize animals, adults were placed in the containers for two days to 
lay eggs and then removed (OECD, 2009). After hatching of the eggs, animals 
were kept at 12:12h (dark:light) and 20 °C, fed with dry baker’s yeast, and 
containers moistened twice a week. Four-week old animals were used for the 
experiments. 
 
2.2. Experimental design 
Two series of experiments were performed: the Ca-series and the pH-series. Stock 
solutions of Cu were prepared using different concentrations of Cu(NO3)2 x 3H2O 
(99.5% pure; zur Analyse, Merck, Darmstadt) in a solution of 0.2 mM Ca(NO3)2 x 
4H2O (Riedel-de Haën, GmbH). As a single-variable method for characterizing the 
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individual effect of different cations, Ca concentrations were varied in test solutions, 
while pH was kept constant at pH 6.0. The Ca concentrations used as Ca-series 
were 0.2, 0.8, 3.2, and 12.8 mM Ca. Three pH levels were tested: 5.0, 6.0, and 7.0, 
which were prepared by adjusting the pH of 0.2 mM Ca solutions using MOPS 
buffer (3-[N-morpholino] propane sulfonic acid, 0.75 g/L; 99.5% pure; AppliChem, 
GmbH) for pH 6.0 and 7.0, and MES buffer (2-[N-morpholino] ethane sulfonic acid, 
2.0 mM; 99% pure; Sigma-Aldrich, GmbH) for pH 5.0-6.0 and the addition of diluted 
NaOH (99% pure; Riedel-de Haën, GmbH). Cu concentrations tested were 0, 0.04, 
0.16, 0.63, 2.5, 10, 40, and 160 µM Cu in both the Ca and pH series.  
A pH-meter (Consort, P907) was used to measure pH levels in the exposure 
solutions at the beginning and at the end of the tests. For each concentration, 20 
animals (four replicates with five animals in each) were used and the 100 mL glass 
jars containing approximately 30 mL test solution (approximately 2 cm depth in the 
jar) were kept in climate chambers at 20 °C and 12:12h (dark:light) during 
exposure. The volume of the test solutions was kept constant and solutions were 
not renewed. 
 
2.3. Metal analysis 
After seven days, surviving animals were counted and sampled from solutions and 
freeze-dried. A micro balance (UMT2, Mettler Toledo) was used for measuring dry 
weights of the animals. Animals were transferred individually to Pyrex tubes 
thoroughly cleaned using nitric acid (HNO3 65% p.a., Sigma-Aldrich) and ultra pure 
nitric acid (HNO3 Ultrex II, 69%, J.T. Baker). The animals were digested in a 7:1 
destruction mixture of HNO3 (Ultrex II, 69%, J.T. Baker) and HClO4 (Ultrex II, 70%, 
J.T. Baker) and residues were taken up in 0.1 M HNO3 prior to analyses. At the 
end of the experiment, test solutions and digested animals were analyzed by 
graphite furnace atomic absorption spectrophotometry (AAS, Perkin Elmer 5100 
PC). Certified reference material (Dolt II) was also analyzed for Cu to ensure the 
accuracy of the analytical procedure. Measured concentrations of Cu in the 
reference material were always within 15% of the certified reference value. 
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2.4. Data analysis and model parameter estimation 
The survival data in many cases showed a stimulus at low concentrations which 
resembled hormesis. If hormesis happens, the standard logistic model does not 
properly fit to the data. Therefore, a hormetic model (Van Ewijk and Hoekstra, 
1993) was used to estimate LC50 values as follows 
 

R =  R0 X (1+ℎ X Cs) 

1 +(2ℎ X LC50+1) X ( Cs
LC50

)β
  (1) 

 
where R is the survival of F. candida, R0 is the animal survival in the control, Cs is 
measured Cu concentrations in the solution at the end of the test (µM), LC50 is the 
concentration of Cu to cause 50% mortality (µM), β  is the slope of the dose-
response curve, and h is a hormetic parameter.  
When there is no hormetic-type effect in the treatment, h = 0, Equation (1) changes 
to the normal logistic model according to Haanstra et al. (1985) 
 

R =  R0 

1 + ( Cs
LC50

)β
  (2) 

 
For comparison, LC50 values were also calculated using the trimmed Spearman-
Karber method (Hamilton et al., 1977). 
In case the LC50 was based on the free Cu ion activity, Cs was replaced by the 
activity of Cu2+ ion in µM. For that purpose, Cu speciation and free Cu ion activity 
based on measured Cu concentrations in the test solutions at the end of exposure 
were calculated using the Visual Minteq program (http://www.lwr.kth.se/ 
English/OurSoftware/vminteq) (Gustafsson, 2007). 
For analyzing the effects of Ca and pH on internal Cu concentrations and their 
interaction with Cu, first one-way ANOVA was used. Next, this interaction was 
analyzed using a BLM-based approach as described by Ardestani et al. (2013a). In 
brief, the concentration of Cu on the biotic ligand (BL) sites of F. candida, which 
affects survival, was considered as a measure of Cu uptake. The following 
equation shows the binding of a cation (e.g., Cu) to the BL sites 

http://www.lwr.kth.se/%20English/OurSoftware/vminteq
http://www.lwr.kth.se/%20English/OurSoftware/vminteq
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Cu2+ + BL-  Cu-BL  (3) 
 
At equilibrium  
 

𝐾Cu−BL = [CCu−BL] 
{Cu2+} X [BL−]

  (4) 

 
where {Cu2+} is the activity of the free Cu ion in mol/L, [BL-] is the BL concentration 
in the organism (mol/kg dry body weight), [CCu-BL] is the concentration of Cu bound 
to the biotic ligand (mol/kg dry body weight), and KCu-BL is the conditional binding 
constant (L/mol).  
Similar equations can be given for Ca bound to the BL at equilibrium 
 

𝐾Ca−BL = [CCa−BL] 
{Ca2+} X [BL−]

  (5) 

 
and for protons 
 

𝐾H−BL = [CH−BL] 
{H+} X [BL−]

  (6) 

 
where {Ca2+} and {H+} are the activities of the free Ca2+ and H+ ions in mol/L 
(calculated with the Visual Minteq program), [CCa-BL] and [CH-BL]  are the 
concentrations of Ca and protons bound to the biotic ligand (mol/kg dry body 
weight), and KCa-BL and KCa-BL are the conditional binding constants (L/mol). 
The maximum biotic ligand concentration, [Cmax-BL] in mol/kg dry body weight, 
which can be filled by binding different cations is 
 
[Cmax-BL] = [BL-] + [CCu-BL] + [CCa-BL] + [CH-BL]  (7) 
 
Combining Equation (7) with Equations (4), (5), and (6) gives  
 
[Cmax-BL] = [BL-] x (1 + KCu-BL x {Cu2+} + KCa-BL x {Ca2+} + KH-BL x {H+})  (8) 



97 
 

 
Then, a Langmuir isotherm was applied to relate internal Cu concentrations to the 
activity of free Cu ions in the test solutions as follows 
 

[CCu−BL]  = 𝐾Cu−BL X �Cu2+� X [Cmax−BL]
1 + 𝐾Cu−BL X {Cu2+}   (9) 

 
where [CCu-BL] equals the internal Cu concentration in the animals (mol Cu/kg dry 
body weight), KCu-BL is the constant for Cu binding (L/mol) (1/KCu-BL is the Cu 
activity at which 50% of the biotic ligand is occupied by Cu), {Cu2+} is the free Cu 
ion activity (mol/L), and [Cmax-BL] is the maximum Cu concentration bound to the 
biotic ligand (mol Cu/kg dry body weight). Estimates of KCu-BL and [Cmax-BL] were 
obtained by fitting a one-species Langmuir isotherm (Equation (9)) to Cu uptake 
data from each individual Ca and pH data series.  
The presence of Ca2+ in the solution was included in Equation (9) to obtain a two-
species Langmuir isotherm  
 

[CCu−BL]  = 𝐾Cu−BL X �Cu2+� X [Cmax−BL]
1 + 𝐾Cu−BL X {Cu2+} + 𝐾Ca−BL X {Ca2+}  (10) 

 
The same approach was applied for the presence of H+ in the solution 
 

[CCu−BL]  = 𝐾Cu−BL X �Cu2+� X [Cmax−BL]
1 + 𝐾Cu−BL X {Cu2+} + 𝐾H−BL X {H+}  (11) 

 
When both Ca2+ and H+ were present, a three-species Langmuir isotherm (for both 
Ca and pH series together) was used 
 

[CCu−BL]  = 𝐾Cu−BL X �Cu2+� X [Cmax−BL]
1 + 𝐾Cu−BL X {Cu2+} + 𝐾Ca−BL X {Ca2+} + 𝐾H−BL X {H+} 

  (12) 

 
From Equations (10), (11), and (12), conditional binding constants and Cmax-BL were 
obtained by fitting the Langmuir isotherm to the data for the Ca series and the pH 
series separately (Equations (10) and (11)) and all data together (Equation (12)). 
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According to the BLM-based model, the fraction of BL sites occupied by Cu (fCu-BL) 
is responsible for its toxicity and is estimated as  
 

𝑓Cu−BL = [CCu−BL]
[Cmax−BL]

 = 𝐾Cu−BL X �Cu2+� 
1 + 𝐾Cu−BL X {Cu2+}  (13) 

 
Using a hormetic dose-response relationship (Van Ewijk and Hoekstra, 1993) 
(Equation (1)), survival was correlated to fCu-BL for each individual Ca and pH data 
series using the following equation 
 

R =  R0 X (1+ℎ X 𝑓Cu−BL) 

1 +(2ℎ X 𝑓Cu−BL50+1) X (  𝑓Cu−BL
 𝑓Cu−BL50

)β
  (14) 

 
where R is the survival of F. candida as a function of fCu-BL (%), R0 is survival in the 
control (100%), fCu-BL50 is the fCu-BL that causes 50% mortality, β  is the slope of the 
dose-response curve, and h is a hormetic parameter. 
The fCu-BL value for the Ca and the pH series was calculated from the measured Cu 
concentrations in the animals and the Cmax-BL was estimated using Equations (10) 
and (11), respectively. The fCu-BL value for the Ca and pH series together was 
obtained using the Cmax-BL for the combined Ca and pH series (Equation (12)). 
Next, the values for h, β, and fCu-BL50 were estimated using Equation (14) first for 
the separate Ca and pH series and then for all data together. 
For validating the model, survival was predicted using the binding constants 
obtained from Equations (10), (11), and (12) and new fCu-BL50 and β values were 
calculated by using Equation (15), first for each Ca and pH data series separately 
and then for all data together (Thakali et al., 2006a, b). 
 
R =

100 X 
1+ℎ X 𝐾Cu−BL X �Cu2+�

1 +𝐾Cu−BL X �Cu2+� + 𝐾Ca−BL X �Ca2+� + 𝐾H−BL X �H+�

 (1 +2ℎ X 𝑓Cu−BL50+1) X (  𝐾Cu−BL X �Cu2+�
𝑓Cu−BL50 X (1 + 𝐾Cu−BL X  �Cu2+� + 𝐾Ca−BL X �Ca2+� + 𝐾H−BL X �H+�) )

β
 

 (15) 
Predicted survival was compared with measured survival data. 
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To summarize, we first related survival to free Cu ion activity in the test solutions. 
We also related Cu concentrations in the animals with free ion activity in solution, 
under the influence of Ca and pH, separately or together, using Langmuir 
isotherms. Then, we related survival to fractions of the biotic ligand occupied, 
which were estimated as the ratio of Cu concentrations measured in the animals to 
Cmax-BL values estimated from Langmuir isotherms. Finally, we validated our 
predicted values with measured survival data and obtaining new fCu-BL50 values by 
comparison with values obtained by applying a model of Thakali et al. (2006a, b) 
modified for hormetic responses (Equation (15)). 
To obtain a better fit for the Langmuir isotherms, reciprocal transformations 
(Lineweaver-Burk plot) were used. All analyses were run in Excel using SOLVER 
and SPSS 15.0 for Windows (SPSS Inc., Chicago, Illinois, USA). 
 
3. Results 
The recovery of Cu in test solutions at the end of the exposures in most cases 
ranged between 80 and 120% of the nominal concentrations, with in some cases 
much higher (up to 276%) or lower (up to 41%) values. Therefore, all data are 
expressed on the basis of final measured Cu concentrations. Survival of test 
animals in the control test solutions was > 80% after four days of exposure and > 
60% after seven days of exposure. The pH was 6.0 in all test solutions at the 
beginning of the tests except for the pH series. Small changes in the pH (± 0.1 
units) at the beginning of the exposures were allowed. At the end of the test, 
measured pH levels differed no more than 0.3 units from the nominal values.  
 
3.1. Cu toxicity  
At 0.2 and 0.8 mM Ca and pH 6.0, there was a clear hormetic dose-related 
response with h values between 23.8 and 52.8 (based on the free Cu ion activity). 
At 3.2 mM Ca and pH 5.0 hormesis was absent (h = 0), and at 12.8 mM Ca and pH 
7.0 only a slight hormetic effect was seen with h values of 0.6 and 0.02, 
respectively (Table 1). The fit of the hormetic model to the survival data related 
both to measured Cu concentrations and to free Cu ion activities (Figure 1) gave 
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R2 values between 0.50 and 0.72 for the Ca series and between 0.45 and 0.63 for 
the pH series. 
Dose-response relationships showed little difference among treatments with 
different Ca concentrations or pH levels (Figures 1A and 1B). LC50 values based 
on free Cu ion activity ranged between 2.4 and 23.1 µM Cu for the Ca series and 
between 2.4 and 4.7 µM Cu for the pH series (Table 1). Within the Ca series, the 
LC50s decreased with increasing Ca level, except for 12.8 mM Ca, while in the pH 
series LC50 values did not show a clear pH-related trend. Unfortunately, confidence 
intervals for calculated LC50s were wide and therefore are not shown in Table 1. As 
a consequence, LC50s did not differ within the Ca or pH series. For comparison 
with the hormetic-type effect, LC50 values based on measured Cu concentrations 
calculated using the TSK method are shown in Table 1. When the hormetic effect 
was small or absent, LC50s calculated with the logistic or the TSK method did not 
differ much, but in case of strong hormetic effects TSK underestimated the LC50. 
 
3.2. Cu uptake  
In Figure 2 the relationship between internal concentrations in F. candida and the 
activity of Cu in different exposure solutions is shown for all treatments. Internal Cu 
concentrations in the animals increased with increasing exposure levels, but did 
not always show a good fit. When related to the free Cu ion activity in the test 
solutions, fit was better, e.g., for the Ca series, R2 = 0.69 for the free Cu2+ activity 
compared to R2 = 0.52 for the measured Cu concentrations (Supporting 
Information, Figure S1) and for the pH series R2 = 0.51 and R2 = 0.54, respectively 
(results not shown). For the individual Ca concentrations, R2 ranged between 0.31 
and 0.77 for the free Cu ion activity and between 0.20 and 0.74 for the measured 
concentrations, while the R2 values for the individual pH levels were between 0.42 
and 0.69 and between 0.34 and 0.72, respectively. 
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Table 1. LC50s for the effect of Cu on the survival of Folsomia candida after seven 
days exposure in simplified soil solutions with different Ca and pH levels. LC50 

values in µM Cu based on measured Cu concentrations at the end of test and free 
Cu ion activities were calculated using a hormetic dose-response model (Equation 
(1)), and so were LC50in t values based on internal Cu concentrations (mol/kg dry 
body weight). The corresponding hormetic parameters (h or hint) are shown in the 
parenthesis. In all cases 95% confidence intervals were wide and therefore, not 

shown. LC50 values calculated using the trimmed Spearman-Karber method 
(Hamilton et al., 1977) (TSK-LC50 in µM) based on measured Cu concentrations 

are also included. Corresponding 95% confidence intervals are given in the 
parenthesis. 

 Ca (mM)  pH 

0.2 0.8 3.2 12.8  5.0 6.0 7.0 

Cu-measured         

LC50 19.7 17.0 3.8 10.5  5.1 2.3 3.9 

h 36.5 20.6 0a 0.24  0a 15.1 0.03 

TSK-LC50 -b 5.5 

(2.8-10.7) 

5.4 

(2.1-14.0) 

9.8 

(5.3-18.0) 

 4.5 

(2.0-10.1) 

-b 2.1 

(0.4-10.4) 

Cu-activity         

LC50 23.1 12.0 2.4 4.9  4.7 2.4 2.8 

h 52.8 24.0 0a 0.61  0a 23.8 0.02 

TSK-LC50 6.19 3.00 3.07 5.98  4.95 0.80 2.92 

Internal Cu         

LC50int 0.007 0.004 0.021 0.017  0.025 0.015 0.018 

hint (0)a (31.6) (0.03) (0.08)  (12.4) (0.12) (0)a 

a No hormetic-type effect was observed 
b The LC50 values could be estimated by automatic trim 
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Cu concentrations in the animals were higher at higher Ca levels especially at high 
Cu exposure levels. Ca and Cu concentrations and their interaction had significant 
effects on the internal Cu concentrations in the animals (ANOVA; P < 0.001 for Cu; 
P < 0.05 for Ca; and P < 0.05 for their interactions; Supporting Information, Table 
S1). The effect of pH on internal Cu levels was not significant, but the effect of Cu 
concentrations and the interaction between Cu and pH levels were significant 
(ANOVA; P < 0.001 for Cu; P > 0.05 for pH; and P < 0.05 for their interactions; 
Table S1).  
 
3.3. Relating Cu toxicity to body concentrations 
Survival of F. candida decreased with increasing internal body concentrations in 
both Ca and pH series (Supporting Information, Figure S2). The LC50 values based 
on internal body concentrations were 0.004-0.021 mol Cu/kg dry body weight for 
the Ca series and 0.015-0.025 mol Cu/kg dry body weight for the pH series (LC50int, 
Table 1). In both cases, no consistent trend of increasing or decreasing LC50 with 
increasing Ca or pH levels was observed. In some cases, the hormetic parameter 
(h) was quite different for LC50int values compared to the values based on 
measured Cu concentrations. There were no surviving animals when Cu 
concentrations exceeded approximately 0.1 mol Cu/kg dry body weight. 
 
3.4. BLM-based parameters 
By applying one-species Langmuir isotherms, Cu binding constants (log KCu-BL, 
L/mol) were calculated to range between 4.17 and 5.85 in the individual Ca series 
and between 4.69 and 4.88 in the individual pH series. Few outliers were observed 
and omitted when fitting the Langmuir isotherms to the data (Table 2). Due to large 
scatter in the data, poor fits were obtained especially at 0.8 and 3.2 mM Ca and at 
pH 5.0 with R2 values < 0.3. The Cmax-BL values varied between 0.10 and 0.17 mol 
Cu/kg dry body weight among individual Ca series and from 0.25 to 0.28 mol Cu/kg 
dry body weight among individual pH series.  
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Figure 1. Survival of Folsomia candida after seven days of exposure to Cu in 
simplified soil solutions at different Ca (A) and pH levels (B) related to free Cu ion 
activities in the test solutions estimated from measured Cu concentrations at the 

end of exposure using Visual Minteq. The Y-axis shows the total number of 
surviving animals for each treatment (total of 4 replicates; n = 20); the lines show 

the fit to the data of the hormetic dose-response model (Equation (1)). 
 

Calculated Cmax-BL values were then used to determine values for the fraction of 
sites occupied at the biotic ligand, fCu-BL (see Equation (9)). At this stage, no cation 
competition was added to the model. Then, using a dose-response curve based on 
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Equation (14), the fCu-BL50 was estimated to range between 0.02 to 0.36 for the 
individual Ca series and between 0.01 to 0.10 for the pH series (Supporting 
Information, Figure S3 and Table S2). Stronger hormetic effects were observed for 
the lowest Ca and the highest pH levels (h = 192-195). 
 

 

Figure 2. Internal Cu concentrations in Folsomia candida after seven days of 
exposure in simplified soil solutions at different Ca (A) and pH levels (B), plotted 

against the activity of the free Cu ion in the test solutions (calculated from 
measured Cu concentrations with the Visual Minteq program). Each data point 

represents an individual surviving animal. 
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Table 2. Langmuir parameters for the uptake of Cu in Folsomia candida exposed 
for seven days in simplified soil solutions at different Ca concentrations and pH 
levels. Data are based on the activity of free Cu ions in the exposure solutions 

calculated from measure exposure levels at the end of test using Visual Minteq. 
Values for Cmax-BL and log KCu-BL were estimated using a reciprocal Langmuir 

isotherm (Equation (9)). The Cmax-BL value is in mol Cu/kg dry body weight and log 
KCu-BL is in L/mol. Also included is the number of outliers that was removed from 

the analysis to enable a proper fit of the Langmuir isotherms to the data. 
Parameters Ca series (mM Ca) 

 0.2 0.8 3.2 12.8 

Cmax-BL 0.12 0.10 0.10 0.17 

log KCu-BL 5.21 5.41 5.85 4.17 

N 30 29 32 28 

Number of outliers 2 3 0 4 

  pH series   

 5.0 6.0 7.0  

Cmax-BL 0.25 0.25 0.28  

log KCu-BL 4.69 4.88 4.81  

N 30 30 32  

Number of outliers 2 2 0  

N = total number of animals in each individual Ca and pH series 

 
A two-species Langmuir isotherm was fit to the data to consider the effect of Ca on 
Cu uptake (Equation (10)). Values for Cmax-BL, log KCu-BL, log KCa-BL were calculated 
to be 0.17 mol/kg dry body weight, 4.80 L/mol, and 2.20 L/mol, respectively 
(Supporting Information, Table S3). For the pH series (Equation (11)), these values 
were 0.25 mol/kg dry body weight, and 5.22 L/mol, and 3.32 L/mol for log KCu-BL 
and log KH-BL, respectively. Subsequently, for each series, the hormetic model 
(Equation (14)) was fitted to the data to yield fCu-BL50 values of 0.24 for the Ca 
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series and 0.17 for the pH series. No 95% confidence interval could be calculated 
for the fCu-BL50 values (Table S2). In both cases, a strong hormetic effect was 
observed (h = 393-829).  
Finally, a three-species Langmuir isotherm was fitted to the data for the Ca and the 
pH series together (Equation (12)). The estimated values for Cmax-BL, log KCu-BL, log 
KCa-BL, and log KH-BL were 0.29 mol/kg dry body weight, 5.19 L/mol, 2.12 L/mol, 
and 5.04 L/mol, respectively (Table S3) and a final value of 0.14 for fCu-BL50 was 
calculated using a hormetic model (Table S2, Figure 3). Again, a strong hormetic 
effect was seen (h = 815), but no 95% confidence interval could be calculated for 
this fCu-BL50. 
 

 

Figure 3. Dose-response relationship relating the effect of Cu on the survival of 
Folsomia candida with the fraction of the biotic ligand (BL) sites occupied after 

seven days of exposure to Cu in simplified soil solutions with different Ca 
concentrations and pH levels. The solid line shows the fit of the hormetic model to 

all survival data from the Ca series and the pH series together. The fraction of 
occupied biotic ligand sites which shows 50% effect was estimated from Equation 

(14). 
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To validate model parameters, survival was estimated with Equation (15) and then 
compared with measured survival data (Figure 4). The new fCu-BL50 values for the 
Ca series, pH series, and all data were 0.10, 0.30, and 0.09, respectively; in all 
cases no fit in SPSS was possible and no 95% confidence intervals could be 
estimated. The slope of the dose-response curves was 1.0 to 1.1 in all cases. A 
better correlation between predicted and measured survival was seen for the pH 
data series (R2 = 0.71) than for the Ca data series (R2 = 0.45) or for all data 
together (R2 = 0.55). 
 
4. Discussion 
4.1. Hormetic effects of Cu 
In the present study, toxicity of Cu to F. candida in simplified soil solutions showed 
hormetic-type dose-response curves in many cases, especially at the lower Ca 
levels and at pH 6.0 (Table 1). Such hormetic-type responses have been reported 
frequently in animals as well as plants and micro-organisms (e.g., Calabrese, 
2008), but usually for sublethal endpoints rather than for survival. Sandifer and 
Hopkin (1997) showed higher survival of springtails exposed to Cu and Pb at 
concentrations of 100-200 mg/kg dry soil. But, they did not consider this to be 
“hormesis”. Jager et al. (2013) mentioned “hormesis” a mathematical description of 
a dose-related response of individuals without a clear mechanistic mechanism. 
They provided a number of possible explanations for hormesis, some of which may 
be related to experimental artifacts and suboptimal test conditions. So, 
understanding the hormetic mechanism may provide a better understanding of its 
relevance for the survival of animals (Mushak, 2007). In the present study, the 
hormetic effect was seen at a concentration of approximately < 0.1 µM Cu. 
However, the occurrence of hormetic effects can vary depending on the test 
species, metal, and experimental set up. Lower survival or reproduction of the 
organism at low concentrations of essential metals may also result from metal 
deficiency (Muyssen and Janssen, 2002; Muyssen et al., 2006). Another 
explanation for the low-dose stimulatory response is that the hormetic effect is 
initiated by interaction of the toxicant with Na+/Ca2+ pumps (e.g., interaction of a 
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drug with sodium pump in case of a pharmaceutical study; Calabrese, 2008). In the 
present study this effect therefore, may be due to the interaction of Cu with Ca 
pumps. This might suggest that the collembolans were deficient for Ca in our 
simplified 0.2 mM Ca test solution. 
According to Stebbing (1998), the hormetic-type response is attributed to the 
organism rather than to a chemical. Due to metal deficiency, the organism tries to 
overcompensate to avoid a disruption in its homeostasis. In the present study, 
internal Cu concentrations were 0.0005-0.006 mol Cu/kg dry body weight at low 
exposure levels (Figure 2) which might be too low for F. candida regarding its 
metabolic requirements. White and Rainbow (1985) estimated that for aquatic 
molluscs and crustaceans, a level of 0.0004 mol Cu/kg dry body weight is required 
for enzymatic activities. These organims need an additional 0.0009-0.002 mol 
Cu/kg for maintaining their blood proteins. As a consequence, our test animals 
should contain similar Cu concentrations, e.g., 0.001-0.002 mol/kg dry body weight. 
For maintaining optimal internal Cu concentrations at low Cu exposure 
concentrations (< 0.1 µM Cu), the animals need to invest more energy at the 
expense of their survival (Muyssen and Janssen, 2002; Jager et al., 2013), causing 
a lower survival at this exposure concentration. This might be the undelying 
mechanism for the hormetic-type effects observed in the present study. 
Muyssen and Janssen (2002) showed an optimal Zn concentration (65 µg Zn/l) for 
D. magna where Zn deficieny was observed at a lower exposure level (12 µg Zn/l). 
In line with this reasoning, in the present study the concentrations of 0.1 to 0.6 µM 
Cu may have been optimal for F. candida in sustaining their internal requirements 
(Figure 2), preventing survival to decrease (Figure 1).  
   
4.2. Cu toxicity in relation to Ca and pH effects 
Ca showed a mitigating effect on the toxicity of Cu to different organisms (Paquin 
et al., 2000; De Schamphelaere and Janssen, 2002; Borgmann et al., 2005; Luo et 
al., 2008). In the present study, however, we did not observe a clear protective 
effect of Ca on Cu toxicity. The hormetic-type response possibly affected the 
competition of Ca with Cu to bind to the animals as it was especially seen at low 
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Ca levels. This suggests an interaction of Cu and Ca at the biochemical level with 
the hormetic effect being stronger when less cations are present in the solution.  
After reaching a certain amount of Cu in the animals (see Cu uptake section 
below), due to the Cu2+ competition with Ca2+ ions, hypocalcemia may occur and 
the hormeic response is expected to disappear. When the metal replacement at the 
BL surface increases, the negativity of BL surface electrical potential reduces and 
as a consequence of taking up more metal ion, Ca deficiency increases (Wang et 
al., 2010c). This may be the reason why the LC50 was lower at 3.2 mM Ca. 
Additional Ca in the solution (12.8 mM Ca) might offset Ca deficiency. The 
somehow higher LC50 at 12.8 mM Ca is in line with the BLM expectation that 
higher Ca concentrations alleviate Cu toxicity. But, still the internal mechanism for 
the hormetic dose-response relationship in toxicology has not been experimentally 
defined.  
In the present study, LC50s based on free Cu ion activity, ranging between 2.4 and 
23.1 µM Cu, were higher at the lower Ca levels (Table 1, see also Figure 1A). At 
higher Ca concentrations, free Cu ion activity was reduced (Visual Minteq) resulting 
in an increased LC50 values, which were still lower compared to 0.2 mM Ca. Again, 
this might be due to the higher hormetic effect at 0.2 and 0.8 mM Ca.  
Cu was more toxic at pH 6.0 (Table 1), where the hormetic-type effect influenced 
survival of the animals. Based on free Cu ion activities, Cu was only slightly less 
toxic at pH 5.0 than at the higher pH levels (Table 1) possibly due to a protective 
effect of protons reducing binding of Cu to the BL. At pH 7.0, the proportions of 
other Cu species (e.g., CuOH+ and Cu(OH)22+) increased to 20% concomitant with 
the decreasing proportion of Cu2+ (Visual Minteq). These results are consistent with 
a previous study which showed a similar distribution of Cu species in tests with D. 
magna (De Schamphelaere and Janssen, 2004b). These Cu species might have 
some toxicity to F. candida. However, the toxicity of other Cu species to this animal 
needs further investigation. 
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Figure 4. Measured and predicted effects on the survival of Folsomia candida after 
seven days of exposure to Cu in simplified soil solutions at different Ca 

concentrations and pH levels. Shown is average survival (%) for each treatment 
level. Equation (15) was applied and model parameters used as input were taken 

from Equation (12) (all data, Table S3). The solid lines show the correlation 
between predicted and measured toxic effects in the Ca (A), pH series (B), and all 

data (C). 
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4.3. Cu uptake 
The activity of the free cations is a better predictor of metal toxicity and uptake in 
animals than total Cu concentrations in solution which seems to be confirmed by 
our findings (Figure S1). The correlation between internal body concentrations in F. 
candida and free Cu ion activities did however, show some differences between 
treatments (Figure 2). 
When Ca concentrations increased from 0.2 to 12.8 mM, Cu levels in the animals 
increased rather than decreased (Figure 2A) coinciding with higher toxicity at high 
Ca levels compared to low Ca levels (Table 1). These results contradicts with the 
finding of a clear mitigating effect of Ca reported on reducing Cu uptake via 
mechanisms designed for Ca2+ uptake in D. magna (De Schamphelaere and 
Janssen, 2002). This difference may be due to the difference in the physiology of 
the two organisms, and in the exposure conditions. Due to the lower free Cu ion 
activities at higher Ca levels, the present data did not show lower uptake in F. 
candida. This may be explained especially by the fact that hormesis was stronger 
at the two lower Ca levels suggesting the lack of Ca was kind of compensated for 
by low concentrations of Cu. The exact mechanism however, remains unclear.  
It should be noted that Cu was regulated in the test animals. The internal Cu 
concentrations did exceed 0.004 mol Cu/kg dry body weight which is in line with 
previous studies (e.g., Vijver et al., 2001; Ardestani and van Gestel, 2013a). In the 
latter study, Cu accumulation kinetics was investigated in F. candida after 14 days 
exposure to Cu-spiked LUFA 2.2 soils at different pH levels followed by 14 days 
elimination in which animals transferred to clean soil. That study showed hardly 
any uptake of Cu in the animals above the background level, confirming reulation 
of this essential element. Therefore, due to the probable mitigating effect of Ca at 
12.8 mM Ca and regulation of Cu, higher Cu concentrations in the animals are 
assumed to be less toxic at higher Ca levels (Figure 1). 
Another possible explanation for the higher internal Cu concentrations in F. 
candida at high exposure concentrations (Figure 2, right part) can be the sampling 
of dead animals during the last days of the experiment in which survival was close 
to zero (Figure 1). Due to the lack of internal active mechanisms for detoxification, 
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measured Cu concentrations in dead animals may have been much higher than in 
living ones. 
Figure 2B shows that internal Cu concentrations were higher at pH 6.0 than at pH 
5.0 and pH 7.0 in most cases which confirms the higher toxicity at pH 6.0 (Table 1). 
Free Cu ion activity in the solution was lower at pH 7.0 than at pH 5.0 and pH 6.0 
(Visual Minteq), explaining for the slightly lower uptake at pH 7.0. However, quite 
some scatters existed in the data series (Figure 2B). The lower uptake at pH 5.0 
might be due to the higher H+ level leading to an increased competition with Cu2+ 
for uptake sites on the organism.  
 
4.4. Body concentrations and toxicity  
The LC50 values based on internal body concentrations relating survival to the 
internal Cu concentrations ranged between 0.004 and 0.021 mol Cu/kg dry body 
weight for the Ca series (Figure S2). These values were highest at the higher Ca 
concentrations (3.2 and 12.8 mM Ca) indicating that at higher Ca concentrations 
toxicity might be reduced due to a possible protective effect of Ca. Again, the 
hormetic responses shown at low Ca levels should be taken into account when 
considering the interaction of Ca with Cu toxicity. A few outliers had to be removed 
from the data series to enable a proper fit of the model to the individual data series 
when we calculated LC50 values based on internal concentrations (Table 1). LC50 
values of 0.015 to 0.025 mol Cu/kg dry body weight were found for the pH series, 
with the lowest value at pH 6.0. The same trend was found for the LC50 values 
based on measured Cu concentrations in solution (Table 1), suggesting that 
measured Cu concentrations were also quite accurate in predicting Cu toxicity to F. 
candida.  
The measured internal Cu concentrations in the present study, ranging between 
0.001 and 0.1 mol Cu/kg dry body weight, were higher than other studies. Internal 
LC50s up to approximately 0.004 mol Cu/kg dry body weight were found in F. 
candida exposed for four days to Cu in 0.01 M CaCl2 solutions (Bruus Pedersen et 
al., 2000), while an EC50 of approximately 0.002-0.004 mol Cu/kg dry body weight 
was estimated for effects on the growth after 28-day exposure in spiked soils 
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(Bongers, 2007). The high body concentrations in our study were not due to Cu 
sorption to the animals. This was confirmed by rinsing animals with 0.1% HCl 
which did not lead to lower body concentrations.  
 
4.5. Applicability of BLM-based model 
Table 3 shows a summary of conditional biotic ligand binding constants for Cu in 
different organisms. The log KCu-BL value of 5.19 in the present study (when 
combining all data) is similar to the values reported in other studies, although the 
test organisms and experimental conditions were different. For F. candida, a value 
of 4.62 was reported before (Thakali et al., 2006b) which is within the range of 
values found for the individual Ca and pH data series in the present study (Table 
2). The endpoint of their chronic test was juvenile reproduction in soil, which 
suggests that our simplified soil solutions were quite accurate in estimating 
conditional binding constants indicative also for soil exposure. Also the value of 
2.12 for log KCa-BL found in our study is in agreement with other studies on other 
organisms which did not show high values for Ca binding constants. The value for 
log KH-BL of 5.04 in the present study was also in the range reported by other 
studies (Table 3). The higher binding constant indicates that protons may be 
stronger competitors with Cu2+ than Ca ions for binding to the BL in different 
organisms. 
The estimated value of 0.14 for fCu-BL50 based on Equation (14) (Table S2) using all 
data together was quite similar to the values reported in the studies on other 
organisms (Table 3). This fCu-BL50 value indicates that 14% of binding sites should 
be occupied by Cu to show 50% reduction in the survival of F. candida. Higher fCu-

BL50 values were observed at higher Ca levels (3.2 and 12.8 mM) which agree with 
the higher LC50 values based on internal concentrations (Table S2). However, the 
values were higher at pH 7.0 than at lower pH which did not agree with LC50int 
values. This may suggest that the hormetic-type effect at pH 5.0 and 6.0 was 
affecting the fCu-BL50 values. In the study of Steenbergen et al. (2005), it was not 
possible to reach a reliable value for fCu-BL50 due to its association with log KCu-BL 

values when fitting the model to the data (Table 3). In the study of Thakali et al. 
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(2006a), a fixed value of 0.05 was used for fCu-BL50 to get a reasonable estimate for 
the other model parameters. This suggests that the values found in our study were 
in the expected range.  
The binding constants calculated based on internal Cu concentrations were used 
to estimate the survival of F. candida in each test series and all data together. This 
showed good correlation between predicted and measured survival data (Figure 4, 
using Equation (15)) and the obtained new fCu-BL50 values ranging between 0.09 
and 0.3 were similar to the value found when using all data together (Tables 3 and 
S2). 
Results of this study showed quite some varation, and in many cases it was not 
possible to obtain good model fits. As a consequence, in several cases only a fit 
was possible in Excel not allowing for the establishment of 95% confidence 
intervals. Nevertheless, using a BLM-based model we found a good relationship 
between the survival of animals and internal Cu concentations when taking into 
account the effects of Ca and pH. The applicability of this model to provide a 
general framework and to allow extrapolation across different soil systems 
however, needs further investigation. This will also help understanding the 
relationship between Cu uptake and toxicity in F. candida when considering the 
effects of soil properties. 
 
5. Conclusions 
The findings of this study indicated that Ca and pH may affect the uptake and 
effects of Cu in F. candida in simplified soil solutions. At low Cu exposure 
concentrations a hormetic-type response was observed on animal survival, 
probably due to Cu deficiency. The interaction of Ca with Cu showed counteracting 
effects on the uptake and toxicity of Cu. In the present study, we tried to estimate 
binding constants for Cu, Ca, and protons to the animal’s biotic ligand based on 
internal Cu concentrations. Then, these binding constants were used to predict the 
survival of F. candida. The good correlation between the predicted and measured 
survival is a promising first step towards a biotic ligand-based model to predict 
toxicity of Cu to this soil arthropod. 
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Table 3. Summary of biotic ligand model-based parameters obtained when exposing different test organisms to Cu in different substrates, at different test 
durations, and assessing different endpoints. 

Test organism Endpoint Duration 

(days) 

Medium Conditional binding constants (log units, L/mol) fCu-BL50 References 

KCu-BL KCa-BL KH-BL 

Barley (Hordeum vulgare) Root elongation 4 Soil 7.41  6.48 0.05 Thakali et al., 2006a 

Tomato (Lycopersicon esculentum) Shoot yield 21 Soil 5.65  4.38 0.05 Thakali et al., 2006b 

Wheat (Triticum aestivum) Root elongation 2 Solution 6.28 2.43  0.44 Luo et al., 2008 

Lettuce (Lactuca sativa) Root elongation 4 Solution 7.40  6.27 0.36 Le et al., 2012 

Fathead minnow (Pimephales promelas) Survival 5 Solution 7.40 3.60 5.40 0.33 Di Toro et al., 2001 

Water flea (Daphnia magna) Juvenile immobilization 2 Solution 8.02 3.47 5.40 0.39 De Schamphelaere and Janssen, 2002 

Earthworm (Eisenia fetida) Cocoon production 28 Soil 6.50  5.90 0.05 Thakali et al., 2006b 

Earthworm (Aporrectodea caliginosa) Survival 7 Solution 5.90  4.61 0.20 Steenbergen et al., 2005 

Collembola (Folsomia candida) Juvenile production 28 Soil 4.62  2.97 0.05 Thakali et al., 2006b 

Collembola (Folsomia candida) Survival 7 Solution 5.19 2.12 5.04 0.14 Present study 
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Toxicodynamics of copper and cadmium in Folsomia candida 
exposed to simulated soil solutions 

Abstract 
To improve our understanding of metal bioavailability to soil-living invertebrates, 
the effect of porewater composition on the toxicodynamics of copper and cadmium 
in Folsomia candida (Collembola) was investigated. Assuming that pore water is 
the main exposure route, F. candida was exposed to simulated soil solutions of 
different composition. Toxicity of copper was slightly lower in a calcium-only 
solution than in a multi-cation solution. With increasing copper concentrations from 
0.005 to 1.37 mM Cu, internal copper concentrations similarly increased in both 
exposure solutions, suggesting that a single cation nutrient solution is suitable for 
testing F. candida. In the second experiment, animals were exposed for seven 
days to copper and cadmium in simplified soil solutions with different calcium (0.2, 
0.8, 3.2, 12.8 mM Ca) and pH (5.0, 6.0, 7.0) levels. The median lethal 
concentration (LC50) values decreased with time in both the calcium and pH series. 
A hormetic-type effect was observed for copper in the second test, as well as in the 
calcium-only solution in the first experiment. Because of stronger hormesis, LC50s 
for copper were higher at lower calcium concentrations. For cadmium, LC50 values 
were higher at higher calcium concentrations, suggesting competition of calcium 
with the free cadmium ion. Toxicity of cadmium increased with decreasing pH, 
while copper was more toxic at intermediate pH. The results show that a 
toxicodynamics approach can help to improve the interpretation of metal toxicity to 
soil invertebrates, taking into account soil solution properties. 
 
Masoud M. Ardestani and Cornelis A. M. van Gestel 
Environmental Toxicology and Chemistry (2013), 32: 2746–2754  
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1. Introduction 
Soil organisms are exposed to pollutants spread into the environment mainly by 
human activities. Copper and cadmium are two metals known for their adverse 
effects on soil organisms. The toxicity of these metals to soil organisms is affected 
by soil properties (e.g., pH and organic matter content) that also influence metal 
distribution in soil. These two metals can enter soil invertebrates’ bodies when the 
animals are exposed in soil mainly via pore water (Van Gestel, 1997).  
The free metal ion activity model (FIAM) assumes that the metal species most 
relevant for causing toxicity to the organisms is the free metal ion. By developing 
biotic ligand models (BLMs), the toxicity of metals is predicted in relation with both 
competition and complexation factors that affect the abundance of the free metal 
ion in the solution and its interaction with the organism (Di Toro et al., 2001). These 
models were first described for aquatic organisms and later shown to be applicable 
to soil organisms (terrestrial BLMs). Based on the BLM principles, other cations 
may compete with the free metal ion in the soil solution to bind to the binding sites 
of the organism (biotic ligand, BL). Toxicity is supposed to be related with the 
amount of metal bound to the BL on the organism.  
The toxicity of a metal can also be affected by exposure duration, and the 
accumulation kinetics of different metals show a different pattern. Toxicity-time 
experiments (toxicodynamics) can provide a better understanding of the toxicity of 
a metal to an organism. Internal mechanisms in an organism are very important to 
the development of toxicity of a metal, too. Using a toxicokinetics approach can 
help to better understand the relation between internal metal concentrations and 
the availability of metal in the exposure medium. A toxicokinetics-toxicodynamics 
approach (TK-TD) can help to find the relationship between the observed effects 
(e.g., mortality) and the amount of metal accumulated in the body of the organism. 
Many attempts have been made to reduce the complexity of soil by using a simple 
exposure medium for assessing metal toxicity (see e.g., Lock et al., 2007b; Li et al., 
2008). These types of exposure can relate the toxicity of metals to different 
physical-chemical compositions of the media (e.g., Ca2+, Mg2+, Na+, K+, and H+), 
with each factor being changed separately. The pH and other soil characteristics 
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have been shown to affect availability of metals in soil, mainly by affecting the 
activity of the free metal ion in the soil solution. 
Besides soil properties, ion strength (IS) can be another important factor affecting 
the toxicity of metals, especially when using aqueous exposure media that simulate 
the soil pore water. In soil, differences in metal toxicity may be a result of different 
metal availability or salt stress as a consequence of change in ionic strength (Van 
Gestel et al., 2012). The higher availability of metals at lower soil pH in freshly 
spiked soils is related to higher solubility of metal salts and higher IS (Speir et al., 
1999; Stevens et al., 2003). Stevens et al. (2003) concluded that pH and IS can 
influence metal partitioning in soil extractable solutions. Increasing IS reduces 
metal sorption to soil solid phases because of the effects on cation competition and 
changes in soil surface potential (Garcia-Miragaya and Page, 1976). 
Several studies have used simulated soil solutions as an exposure medium 
considering different solution compositions. For plants, toxicity to particularly wheat 
(Triticum aestivum), pea (Pisum sativum), and barley (Hordeum vulgare) has been 
reported using different test solutions and different metal salts (see e.g.,  Lock et 
al., 2007b; Luo et al., 2008; Wu and Hendershot, 2010a; Wang et al., 2012). The 
use of aqueous solutions has also been reported for different earthworm species 
(Kiewiet and Ma, 1991; Steenbergen et al., 2005; Li et al., 2008). Few studies have 
been performed on other soil organisms (Houx et al., 1996; Ardestani et al., 2013a, 
b; Ardestani and van Gestel, 2014). The soil-dwelling arthropod Folsomia candida 
(Collembola, Isotomidae) is one of the important soil organisms used in soil toxicity 
tests (ISO, 1999; Fountain and Hopkin, 2005). This animal is able to survive in 
aqueous exposure systems for several days (Houx et al., 1996; Ronday and Houx, 
1996; Ardestani et al., 2013a, b). 
The first objective of this study was to investigate the survival of F. candida in two 
different simplified soil solutions after seven days of exposure to copper by 
assessing bioaccumulation and the development of toxicity with time. The second 
aim was to assess the effect of calcium and pH on the toxicity-time relationships of 
copper and cadmium. Calcium and pH have been shown to affect the toxicity of 
metals more than other cations and water and soil physical-chemical factors. It was 
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expected that the animals would perform better in a complex ion solution, and that 
high calcium and low pH levels would protect the metals from being toxic to the 
animals because of competition processes as described by the principles of the 
BLM. 
 
2. Materials and methods 
2.1. Test design 
2.1.1. Preparation of test solutions in the first experiment 
To find the most suitable test solution composition for exposing F. candida, 
simulated soil solutions were prepared following Li et al. (2008), with fixed 
concentrations of Na, K, Mg, and Ca. Our test solutions were composed of 1.0 mM 
Na as NaNO3 (zur Analyse, Merck), 0.1 mM K as KNO3 (zur Analyse, Merck), 0.1 
mM Mg as MgSO4 x 7H2O (Sigma-Aldrich, Chemie GmbH), and 0.2 mM Ca as 
Ca(NO3)2 x 4H2O (Riedel-de Haën, GmbH). All salts were reagent grade (99% 
pure). The pH of the solutions was adjusted to 6.0 ± 0.1 to meet the pH range 
preferred by F. candida (Fountain and Hopkin, 2005) using MOPS (3-[N-
morpholino] propane sulfonic acid; 0.75 g/L, 99.5% pure; AppliChem, GmbH) and 
MES (2-[N-morpholino] ethane sulfonic acid, 2.0 mM, 99% pure, Sigma-Aldrich, 
GmbH) buffers. pH was measured with a Consort P907 pH meter.  
The suitability of this multi-cation solution was compared with a stock solution of 
0.2 mM Ca (as Ca(NO3)2 x 4H2O, Riedel-de Haën, GmbH). Both solutions were 
used to prepare a series of copper concentrations. Test solutions were kept for one 
day equilibration before use in the toxicity tests. Copper was used as copper nitrate 
Cu(NO3)2 x 3H2O (99.5% pure, zur Analyse, Merck, Darmstadt) and 
concentrations were 0, 0.005, 0.017, 0.05, 0.15, 0.46, and 1.37 mM Cu. Because 
of precipitation of copper, probably as copper hydroxide, concentrations higher 
than 1.37 mM Cu were removed from further testing.  
 
2.1.2. Preparation of test solutions in the second experiment 
For the second experiment, copper concentrations of 0, 0.04, 0.16, 0.63, 2.5, 10, 
40, and 160 μM Cu, and cadmium concentrations of 0, 0.1, 1.0, 10, 50, and 100 
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mM Cd were prepared (as described by Ardestani et al., 2013a, b), using copper 
as Cu(NO3)2 x 3H2O (99.5% pure, zur Analyse, Merck, Darmstadt) and cadmium 
as Cd(NO3)2 x 4H2O (99% pure, J.T. Baker), respectively. Tests were performed 
at different calcium concentrations of 0.2, 0.8, 3.2, and 12.8 mM Ca (Ca series) 
with pH fixed at 6.0 ± 0.1 or at 5.0, 6.0, and 7.0 (pH series) with 0.2 mM Ca.  
For adjusting pH, MOPS and MES buffers were used and NaOH (99% pure, 
Riedel-de Haën, GmbH) was added to obtain higher pH values in some cases. For 
this test (pH series), copper concentrations remained the same but cadmium 
concentrations were 0, 0.1, 0.32, 1.0, 3.2, 10, 32, 50, and 100 mM Cd. The pH was 
measured at the beginning and the end of each test. 
 
2.2. Test animals 
Four week age-synchronized F. candida were used for the toxicity tests. Animals 
were cultured on a substrate of plaster of Paris and charcoal under controlled 
conditions (12:12h dark:light regime, 20 °C, 75% relative humidity) and fed with dry 
baker’s yeast (Dr. Oetker) once a week. Each test concentration included four 
replicate 100 mL glass jars with 5 animals on 30 mL test solution (approximately 2-
3 cm depth in the jar). In the first experiment, one extra replicate with ten animals 
was included. During the experiment, animals were not fed and the solutions were 
not renewed. Surviving animals were counted every day using a 50x binocular 
dissecting microscope.  
 
2.3. Metal analysis 
At the end of the test, animals were sampled (one from each replicate, plus five 
animals from the extra replicate in the first experiment), freeze-dried, weighed, and 
analyzed for internal metal concentrations. For that purpose, animals were 
individually digested in 250 µL tubes using a 7:1 mixture of ultra pure nitric acid 
(HNO3 Ultrex II, 69%, J.T. Baker) and HClO4 (Ultrex II, 70%, J.T. Baker) and then 
analyzed by graphite furnace atomic absorption spectrophotometry (AAS, Perkin 
Elmer 5100 PC). Test solutions were analyzed for metals by graphite furnace AAS 
shortly after finishing the experiments. For comparing metal concentration in the 
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animals, a reference material (Dolt II) and three blanks were always used for 
quality control of the analytical procedure. Measured concentrations of metals in 
the reference material were within 15% of the certified reference values.  
 
2.4. Data analysis 
We calculated median lethal concentration (LC50) values for the effect of cadmium 
at different sampling points using the trimmed Spearman-Karber method (Hamilton 
et al., 1977) based on nominal concentrations, while for copper measured 
concentrations were used. In addition, a logistic model (Haanstra et al., 1985) was 
applied to estimate LC50s. The 7-day LC50 values for cadmium and copper were 
taken from Ardestani et al. (2013a, b), respectively.  
For analysing survival-time relationships in the test solution, a logistic model as 
explained by Crommentuijn et al. (1994) was used 
 

S = e− µ X t

1 + (
Cexp
LC50

)β
  (1) 

 
where S is survival of animals at time t (days), µ is natural (control) daily mortality 
rate, Cexp is exposure concentration in mM, LC50 is the 50% effect estimated for 
time t in mM, and β is the slope of the survival-time relationship. We calculated 
median lethal concentration (LC50) values based on nominal cadmium 
concentrations. Because the logistic model did not yield a good fit to the data, the 
General Unified Threshold Model of Survival (GUTS) for time-course effects of 
toxic compound on the test organism was used (Jager et al., 2011; Nyman et al., 
2012; Ashauer et al., 2013). A brief description of the GUTS model and its 
parameters is given in Supporting Information. 
The effect of copper on the survival of F. candida in the first and the second 
experiment, however, showed hormetic-type responses. Therefore, LC50s and the 
corresponding 95% confidence intervals were calculated using a hormetic-type 
model as described by Van Ewijk and Hoekstra (1993) 
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R =  R0 X (1+ℎ X Cexp) 

1 +(2ℎ X LC50+1) X (
Cexp
LC50

)β
  (2) 

 
where R is the survival of F. candida, R0 is the animal survival in the control 
solutions, Cexp is the copper exposure concentrations, LC50 is the concentration of 
copper causing 50% effect, β is the slope of the dose-response curve, and h is the 
hormetic parameter to describe higher survival at low exposure concentrations 
compared to the control. The Cexp and LC50 values are in mM for the first and in µM 
for the second experiment. For the relationship between survival and internal 
copper concentrations, Cexp is the measured copper concentration in the animals in 
µmol Cu/g dry body weight. 
As a consequence of these hormetic-type responses, Equation (1) could not be 
used and survival-time relationship for copper in the test solutions had to be 
described using a new version of the logistic model: 
 

S =  R0 X �1+ℎ X Cexp� X e− µ X t

1 +(2ℎ X LC50+1) X (
Cexp
LC50

)β
  (3) 

 
where S is survival of animals at time t (days), R0 is the animal survival in the 
control solutions, µ is natural (control) daily mortality rate, Cexp is exposure 
concentration, LC50 is the 50% effect concentrations estimated for time t, β is the 
slope of the survival-time relationship, and h is the hormetic parameter. The Cexp 
and LC50 values are in mM for the first and in µM for the second experiments. The 
LC50 values are based on measured copper concentrations. The hormetic-type 
logistic model for development of copper toxicity to F. candida with time (Equation 
(3)) did not show good fit to the data; therefore, the GUTS model was used (see 
above). 
The LC50-time relationships were developed for copper and cadmium using the 
following equation (Kooijman, 1981)  
 
LC50 (t) = LC50∞/(1 – e -k2 x t)  (4) 
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where LC50 (t) is the LC50 value after exposure time (t), LC50∞ is the final LC50 
value, k2 is the daily elimination rate constant, and t is exposure time in days. The 
LC50 (t) and LC50∞ values are in mM for the first experiment and in µM for the 
second experiment.  
Internal copper concentrations were related to the measured exposure 
concentrations in the test solutions. The ion strength of the test solutions and the 
activity of free metal ions was calculated using the Visual Minteq program 
(http://www.lwr.kth.se/English/OurSoftware/vminteq) (Gustafsson, 2010). 
All analyses were run using software package SPSS 15.0 for Windows (SPSS). 
 
3. Results and discussion 
3.1. Animal performance and solution composition 
The pH of the test solutions was measured at the beginning and the end of each 
test and did not deviate by more than 0.3 to 0.7 units from the nominal values. 
Measured copper concentrations in general were in good agreement with nominal 
ones, with deviations being less than 15% to 20%.  
Survival of F. candida in the control multi-cation and calcium-only test solutions 
was similar and remained > 80% for eleven days of exposure (see also Supporting 
Information, Figure S1). This shows the applicability of aqueous solutions for 
exposing this organism as described by Houx et al. (1996) and Ronday and Houx 
(1996). In these studies, it was shown that F. candida can survive for at least 8 
days in saline water (0.5 g synthetic sea salt and 0.3 g KH2PO4 per liter tap water 
at pH 5.7) and can move about on the water surface (Houx et al.,1996; Ronday 
and Houx, 1996). The ionic strength (IS) of their control solution was estimated at 
0.0108 M. Houx et al. (1996) reported F. candida control mortality of 0% to 8% 
after 14 days of exposure to a similar saline water medium without pH adjustment.  
A recent study by Owojori et al. (2009) showed the effects of salty field soils on F. 
candida. The authors concluded that salt levels corresponding to a conductivity of 
0.08 to 1.62 dS/m did not have any effects on survival but reduced reproduction. 
Assuming that NaCl was the predominant salt in the field soil and based on new 
studies with NaCl-spiked soils, these salt levels correspond with an estimated 0.04 

http://www.lwr.kth.se/English/OurSoftware/vminteq
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to 0.80 mM NaCl (Owojori, personal communication). From that we calculated the 
IS of the soil solution to be between zero and 0.0008 M using Visual Minteq. 
Owojori et al. (2009) mentioned there are no data on the sensitivity of F. candida to 
salinity.  
Schrader et al. (1998) exposed F. candida to single salts (CaCl2, CaSO4, KCl, 
MgSO4, MgCl2, NaCl) and mixtures of salts in two different series of experiments 
and measured effects on reproduction on exposure in spiked LUFA 2.2 soil. Using 
Visual Minteq, the ionic strength of the solutions added to the soils was estimated 
to range between zero and 0.001 M for individual salts and 0.015 to 0.343 M for 
the mixtures of cations. No effects on adult survival were seen upon exposure to 
two different control soils, but the salts did affect egg survival and collembolan 
reproduction. It seems that chloride salts had an effect on the survival of F. candida 
at concentrations higher than shown in the previous studies. Also, other 
investigators determining the effects of Na, K, Mg, and Ca chloride salts on F. 
candida in artificial soil concluded that although toxicity was mainly a result of the 
cations, the effects of chloride should not be totally excluded (Van Gestel et al., 
unpublished data).  
From these literature data, it can be concluded that the ionic strength of aqueous 
solutions as well as the presence of anions does not cause additional stress to F. 
candida. This is confirmed by the results of the present study, when comparing 
survival in solutions with a mixture of cations (IS = 0.0021 M) and a stock solution 
with only calcium (IS = 0.0006 M). For the second experiment, calculated IS in the 
control solutions ranged from 0.0006 to 0.0374 M with different calcium 
concentrations and pH levels; however, there was no difference in survival of the 
animals exposed to these solutions.   
Van Gestel and van Diepen (1997) found a higher LC50 for the survival of F. 
candida after exposure to cadmium chloride at a soil moisture content of 25% 
compared with 35 to 55%. The chloride concentrations in the soil solution at 
moisture contents of 25% and 55% were 0.18 M and 0.083 M, respectively. These 
results suggest that the chloride anion had no significant effect on cadmium toxicity 
to F. candida. Surprisingly, the toxicity of copper was higher in our test solutions 
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using different cations compared to the solution using only calcium (Figure 1A). 
This difference may be because of the lower ionic strength of the calcium-only 
solution, even though differences in IS seemed not to affect control survival. 
However, the higher toxicity of copper in test solutions with higher ionic strength is 
in line with the studies on metals in soil (Speir et al., 1999; Stevens et al., 2003). 
 

 
 

Figure 1. Dose-response relationships for the effect of copper on the survival of 
Folsomia candida (A) and relating survival of F. candida against internal copper 

concentrations (B) after 7 days of exposure in two different simulated soil solutions 
(Ca-only solution and multi-cation solution). Dots are the number of surviving 

animals in all four replicate glass jars (n = 20). The solid (Ca-only solutions) and 
dashed (multi-cation solutions) lines show the fit of the hormetic-type model to the 

data (Equation (1); Van Ewijk and Hoekstra, 1993). 
 
3.2. Copper toxicity  
3.2.1. Comparison of copper toxicity and uptake in different exposure solutions  
In general, the survival of the animals decreased with increasing copper 
concentrations in both exposure solutions. Figure 1A shows that copper was more 
toxic to F. candida in the stock solution with different cations than in the solution 
with only calcium. The LC50 values based on trimmed Spearman-Karber method 
decreased from 0.80 mM for day four to 0.10 mM for day seven in the calcium-only 
solutions and from 0.33 to 0.03 mM in the multi-cation test solutions. The LC50 
values were 0.02 and 0.07 mM after seven days of exposing animals to copper in 
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the multi-cation and the calcium-only solutions, respectively (Supporting 
Information, Table S1; nominal hormetic model). A hormetic-type effect was 
observed in the solution with only calcium but not in the multi-cation solution 
(Figure 1A). The hormetic-type logistic model (Equation (2)) fitted well to the 
survival data. The animals showed a better performance at lower copper exposure 
concentrations than in the controls calcium-only solution, which indicates copper 
deficiency in the animals. This may indicate that copper stimulates or compensates 
for the lack of other cations (e.g., Ca) (Ardestani et al., 2013b). The LC50 values 
estimated with the hormetic model slightly differed from the values calculated using 
the trimmed Spearman-Karber method (0.03 and 0.10 mM, respectively, Table S1). 
The LC50 values of 0.03 and 0.05 mM, calculated based on the measured copper 
concentrations in the test solutions and of 0.02 and 0.04 mM, respectively, based 
on the activity of free copper ions, showed similar differences between the two test 
solutions after seven days exposure (Table S1). 
In soil, a median effective concentration (EC50) value of 173 to 264 µM based on 
0.01 M CaCl2 extractable copper concentrations has been reported after 21-day 
exposure of F. fimetaria to copper in one-day-aged to one-week-aged 
contaminated soils (Bruus Pedersen and van Gestel, 2001). However, in aquatic 
systems, EC50 values of 81.6 and 8.60 nM were reported for Daphnia magna after 
48 h exposure to copper based on dissolved concentrations and the free Cu2+ 
activity, respectively (De Schamphelaere and Janssen, 2002). Using simulated soil 
solutions, an EC50 of 0.46 µM for wheat (T. aestivum) based on the free Cu2+ 
activity (Luo et al., 2008), an LC50 of 3 to 9 µM based on the free Cu2+ activity after 
seven day exposure of the earthworm Aporrectodea caliginosa (Steenbergen et al., 
2005), and LC50 values of 0.8 and 0.7 µM after 7 and 14 days of exposure of the 
earthworm Eisenia andrei to copper were obtained (Arnold et al., 2003). The LC50 
values for copper toxicity to different test species and under different exposure 
conditions are summarized in Table 1. In most cases, the LC50 values from the 
literature were lower than the those in the present study (approximately a factor of 
2 to 100), which may be related to the difference in experimental conditions and 
test organisms. The results of the present study also suggest that F. candida might 
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be less sensitive compared with other test species when exposed to copper in the 
test solutions. 
The development of copper toxicity with time in terms of survival-time relationships 
was not adequately described by the new logistic model (Equation (3), data not 
shown). The GUTS model gave a better fit to the data (Figure S1). The obtained 
parameters of the model are given in Supporting Information, Table S2.  
Internal copper concentrations generally increased with increasing copper 
exposure concentrations (Supporting Information, Figure S2). This was similar to 
Bruus Pedersen et al. (2000), who reported a nonlinear increase of internal copper 
concentrations in F. candida after 4 day exposure with increasing 0.01 M CaCl2 
extractable copper concentrations in soil. At higher copper concentrations, internal 
copper concentrations decreased, indicating precipitation of copper in the exposure 
medium and reduced copper bioavailability to F. candida (Figure S2). The 
measured copper concentration was reduced from 1.37 mM to 1.22 mM in the Ca-
only test solutions. The relationship between survival of the Collembola after seven 
day exposure to copper and internal copper concentrations in the two exposure 
solutions is shown in Figure 1B. A slight hormetic-type effect (h = 0.0014) was 
observed when relating survival of F. candida to copper concentrations in the 
animals in the calcium-only solution. The LC50 values based on internal body 
concentrations were estimated to be 135 and 35.2 µmol Cu/g dry body weight for 
the calcium-only solution and multi-cation solution, respectively (Table S1). 
Bioconcentration factors (BCF) for copper uptake at the end of the 7-day exposure 
period ranged between 0.0003 and 0.04 L/kg for the calcium-only solution and 
between 0.0001 and 0.06 L/kg for the multi-cation solution.  
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Table 1. Comparison of median lethal concentration (LC50) and median effective concentration (EC50) values for the toxicity of 
copper to different test organisms exposed in soil or aqueous solutions 

Test organism Exposure time LC50 EC50 Solution composition References 

Daphnia magna 48 h - 81.6 nM (dissolved Cu), 8.60 

nM (free Cu2+ activity) 

Solution with Ca 0.2 mM, Mg 0.2 mM, Na 0.08 

mM, K 0.08 mM, pH 7.0 

De Schamphelaere 

and Janssen, 2002 

Folsomia 

fimentaria 

21 d - 173-264 µM (CaCl2 

extractable concentrations) 

Soil Bruus Pedersen and 

van Gestel, 2001 

Triticum 

aestivum 

2 d - 0.46 µM (free Cu2+ activity) Solution with Ca 0.2 mM, Mg 0.05 mM, Na 2.5 

mM, K 0.08 mM, pH 6.0 

Luo et al., 2008 

Aporrectodea 

caliginosa 

7 d 3-9 µM - Steiner nutrient solution in an inert quartz 

sand (a mixture of Ca(NO3)2, MgSO4, H3BO3, 

MnSO4, ZnSO4, Na2MoO4, CuSO4, Titriplex 

III, KOH, FeSO4, and H2SO4), pH 6.5 

Steenbergen et al., 

2005 

Eisenia andrei 7 and 14 d 0.054 mg Cu/L (0.8 µM) and 

0.046 mg Cu/L (0.7 µM) 

- Solution of 100 mg NaHC03, 20 mg KHC03, 

200 mg CaCl2, 180 mg MgS04, pH 8.2 (based 

on Kiewiet and Ma, 1991) 

Arnold et al., 2003 
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Table 1 continued 
Test organism Exposure time LC50 EC50 Solution composition References 

Folsomia 

candida 

7 d 2.3-19.7 µM - Solution with Ca (0.2-12.8 mM) and pH 5.0-

7.0 

Ardestani et al., 2013b 

Folsomia 

candida 

7 d 0.02 mM (multi-cation) and 0.07 

mM (Ca only) solutions 

- Multi-cation solution (Na 1.0 mM, K 0.1 mM, 

Mg 0.1 mM, Ca 0.2 mM), pH 6.0; Ca only 

solution (Ca 0.2 mM), pH 6.0 

Present study 
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Kiewiet and Ma (1991) showed that cadmium bioaccumulation was linearly related 
to the exposure concentration when Lumbricus rubellus was exposed to cadmium 
in solution and reduced by the addition of a salt (CaCl2) to the solution. The 
reduced cadmium uptake in the study of Kiewiet and Ma (1991) could be because 
of the effect of competitive factors such as calcium for binding to the biotic ligand, 
confirming the main principle of the BLM. Our results surprisingly were contrary to 
the expectations of the BLM approach. Competition of cations with the free copper 
ion was expected to decrease rather than increase the toxicity of copper in the test 
solution, and no clear difference was found between copper bioaccumulation in two 
exposure solutions. Our results suggest that the fairly high ionic strength of the 
multi-cation solution did somehow affect copper toxicity. Another explanation for 
the higher toxicity of copper in the multi-cation solution might be an adverse effect 
of other cations, such as K or Na, on F. candida. The presence of hormetic-type 
effect in the calcium-only solution may be another reason for slightly under- or 
overestimating the toxicity of copper to F. candida in the calcium-only solution 
compared with the multi-cation solutions. 
 
3.2.2. Copper toxicity at different calcium and pH levels  
In all cases, the number of surviving animals decreased with increasing copper 
concentrations in the test solutions. Survival of F. candida in the control test 
solutions was > 80% after three days of exposure. However, in some control 
solutions survival decreased down to 55% after seven day exposure in the calcium 
and pH series, while for the12.8 mM Ca control survival was only 45% (Supporting 
Information Figure S3). Thus, the animals performed better at low copper 
concentrations (with 60-80% survival after seven days) than in the control 
solutions. The reason for lower survival in the control solutions may be copper 
deficiency in the animals. Again, the development of copper toxicity with time in 
terms of survival-time relationships was not adequately described by the new 
logistic model (Equation (3), results not shown). The GUTS model better fitted to 
the data (Figure S3) and the corresponding parameters are shown in Supporting 
Information, Table S3. 
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The LC50 values after seven day exposure to copper at different calcium 
concentrations and pH levels were between 3.8 to 20 and 2.3 to 5.1 µM, 
respectively (Table 2). Because of the hormetic effect, higher LC50 values were 
estimated at lower calcium levels, suggesting a possible interaction of calcium and 
copper at the BL sites of the organism (Ardestani et al., 2013b). In the pH series, 
LC50 values were a factor of two to three lower at pH 6.0 than at pH values of 5.0 
and 7.0 after 4 to 7 days (Table 2). The hormetic parameter increased with time for 
both the calcium and pH series and was most pronounced at lower calcium levels 
(0.2 mM Ca) and at lower pH (pH ≤ 6.0). Unfortunately, the confidence intervals for 
the calculated LC50s were wide and, therefore, are not shown in Table 2.  
 
3.2.3. Copper toxicity-time relationships 
The LC50 values for the effect of copper decreased with time over the exposure 
period in all simulated soil solutions (Figures 2 and 3). Toxicity-time relationships 
for the effect of copper on survival of F. candida were obtained fitting Equation (4) 
to the data. A better fit could be obtained for the calcium-only solutions than for the 
multi-cation solutions (Figure 2; R2 value of 0.97 compared to 0.93). Ultimate LC50 
values of 0.02 and 0.0002 mM and k2 values of 0.03 and 0.0003 (day-1) could be 
estimated for the calcium-only and multi-cation solutions, respectively. Ultimate 
LC50 values ranged between 0.023 and 0.035 µM for the calcium series and 
between 0.014 and 0.035 µM for the pH series. Net elimination rate constants were 
< 0.001 day-1 in all cases. The low k2 values suggest a very slow but steady 
increase in copper accumulation with time. Unfortunately, no confidence intervals 
could be estimated for these LC50 and k2 values. 
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Table 2. Median lethal concentrations (LC50s) for the effect of copper on the survival of Folsomia candida exposed in aqueous 
solutions with different pH and calcium levelsa 

Experiment series  Day1 Day2 Day3 Day4 Day5 Day6 Day7 

Ca-series (mM Ca) 0.2 >160 >160 >160 84 2.8 4.2 20 

h  - - - 202 1.7 6.9 37 

 0.8 >160 >160 >160 47 39 34 17 

h  - - 0.18 0.43 7.8 27 21 

 3.2 >160 >160 >160 57 13 5.1 3.8 

h  - - < 0.001 0.06 2.8 1.2 < 0.001 

 12.8b >160 >160 >160 43 18 11 11 

h  - - < 0.001 0.39 0.72 0.58 0.24 

pH-series 5.0 >160 >160 133 17 3.6 4.1 5.1 

h  - - 19 22 < 0.001 < 0.001 < 0.001 

 6.0 >160 >160 19 4.9 1.9 2.4 2.3 

h  - - 0.18 5.1 6.7 13 15 

 7.0 >160 77 18 9.5 10 5.8 3.9 

h  - - 0.25 0.10 < 0.001 < 0.001 0.03 

a The LC50 values based on the measured copper concentrations were in µM calculated using a hormetic-type model (Van Ewijk and Hoekstra, 1993). In all 
cases 95% confidence intervals were wide and, therefore, are not shown. 
b Low control survival after 7-day exposure 
h = Hormetic parameter  
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Figure 2. Development of the median lethal concentration (LC50) with time for the 
effect of copper on the survival of Folsomia candida in two different exposure 

solutions, containing only 0.2 mM Ca or a mixture of cations; 1.0 mM Na, 0.1 mM 
K, 0.1 mM Mg, and 0.2 mM Ca. Black dots and empty squares are LC50 values 

estimated based on trimmed Spearman-Karber method (Hamilton et al., 1977) for 
the Ca-only solutions and multi-cation solutions, respectively (Table S1). Solid lines 

represent the fit of a log-logistic model to the data. 
 

Because of the hormetic-type effects, the protective effect of calcium on the toxicity 
of metals seen in other studies (see e.g., Niyogi and Wood, 2004b; Thakali et al., 
2006b; Niyogi et al., 2008; Clifford and McGeer, 2010; Wang et al., 2012) was not 
observed in the present study. The EC50 values of 81.6 to 191 nM based on 
dissolved copper concentrations were found for D. magna after 48 h exposure to 
copper when calcium concentrations increased from 0.2 to 4.0 mM (Schrader et al., 
1998). The EC50 values ranged between 87.8 and 824 nM when pH increased 
from 6.44 to 7.92 (De Schamphelaere and Janssen, 2002). These LC50 values are 
smaller than those in the present study, probably because of differences in test 
species and duration of the test. Also, the differences may have been caused by 
the hormesis in the present study.  
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Figure 3. Development of the median lethal concentration (LC50) with time for the 
effect of copper on the survival of Folsomia candida in simplified soil solutions with 
different calcium (A) or pH (B) levels . Equation (4) was fitted to the data at each 

calcium concentrations and pH levels (Table 2). 
 
3.3. Cadmium toxicity  
3.3.1. Cadmium toxicity at different calcium and pH levels 
In all cases, the number of surviving animals decreased with increasing cadmium 
concentrations in the test solutions. Survival of F. candida in the control test 
solutions was > 80% after three days of exposure. But in some control solutions, 
survival decreased down to 60% after seven days of exposure in the calcium and 
pH series, while for the 0.2 mM Ca, 0.8 mM Ca, and 3.2 mM Ca, survival was only 
30, 35, and 50%, respectively (Supporting Information, Figure S4). This low 
survival may be because of the exposure of the animals to the solution-only 
medium, which somehow provided an additional stress factor compared to their 
natural living habitat.  
The LC50 values after seven day exposure to cadmium at different calcium 
concentrations and pH levels ranged from 0.6 to 3.8 and from 1.1 to 2.7 mM, 
respectively (Table 3). The LC50s did not show consistent trends with increasing 
calcium levels (Table 3). Higher LC50 values at higher calcium concentrations after 
seven day exposure indicate a competing effect of calcium, with the free cadmium 
ions reducing cadmium toxicity to the test animals. The LC50 values estimated 
using the trimmed Spearman-Karber method increased more than 2 fold with 
increasing pH from 6.0 to 7.0 after 3 days of exposure and increased with 
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increasing pH after 7 days of exposure. The lower toxicity at higher pH may be 
explained by a decrease in the activity of free cadmium ions in the test solution. 
The logistic model (Equation (1)) did not fit well to the survival data in most cases 
and yielded variable LC50 estimates compared to the trimmed Spearman-Karber 
method (data not shown). This could be because of the steep survival-time curves 
and high mortality of the animals at the highest exposure concentrations after 2 to 
3 days of exposure. The trimmed Spearman-Karber method provides better 
estimates in this case. The results of the GUTS model (Figure S4) parameters are 
given in Supporting Information, Table S4.  
 
3.3.2. Cadmium toxicity-time relationships 
Toxicity-time relationships for the effect of cadmium on survival of F. candida are 
shown in Figure 4. In both calcium and pH series, Equation (4) fitted to the LC50 
values based on nominal concentrations (Table 3). During the first days of the 
experiment, some of the estimated LC50 values exceeded the highest test 
concentrations. Ultimate LC50 values ranged from 0.010 to 0.026 mM for the 
calcium series and from 0.013 to 0.088 mM for pH series. Except for pH 5.0 (k2 = 
0.0011 day-1), elimination rate constants based on survival data were negligible (< 
0.001 day-1) for the different calcium and pH levels. This may suggest linear 
accumulation of cadmium by the test animals (Crommentuijn et al., 1994). 
An overview of the estimated LC50 and EC50 values from the toxicity of cadmium to 
different organisms with different test media properties is shown in Table 4. The 
EC50 values of 0.26 to 2.16 mM have been reported for the effects on the 
bacteriumVibrio fischeri after 5-min exposure to cadmium when calcium ranged 
from 0.02 to 25 mM (An et al., 2012). For Eisenia fetida, LC50 values of 0.48 to 1.86 
mM were estimated after exposing the animals to cadmium for 48 h in solution (Li 
et al., 2008), which is in the line with the value of 0.45 mM for E. fetida reported by 
Fourie et al. (2007). The reported LC50 value of 1.86 mM (Li et al., 2008) fell within 
the lowest values estimated in the present study. However, much lower EC50 
values of 0.04 and 0.02 mM based on porewater concentrations were estimated for 
F. candida exposed to cadmium in LUFA 2.2 soil for 4 and 6 weeks, respectively 
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(Van Gestel and Mol, 2003). These values are approximately a factor of 100 lower 
than the values obtained in the present study.  
Van Gestel and Koolhaas (2004) reported 28-d LC50s of 40.8 and 32.5 µM for F. 
candida based on water extractable cadmium concentrations and of 0.86 and 0.60 
mM based on porewater concentrations when animals were exposed in artificial 
soil at pH 5.0 and 6.5, respectively. For natural soils, they reported LC50 values up 
to 30.1 mM. In another study, EC50 values of 0.3 to 0.8 mM based on soil solution 
concentrations and of 0.8 to 1.1 mM based on 0.01 M CaCl2 extractable cadmium 
concentrations were reported for F. candida exposed to cadmium in three field soils 
(Bur et al., 2010). The LC50 values obtained in the present study are quite similar to 
the values reported based on porewater concentrations in the latter two studies, 
indicating that for F. candida the solution exposure system can be a good 
simulation of the soil pore water. 
The GUTS model parameters for cadmium and copper were calculated by fitting 
the model to each data series. For both cadmium and copper, mortality increased 
with time, showing that internal body concentrations did not reach equilibrium with 
the external concentration except maybe for copper in the pH series, where LC50s 
did not change anymore after 7 days (Figure 3). Nevertheless, a good fit of the 
GUTS model to the data was obtained. Because of different exposure 
concentrations, the killing rates were different in both copper experiments 
(experiment 1 vs. the Ca and pH series, experiment 2), but higher values were 
obtained for cadmium compared to copper (at the Ca and pH series tests). This 
confirms the lower toxicity of cadmium in simulated soil solutions; however, 
because of the low control survival, such a conclusion should be drawn with 
caution. The dominant rate constant was very high (1000 d-1), which suggested 
extremely fast elimination of cadmium, with estimated half-life in the order of 
minutes (Table S4). 
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Table 3. Median lethal concentrations (LC50s) with 95 % confidence intervals for the effect of cadmium on the survival of 
Folsomia candida exposed in simulated soil solutions with different pH and calcium levelsa 

Experiment series  Day1 Day2 Day3 Day4 Day7 

Ca-series (mM Ca) 0.2b 74 (55-100) 41 (15-113) 25 (9.4-66) ND 2.2 (0.5-9.1) 

 0.8b 47 (28-78) 40 (20-82) 15 (6.0-39) ND 0.6 (0.2-1.6) 

 3.2b >100 >100 >100 42 (26-66) 1.1 (0.4-2.9) 

 12.8 >100 >100 >100 7.9 (5.0-13) 3.8 (3.0-5.0) 

pH-series 5.0 48 (33-70) 46 (32-67) 5.2 (2.6-11)  1.1 (0.7-1.7) 

 6.0 18 (4.1-76) 12 (5.9-23) 4.2 (2.8-6.2)  2.4 (1.4-4.1) 

 7.0 19 (11-33) 17 (9.6-32) 12 (6.1-22)  2.7 (1.7-4.4) 

a The LC50 values based on nominal cadmium concentrations in mM were calculated using the trimmed Spearman-Karber method (Hamilton et al., 1977). 
b Low control survival after 7-day exposure  
ND= not possible to determine 
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Figure 4. Development of the median lethal concentration (LC50) with time for the 
effect of cadmium on the survival of Folsomia candida in simplified soil solutions 
with different calcium (A) or pH (B) levels. Equation (4) was fitted to the data at 

each calcium concentrations and pH levels (Table 3). 
 

For copper, elimination was slower, especially in the first experiment at high 
concentrations with an estimated half-life of 30 days (Table S2); but at the lower 
copper exposure levels in the Ca- and pH-series, half-life was approximately 0.5 
days (Table S3). The fast elimination of cadmium may be related to detoxification 
of cadmium by the test animals, which may involve molting. The difference in test 
concentrations of copper in the different experiments and the difference in 
exposure concentrations of copper and cadmium should be taken into account 
when interpreting the data.  
 
5. Conclusions 
The toxicity of copper and cadmium in simulated pore water was investigated 
comparing two different solution compositions. The toxicity of copper to F. candida 
was lower in calcium-only solutions than in a multi-cation test solution. Toxicity-time 
relationships revealed different copper toxicodynamics in the two different 
exposure media. The toxicity of copper in our simulated soil solutions was best 
described by a hormetic-type dose-response relationship and did not clearly differ 
between different calcium levels, but copper was more toxic at pH 6.0 than at pH 
5.0 and 7.0. For cadmium, toxicity increased with time, but decreased with 
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increasing calcium levels and was lower at higher pH levels. The results indicate 
that calcium competition with the free metal ions might not always be observed, 
probably because of the experimental conditions and test species. The present 
study clearly showed that the toxicity of both metals was goverened by dynamic 
processes. Also, hormetic-type effects might influence the competing effect of 
calcium with free metal ions, explaining for the lack of the clear agreement with the 
principles of the BLM. Using a toxicokinetics-toxicodynamics approach offers better 
interpretation of the survival data and prediction of copper and cadmium toxicity to 
F. candida. The GUTS model was applied to enable linking toxicokinetics and 
toxicodynamics. The model generally gave good fits to the data, but since the 
model could only be applied to the combined data of a test, it did not allow us to 
draw conclusions on the effects of pH or Ca level on the modeled parameters.  
 
Supporting Information 
Supporting Information including Tables S1-S4 and Figures S1-S4 are available 
online at: http://onlinelibrary.wiley.com/journal/10.1002/(ISSN)1552-8618. 
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Table 4. Comparison of the median lethal concentration (LC50) and median effective concentration (EC50) values for the toxicity 
of cadmium to different test organisms exposed in soil or aqueous solutions: values are given as water (w) or CaCl2 (c) 

extractable concentrations and porewater concentrations (pw) 
Test organism Exposure time Ca range LC50 EC50 Solution composition References 

Vibrio fischeri 5 min 0.02-25 

mM 

- 0.2-2.1 mM (dissolved Cd), 

4.64-33.2 mM (free Cd2+ 

activity) 

Solution with Ca 0.02 mM, Mg 0.02 

mM, K 0.02 mM 

An et al., 2012 

Eisenia fetida 48 h 0.2-1.0 0.48-1.86 mM (dissolved 

Cd), 0.35-0.59 mM (free 

Cd2+ activity) 

- Solution with Ca 0.2 mM, Mg 0.1 

mM, Na 1.0 mM, K 0.1 mM, pH 6.0 

Li et al., 2008 

Folsomia candida 4 and 6 weeks - - 0.098 and 0.23 µM (w) Soil Van Gestel and 

Hensbergen, 1997 

Folsomia candida 4 and 6 weeks - - In LUFA soil: 1.51 and 0.84 µM 

(w), 5.1 and 9.84 µM (c), 39.0 

and 23.3 µM (pw); in artificial 

soil: 0.89 and 0.46 µM (w), 37.2 

and 10.5 µM (c) 

Soil Van Gestel and 

Mol, 2003 
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Table 4 continued 
Test organism Exposure time Ca range LC50 EC50 Solution composition References 

Folsomia candida 35 d - 6.94-18.24 µM (total soil) - Soil Crommentuijn et al., 

1997 

Folsomia candida 28 d - 40.8 and 32.5 µM (w), 0.86 

and 0.60 mM (pw); free Cd2+ 

activity: 16.7 and 7.08 (w), 

125 and 83.8 µM (pw) 

- Artificial soil with pH 5.0 and pH 6.5 Van Gestel and 

Koolhaas, 2004 

Folsomia candida - - - 0.8-1.1 mM (c), 0.3-0.8 mM 

(pw) 

Soil Bur et al., 2010 

Folsomia candida 7 d 0.2-12.8 

mM 

0.47-1.65 mM (free Cd2+ 

activity) 

- Solution with Ca 0.2 mM, pH 5.0-7.0 Ardestani et al., 

2013a 
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Uptake and elimination kinetics of metals in soil invertebrates: A 
review 

 
 
Abstract 
Uptake and elimination kinetics of metals in soil invertebrates are a function of both 
soil and organism properties. This review aims to critically review metal 
toxicokinetics in soil invertebrates and its potential use for assessing bioavailability. 
Kinetics rate constants reflecting how soil organisms are able to accumulate, 
handle internal distribution, and eliminate metals are summarized. The results 
show that invertebrates have different strategies for essential and non-essential 
metals. As a consequence, different types of models must be applied to describe 
metal uptake and elimination kinetics. In the present review, we discuss model 
parameters for each metal separately and show how they are influenced by 
exposure concentrations and by physiological properties of the organisms. The 
results show that pH, cation exchange capacity, clay and organic matter content 
significantly affect uptake rates of non-essential metals in soil invertebrates. For 
essential metals, kinetics is hardly influenced by soil properties, but rather prone to 
physiological regulation mechanisms of the organisms. Our analysis illustrates that 
toxicokinetics can be a valuable instrument to assess bioavailability of soil-bound 
metals. 
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1. Introduction 
Ecotoxicology combines approaches from chemistry, ecology, and toxicology to 
study the harmful effects of chemicals on biota. Metal pollution needs special 
attention in environmental risk assessment programs because human activities 
such as mining, application of pesticides, and use of fertilizers in agricultural 
systems have resulted in increasing concentrations of metals in terrestrial 
ecosystems (e.g., Luoma and Rainbow, 2008; Smith et al., 2010a; Mackie et al., 
2012). 
Bioaccumulation can be a good indicator of the exposure of organisms to metals in 
polluted areas. Metals are taken up from the aqueous phase of the soil (soil pore 
water) which is considered the main exposure route for most soil organisms (Van 
Gestel, 1997). For instance, the ventral tube and cuticle in collembolans (Fountain 
and Hopkin, 2001, 2005) or the cuticle in earthworms (Vijver et al., 2003) have 
been shown to be the main uptake route for metals in these organisms.  
In the free ion activity model (FIAM), metal uptake and toxicity are related to the 
effective concentration of metal species in solution (Morel, 1983a; Campbell, 
1995). To account for the competition with widely abundant cations such as Ca2+, 
Mg2+, Na+, K+, and also H+, with the free metal ions and the complexation of the 
free metal ions with organic and inorganic ligands (e.g., dissolved organic matter, 
DOC), biotic ligand models (BLMs) have been developed to predict the binding of 
metals to contact surfaces of organisms and consequently, their toxicity (Di Toro et 
al., 2001; Thakali et al., 2006a, b). Since metal availability is influenced by 
environmental factors such as soil properties and other ligands present in the soil 
solution, internal concentration would be the best measure of metal bioavailability. 
Hence, BLMs consider the fraction of occupied biotic ligand sites as a biological 
measure of metal bioavailability. Recently, bioaccumulation models have been 
integrated with BLMs to relate metal bioaccumulation, toxicity, and bioavailability 
(e.g., Veltman et al., 2010; Ardestani and van Gestel, 2013b). 
Metal bioaccumulation is a complex process that includes uptake, internal 
distribution, storage, and excretion (Rainbow, 2002; Wang and Rainbow, 2008; see 
also Figure 1). Physicochemical properties of the metal, the exposure medium, and 
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the physiology of the organism can affect bioaccumulation processes (Depledge 
and Rainbow, 1990). In the process of metal uptake from soil solution to reach the 
site of action, time is another important factor. In many organisms there are slow as 
well as fast-responding compartments that influence the accumulation process. 
Therefore, bioavailability should be considered in a dynamic way (Peijnenburg et 
al., 1999a). 
Toxicokinetics (TK) studies are of major importance in soil ecotoxicology. For 
measuring bioavailability in soil, one important way is to follow the changes in 
concentration of metals inside the organism with time (Van Straalen, 1996) as well 
as its uptake rate (Van Straalen et al., 2005). For example, in the latter study, the 
authors showed that sub-lethal effects of Zn on isopods were dependent on the 
rate at which Zn entered the organism, rather than on the internal Zn concentration 
itself. The reason is that most of the internal load is stored in a form which is not 
directly available, so the uptake rate is a better indicator of the metabolically active 
internal concentration than the total body burden. 
The uptake rates of metals in invertebrates are dependent on metal exposure 
concentration, soil physical-chemical characteristics (e.g., pH, cation exchange 
capacity (CEC), clay and organic matter (OM) content), and biological targets 
(Janssen et al., 1991; Peijnenburg et al., 1999a; Spurgeon and Hopkin, 1999). 
Nahmani et al. (2007) reviewed the literature on the accumulation of different 
metals in earthworms and investigated the effects of external factors such as soil 
type, exposure time, metal concentration in soil, and soil properties that affect 
metal accumulation. Their review focused on metal accumulation in earthworms 
and gave an overview of exposure conditions, summarizing uptake and elimination 
rate constants for a limited number of studies (Table 8 in Nahmani et al., 2007). 
Another indication of bioavailability is obtained from the internal metal 
concentration at equilibrium. In many studies, the relationship between the 
accumulated (residual) amount of metal and the concentration in soil, as a function 
of soil properties, is used to analyse bioavailability (Peijnenburg et al., 1999a). 
However, to which extent the exposure conditions affect bioaccumulation depends 
on metal kinetics in the animals rather than the equilibrium concentration. For 



146 
 

example, a high internal concentration does not exclude low uptake if the 
elimination rate is very low. 
Some kinetics studies focused on the uptake phase (Vijver et al., 2001; Nahmani et 
al., 2009; Ardestani and van Gestel, 2014), but others included both uptake and 
elimination phases. Besides the uptake rates and internal concentrations at steady 
state, analysis of the elimination phase can also add more information on metal 
kinetics and possible (detoxification) mechanisms. For example, metals can be 
regulated, meaning that concentrations in the organism remain constant for a 
relatively long time and over a range of exposure concentrations.  
Most of the studies on uptake and elimination kinetics in soil organisms have been 
performed on earthworms, which can accumulate some metals at high 
concentrations (Morgan and Morgan, 1988; Nahmani et al., 2009). These 
organisms are easy to culture and large enough to measure the bioavailable 
fraction of metal inside their body (Nahmani et al., 2007; Diez Ortiz et al., 2010). 
Other soil organisms, such as springtails (Collembola, Isotomidae), hymenopterans 
(e.g., Formicidae), coleopterans (e.g., Carabidae), pseudoscorpions, centipedes, 
oribatid mites, terrestrial snails, and isopods have also been used in kinetics 
studies.  
The aim of this review is to critically discuss metal toxicokinetics in soil organisms 
and their potential for describing metal bioavailability in soil. To this end, we 
consider the relationship between bioaccumulation patterns, metal exposure 
concentrations, and soil physical-chemical properties. 
  
2. Metal bioaccumulation mechanisms 
Several metal bioaccumulation patterns (often called strategies) have been 
reported for different organisms (reviewed by Rainbow, 2002). In general for 
essential metals, an internal metal pool is needed which is necessary for the 
organism’s metabolic requirements (metabolic pool). White and Rainbow (1985) 
estimated a minimum Zn and Cu requirement for aquatic crustaceans and molluscs 
(e.g., 35 µg Zn g-1 dry body weight and 26.3 µg Cu g-1 dry body weight) to support 
metal-dependent metabolic enzymes. Moreover, for copper an additional amount 
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(e.g., 57-125 µg Cu g-1 dry body weight) is needed for oxygen transport proteins in 
the haemolymph, such as hemocyanin, while for zinc an extra amount (e.g., 36-58 
µg Zn g-1 dry body weight) is needed in DNA-binding proteins. That is why internal 
metal concentrations in different organisms are often at more or less the same 
level in control conditions. The metabolic pool has an upper limit and adverse 
effects occur when internal metal concentrations exceed this threshold (see also 
Figure 1). For essential metals, the metabolic pool has also a lower limit below 
which adverse effects occur due to deficiency.  
 

 
 

Figure 1. Schematic overview of the processes of metal uptake, internal 
distribution, and elimination in a terrestrial organism. Metal is taken up by the 

organism, accumulated in the body, and removed from the body by elimination. 
Environmental factors (such as pH, dissolved organic carbon, and cation exchange 
capacity) can influence availability of the metal for being taken up by the organism, 

thereby affecting metal bioavailability. Metals can be detoxified by the organism 
either by direct elimination (removal from the body) or by storage in the body. The 

stored metal may be used for enzymatic activities (essential metals), be 
sequestered in inert forms in the body, or finally be removed from the body with 
waste products. Also shown is the threshold or critical body residue level (thick 

dashed line). Adverse effects occur when internal metal concentrations exceed this 
threshold. In the right-hand part of the Figure, internal metal concentrations are still 

below the effect levels. 
 

Uptake

Bioaccumulation

Detoxification

StorageElimination

Availability Bioavailability

Effects



148 
 

Metals are taken up by the organisms via active or passive accumulation (Saxe et 
al., 2001) and may be stored in the body (Carpene et al., 2006) or excreted from 
the body (Rainbow, 2002). Net metal accumulation is the result of the physiological 
processes inside the organism (Depledge and Rainbow, 1990). Each organism has 
a specific strategy to prevent itself from harmful effects of metals (Rainbow, 2002). 
Patterns for excreting/eliminating part of the accumulated/assimilated metal have 
been reported in several studies; e.g., in carabid beetles (Janssen et al., 1991) and 
earthworms (Vijver et al., 2005). Metals are detoxified either via excretion and/or 
via storage in soluble or insoluble (inert) forms or in a special organ to be taken 
away from interaction with their target sites and to prevent diffusion into tissues and 
interference with biochemical reactions (Rainbow, 2007). These forms of metals in 
the body are assumed to be non-toxic or less toxic. For example, isopods 
accumulate high amounts of metals without showing adverse effects. This can be 
attributed to the presence of an efficient storage organ, the hepatopancreas, which 
contains up to 90% of the metal in the body (Hopkin, 1990). This internal 
sequestration is likely to be dependent on the elimination abilities of the organism. 
The slower the elimination rate compared to the uptake rate, the sooner toxicity 
and eventually mortality will occur (Vijver et al., 2004). Studies on earthworms also 
showed that they can sequester metals to prevent damage (Vijver et al., 2006a). In 
this review, we summarize internal bioaccumulation mechanisms present in soil 
organisms for essential and non-essential metals separately. 
 
2.1. Essential metals 
Organisms are able to regulate internal concentrations of essential metals either by 
limiting uptake or by involving an organism-specific strategy with an active 
excretion from the excess pool or storage in inert form and excretion of the stored 
(detoxified) metal (Rainbow, 2002).  
Generally, Cu is regulated in different earthworm species (Ireland, 1979; Morgan 
and Morgan, 1988; Neuhauser et al., 1995; Gal and Bouché, 1988), for example, in 
Eisenia fetida (Spurgeon and Hopkin, 1999), Eisenia andrei (Peijnenburg et al., 
1999a), and Lumbricus rubellus (Ireland, 1979). Constant Cu body concentrations 
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over a range of soil concentrations were also found in other studies on earthworms 
(Morgan and Morgan, 1988). 
Zn is efficiently regulated in soil organisms by active increase in elimination rate 
and/or by decreasing uptake rate (Heikens et al., 2001; Lock and Janssen, 2001a; 
Hobbelen et al., 2006; Demuynck et al., 2007; Veltman et al., 2007). Spurgeon and 
Hopkin (1999) mentioned that the detoxification of Zn in earthworms occurs 
through excretion.  
Slow elimination rates of Cu in Marinussen et al. (1997b) were explained by Cu 
binding to chloragosomes, cytoplasmic granules derived from lysosomes in 
chloragocytes of earthworms (Ireland, 1978). Chloragocytes form a diffuse layer of 
tissue along the dorsal blood vessel and blood sinuses in earthworms, separating 
the coelome from the blood. Morgan et al. (1993) showed that also Zn is 
sequestered (detoxified, stored, and/or regulated) in these granules, while another 
earthworm species L. rubellus did not show such a mechanism. Earthworms do not 
avail a storage mechanism for essential metals comparable to the hepatopancreas 
of isopods, so they must invest energy in regulating Cu uptake and elimination 
rates. This explains the only slight increase of body concentrations with increasing 
exposure concentrations (Morgan and Morgan, 1990). 
Cu and Zn concentrations in other soil organisms (springtails, ants, etc.) are also 
only slightly increased with exposure to contaminated media, but usually remain 
within an order of magnitude of the initial body concentration (Heikens et al., 2001). 
The latter authors attributed this fact to the possible regulation of these two metals. 
Regulation of Cu was also observed in the springtail F. candida exposed for 14 
days to Cu in LUFA 2.2 soil (Ardestani and van Gestel, 2013a). In isopods, an 
internal mechanism was reported where Zn could be rapidly eliminated from the 
body due to its internal translocation to the big cells in the hepatopancreas (Donker 
et al., 1996). These cells showed daily cycles of apocrine excretion towards the 
lumen (Hames and Hopkin, 1991a). 
Regulation mechanisms of Cu and Zn were most studied in aquatic organisms (see 
e.g., Roesijadi, 1992; Rainbow, 2007). Some aquatic species detoxify metals 
(especially Cu) and store them in membrane-bound vesicles rather than excreting 
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them (reviewed by Bryan, 1976), while Rainbow (2002) showed that Zn can be 
regulated via elimination in decapod crustaceans. 
In summary, we may conclude that the internal concentrations of essential metals 
are often, but not always, regulated at a stationary level, where uptake balances 
elimination. In cases of strong regulation the total body concentration is a poor 
indicator of bioavailability. In organisms with a large storage compartment 
regulation may be limited to the metabolically active pool, and the total body 
concentration varies with exposure. Knowledge of internal metal trafficking 
pathways is essential to evaluate the use of body concentrations to measure 
bioavailability. 
 
2.2. Non-essential metals 
For non-essential metals, organisms use a different strategy either by metal 
excretion from the excess pool or storage without elimination, leading to a steady 
increase of internal body concentrations with time (Rainbow, 2002).   
Animals are obliged to limit accumulation of non-essential metals and/or store them 
in a non-toxic form in order to survive in their natural (contaminated) habitats 
(Depledge and Rainbow, 1990). Mechanisms of bioaccumulation of non-essential 
metals were most studied for Cd. Soil organisms respond to Cd by synthesizing 
metal-binding proteins such as metallothioneins (MTs) which sequester Cd within 
the cell and limit accumulation of free metal ions (Dallinger et al., 1997; 
Hensbergen et al., 1999; Stürzenbaum et al., 2001; Stürzenbaum et al., 2004; 
Morgan et al., 2004; Vijver et al., 2004; Vijver et al., 2006a). The binding of Cd to 
these cysteine-rich proteins (MTs) is facilitated by formation of a Cd-thiolate 
complex with the cysteine residues which renders Cd toxicologically unavailable 
(Melancon et al., 1992; Dallinger, 1993; Reinecke et al., 1999; Spurgeon and 
Hopkin, 1999), thereby reducing its toxicity (Goering and Klaassen, 1983). So, the 
occurrence of biological toxicity is not associated with Cd-bound to MT in the 
cytosolic fraction (Stürzenbaum et al., 2004; Vijver et al., 2004). 
Cd was shown to be tightly bound to the isoform 2 of metallothionein (MT-2) with 
low elimination rate constants reported for L. terrestris and E. fetida (Sheppard et 



151 
 

al., 1997; Spurgeon and Hopkin, 1999). Slow Cd excretion was explained by 
binding to organic and inorganic matrices (Spurgeon and Hopkin, 1999). The 
binding of Cd to MTs may explain the slow elimination rate of Cd after transferring 
E. andrei to clean artificial soil (Van Gestel et al., 1993).  
Pb can be stored permanently in waste nodules, which is one of the detoxification 
mechanisms in earthworms (Lee, 1985). Cd and Pb are stored in phosphate-rich 
structures in the chloragogenous tissue of earthworms (Ireland and Richards, 
1981; Morgan et al., 1993). These granules (or chloragosomes) are kept in inert 
form in coelomic sacs, large amorphous waste nodules, or may be excreted via 
nephridia from each body segment (Hopkin, 1989). 
Besides earthworms, detoxification of Cd has been well investigated in other 
terrestrial invertebrates (e.g., Gimbert et al., 2008b). Fast Cd elimination from 
snails was related to the removal of a loosely-bound fraction of Cd, but the rest of 
Cd was stored in inert form in the snail’s foot, leading to higher internal 
concentrations at the end of the test compared to initial body concentrations in H. 
aspersa (Gimbert et al., 2006). In organisms with a storage strategy, Cd 
concentrations may increase to very high levels in the body upon chronic exposure. 
This pattern was observed in pseudoscorpions (Janssen et al., 1991) and isopods 
(Crommentuijn et al., 1994). 
In woodlice (isopods), high accumulation of Cd has been reported due to the ability 
of the hepatopancreas to store this metal (e.g., Hopkin, 1989). Rapid elimination of 
Cd has been reported in the collembolan O. cincta and the beetle Pterostichus 
niger (Posthuma et al., 1992; Lindqvist et al., 1995). In these organisms, metal 
elimination is related to the replacement of gut epithelial cells with new cells as part 
of the moulting process (Van Straalen et al., 1987; Janssen et al., 1991; Posthuma 
et al., 1992). Molecular mechanisms of Cd tolerance in populations of O. cincta in 
metal-contaminated sites were attributed to metallothionein induction followed by 
temporary storage of Cd in the gut epithelium and subsequent excretion (see e.g., 
Sterenborg and Roelofs, 2003; Roelofs et al., 2009; Janssens et al., 2009). This 
strategy prevents free circulation of Cd through the body; more than 90% of the 
body burden is located in the gut (Hensbergen et al., 2000). 
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Pb detoxification was observed for the centipede Lithobius forficatus exposed 
through food (Descamps et al., 1996). Van Straalen et al. (1987) also showed that 
intestinal epithelium of O. cincta contains granules in which Pb is stored for a short 
time and expelled later into the gut lumen.  
 
3. Bioaccumulation models 
Bioaccumulation kinetics models have been applied to provide more insight into 
metal- and species-specific differences in metal accumulation and facilitate 
extrapolation of lab data to natural field conditions (Veltman et al., 2007). Various 
bioaccumulation models have been developed for aquatic and terrestrial species 
(see e.g., Saxe et al., 2001; Luoma and Rainbow, 2005). These toxicokinetics 
models have been used to explain bioaccumulation (strategies) of metals in 
different organisms, while different metal accumulation strategies also have 
triggered the development of more refined accumulation models.  
A first-order one-compartment model (Figure 2a) is generally applied to estimate 
metal uptake and elimination kinetics parameters for an organism (Atkins, 1969). 
Usually in this model, metal is assumed to be taken up from the medium with an 
uptake rate constant of k1 and removed from the body with an elimination rate 
constant of k2 (see later). The classical one-compartment kinetics experiment 
contains two phases: an uptake phase in which organisms are exposed to metals 
via contaminated medium (soil, food) and an elimination phase for which 
organisms are transferred from the contaminated medium to a clean medium. It 
should be noted that elimination also takes place during the uptake phase (see 
Figure 1). In the course of the uptake phase, the total amount of metal eliminated 
per time unit will increase and becomes equal to uptake when a stationary phase is 
reached, except for those cases where the organism is not capable of eliminating 
the metal. When the one-compartment model is applied to calculate kinetics 
parameters, the following equation is used for the uptake phase (0 ≤ t ≤ tn): 
 
Cint = C0 + (k1/k2) * Cexp * (1 – e – k2 * t)  (1A) 
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And for the elimination phase (t > tn): 
 
Cint = C0 + (k1/k2) * Cexp * (e – k2 * (t – tn) – e – k2 * t)  (1B)   
 
where Cint is the metal concentration in the animals at time t (µg g-1 dry body 
weight), C0 is the basal internal metal concentration (µg g-1 dry body weight), k1 is 
the uptake rate constant (gsoil ganimal-1 day-1), k2 is the elimination rate constant 
(day-1), Cexp is the measured metal concentration in the exposure medium (µg g-1 
dry soil), t is the exposure time (days), and tn is the last day of the uptake phase 
when the animals are transferred to clean medium (start of the elimination phase).  
In case an organism is exposed to metal through food or aqueous solution, the 
units for k1 are gfood ganimal -1 day-1 and L ganimal-1 day-1, respectively. The units for 
Cexp are µgfood g-1 dry food and µg L-1, respectively.  
Several options may be applied to deal with C0: 
 

1) C0 = 0 (Figure 2a); in this case, the metal is not present in the clean 
environment; therefore no background concentration is present in the 
animals. Equation (2A) can be used for the uptake phase: 

 
Cint = (k1/k2) * Cexp * (1 – e – k2 * t)  (2A) 
 
and Equation (2B) for the elimination phase: 
 
Cint = (k1/k2) * Cexp * (e – k2 * (t – tn) – e – k2 * t)  (2B) 
 

2) C0 > 0, but cannot be eliminated (Figure 2b). In this case, Equations (1A) 
and (1B) are used for estimating uptake and elimination rate constants. 
The C0 in Equations (1A) and (1B) can be either fixed as the mean 
measured concentrations in the animals at t = 0, or included in as a 
variable that has to be estimated by fitting the model to the data. 
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3) C0 > 0, and can be eliminated (Figure 2c). The following equation is used 
for the uptake phase: 

 
Cint = C0 * e – k2 * t + (k1/k2) * Cexp * (1 – e – k2 * t)  (3A) 
 
and for the elimination phase: 
 
Cint = [C0 * e – k2 * t + (k1/k2) * Cexp * (1 – e – k2 * t)] * e – k2 * (t – tn)  (3B) 
 
So, C0 in Equations (3A) and (3B) can be either fixed as the mean measured 
concentrations in the animals at t = 0, or included as a variable to be estimated. 
Another option that can be considered in Equation (3B) is that Cexp is higher than 
zero in the control medium (soil or solution) to which animals are transferred during 
the elimination phase (Ardestani and van Gestel, 2013b). In that case, Equation 
(3B) can be rewritten as: 
 
Cint = {[C0 * e – k2 * t + (k1/k2) * Cexp * (1 – e – k2 * t)] * e – k2 * (t – tn)} + (k1/k2) * Cbg * (1 – 
e – k2 * (t – tn))  (3C) 
  
where Cbg is the background metal concentration in the control soil (µg g-1 dry soil).  
Another possible option is that the exposure concentration, Cexp changes with time. 
In the case of metals, total soil concentrations generally do not change, but their 
bioavailability may change with time. Usually this means that a decrease in actual 
available metal concentration occurs during the uptake phase which can be related 
to aging. When the exposure concentrations decrease following first-order decay 
kinetics, a decay rate (k0) may be estimated. This k0 can be incorporated into 
Equation (1A) to yield (e.g., Widianarko and van Straalen, 1996): 
 
Cint = (k1/(k2 – k0)) * Cexp * (e – k0 * t – e – k2 * t)  (4A)   
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where k0 is the rate constant for the decrease of the available metal concentration 
in the exposure medium (day-1). To Equation (4A), C0 can be added as mentioned 
above.  
Another option that should be taken into account when modeling bioaccumulation 
kinetics is growth of the organisms especially when exposed for longer periods 
(e.g., Gimbert et al., 2006). This can be done with the following equation for the 
uptake phase: 
 
Cint = (k1/(k2 + kg)) * Cexp * (1 – e – (k2 + kg) * t)  (5A)    
 
where kg is the growth rate constant in day-1. Again, the addition of C0 to Equation 
(5A) may be considered (Figure 2d). In this case, it is assumed that metal 
concentrations in the animals are diluted by growth. The following equation can be 
used for the elimination phase:  
 
Cint = (k1/(k2 + kg)) * Cexp * (1 – e – (k2 + kg) * t) * e – (k2 + kg) * (t – tn)  (5B) 
 
Another type of bioaccumulation kinetics models may be applied when there is a 
possibility for the metal to be stored in the body (Rainbow, 2002, Figure 2e). A two-
compartment kinetics model is then used for estimating kinetics parameters (e.g., 
Janssen et al., 1991; Crossley et al., 1995; Vijver et al., 2005; Boulleman et al., 
2009). The following equations are used for describing the two-compartment 
accumulation kinetics in the uptake phase: 
 
Cint-1 = (k1/(k2 + ki)) * Cexp * (1 – e – (k2 + ki) * t)  (6A-1)    
 
and  
 
Cint-2 = (k1/(k2 + ki)2 ) * ki * Cexp * ((k2 + ki) * t + e – (k2 + ki) * t – 1)  (6A-2)   
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where ki is the rate constant in day-1 for metal transfer from the loosely-bound 
compartment (compartment 1, Cint-1) towards the storage compartment 
(compartment 2, Cint-2). In Equations (6A-1) and (6A-2), it is assumed that metal is 
taken up from the medium and divided over a loosely-bound metal compartment 
and a storage compartment. The accumulation and distribution of metals is 
different based on the domination of the behaviour of each compartment. To 
describe the elimination phase with the two-compartment model, the following 
equations can be used: 
 
Cint-1 = (k1/(k2 + ki)) * Cexp * (1 – e – (k2 + ki) * t) * e – (k2 + ki) * (t – tn)  (6B-1)  
 
and 
 
Cint-2 = (1/(k2 + ki)) * ki * (k1/(k2 + ki)) * Cexp * (1 – e – (k2 + ki) * t) * (1 – e – (k2 + ki) * (t – tn)) + 
(k1/(k2 + ki)2 ) * ki * Cexp * ((k2 + ki) * t + e – (k2 + ki) * t – 1)  (6B-2)    
 
And finally, a combination of all options mentioned above may be applied such as 
the presence of basal (initial) metal concentrations, the storage of metal in the 
body, and simultaneous growth of the animals (Figure 2f). 
Despite the relative ease by which mathematical models can be developed for 
multi-compartment kinetics, the data obtained for soil invertebrates are hardly 
precise enough to discriminate more than one compartment. There is often 
considerable scatter in the data due to variability between individuals in the 
ingestion of contaminated medium. More precise measurements may be made by 
using radioactive isotopes or when animals can be dissected into different tissues 
of which the metal burden can be measured separately. Problems especially occur 
for small animals that do not allow dissection and are too small to allow for metal 
detection at the tissue level. Due to these limitations, the classical one-
compartment model using a single elimination rate constant is still often used. 
Estimates of kinetic parameters (k1, k2, etc.) are usually obtained by fitting the 
model curve to a time-series of metal measurements. Non-linear regression using 
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e.g., a least squares algorithm will produce point estimates and confidence 
intervals for the parameters. If the optimization algorithm converges to the same 
estimates from various initial values, the parameters are well defined. Practice 
learns that the most reliable estimates for the uptake and elimination rate constants 
are obtained when the curves for the uptake and elimination phases are fitted 
simultaneously (Figure 3a). The estimation of the uptake rate constant is greatly 
supported by simultaneous curve fitting of uptake and elimination data, because 
the uptake pattern depends on both uptake and elimination rates, while the 
elimination process depends on the elimination rate constant only. More 
complicated situations can arise when kinetics are dependent on physiological 
switches in the animal. Kramarz (1999a, b), for instance, showed different 
elimination rate constants for the uptake and elimination phases when fitting 
Equations (1A) and (1B), separately.  
Other authors have reported an “overshoot” in the beginning of the uptake phase 
(Figure 3b); in fact, such dynamics should be analysed using a three-phase 
kinetics pattern: two phases of uptake separated by a switch plus one-phase 
elimination (Neuhauser et al., 1995; Descamps et al., 1996; Spurgeon and Hopkin, 
1999; Lagisz et al., 2005; Laskowski et al., 2010). Two-phase uptake of metals 
may occur when the internal concentration increases fast at the beginning of 
exposure, but decreases to the initial level again within a few days of exposure. 
Both essential and non-essential metals may show this pattern. This phenomenon 
can be attributed to a delay in the response of the organisms to higher exposure 
levels of metals. The interpretation is that the organism changes its physiology to 
handle metal exposure effectively when the body burden increases beyond a 
certain threshold (Laskowski et al., 2010). 
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Figure 2. Different bioaccumulation patterns and associated processes observed in toxicokinetics 
studies on metals with soil invertebrates. Canimal is the internal metal concentration at time t (µg g-1 dry 
body weight), C0 the initial internal metal concentration in the animals (µg g-1 dry body weight), k1 the 

uptake rate constant (gsoil ganimal -1 day-1 or L ganimal -1 day-1), k2 the elimination rate constant (day-1), S the 
fraction of metal stored in the body, kg the growth rate constant (day-1), k i the rate constant for metal 

transfer from the loosely-bound compartment towards the storage compartment. 
(a) classical one-compartment bioaccumulation kinetics: uptake takes place when the animals are 

exposed to contaminated medium, and elimination starts as soon as metal has been taken up. In this 
case, animals do not have a background (initial) concentrations; (b) one-compartment kinetics when a 
background (initial) metal concentration is present in the body, but is not eliminated from the body; (c) 

one-compartment kinetics taking into account the elimination from the internal background 
concentrations; (d) one-compartment kinetics as in (c), but also taking into account the growth of the 

animal during the test; (e) the uptake-elimination kinetics pattern considering storage of the metal (S) in 
the body. In this case, metal load from the body into/from this compartment is taken into account. Using 
a two-compartment model, the excretion of metal from the storage compartment can be calculated; (f) 

the uptake and elimination kinetics taking into account all possible options mentioned above; the growth 
of the test animal during the experiment as well as initial metal concentration in the body and the 

elimination from these compartments. See text for more details. 
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In a similar fashion, a “breaking point” model (Figure 3d) was applied to fit the fast 
initial increase of internal Ni concentrations after 3-4 days exposure of the ground 
beetle Pterostichus oblongopunctatus to contaminated food. The initial increase 
was followed by a decrease to an equilibrium level (Bednarska et al., 2011). After 
transferring animals to the medium containing clean food, a further decrease of the 
internal Ni concentrations was observed. This model better fitted to the data 
compared to the classical one-compartment model. The breaking point model 
seems to be the same as an overshoot (Laskowski et al., 2010) at the beginning 
with a sharp peak after few days of exposure; however, the fit of the breaking point 
model to the data after the peak shows a decreasing line till the end of elimination 
phase (Figure 3). 
Zn showed different kinetics patterns in E. andrei exposed in artificial soil (Smith et 
al., 2010a). In this case, a different one-compartment model was fitted to the 
development of internal Zn concentrations with time (Figure 3c). The internal Zn 
concentration reached its highest level within 1 day, and after that Zn concentration 
in the body decreased till the end of the uptake phase (t = 21). This is actually a 
special case of the model of Bednarska et al. (2011).  
Toxicokinetics models are not only used to describe metal accumulation and 
bioavailability for single experimental animals, but are also deployed to deal with 
accumulation patterns in communities or food webs. For example, a mechanistic 
bioaccumulation model OMEGA (Optimal Modeling for EcotoxicoloGical 
Applications) was first applied for aquatic and terrestrial species (Hendriks et al., 
2001) and then further developed to estimate kinetics parameters, for instance, for 
Zn, Cu, Cd, and Pb uptake kinetics in different species (Veltman et al., 2007). The 
advantage of using the OMEGA model is the estimation of the uptake and 
elimination rate constants based on allometric relations and biochemical transport 
principles such as a water diffusion layer surrounding the test species and lipid 
layers on the organisms’ surface (Hendriks et al., 2001; Hendriks and Heikens, 
2001). This helps the optimal use of the current data for different soil types, test 
species, and other experimental conditions (Veltman et al., 2007). The OMEGA 
model, with a one-compartment model basis, estimates accumulation kinetics 
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parameters in the test species based on the exposure concentrations, dry/wet body 
weight, and trophic level.   
As mentioned in the Introduction, biotic ligand models (BLMs) are used to predict 
metal toxicity. The main assumption of these models is that the concentration of 
metal bound to the biotic ligand sites of the organism (corresponding to metal 
accumulation) is responsible for the effects. Therefore, the BLM approach may be 
expanded to include kinetics modeling. Recently, a number of kinetics studies used 
a combination (integrated) approach, such as toxicokinetics (TK) with BLM to 
describe the accumulation of metals in different organisms considering other 
important factors influencing metal uptake at the biotic ligand sites. Metal 
toxicokinetics integrated with BLM (TK-BLM) may give a better understanding of 
metal uptake and toxicity in aquatic (Liao, et al., 2007; Ferreira et al., 2009; 
Veltman et al., 2010) or soil organisms (Ardestani and van Gestel, 2013b). Metal 
bioaccumulation may differ in case of competition of other cations, or complexation 
of inorganic/organic ligands with the free metal ions in the medium. In this case, the 
conditional binding constants for metals binding to the biotic ligand sites could be 
estimated and related to the uptake and elimination rate constants, to the fraction 
of occupied binding sites on the biotic ligand, and finally to the effects.  
Metal toxicokinetics was also integrated with toxicodynamics modeling (TK-TD) to 
give a comprehensive interpretation of the relationship between the observed 
effects and metal bioaccumulation in aquatic or soil organisms (e.g., Ashauer et al., 
2007; Jager et al., 2011; Ardestani and van Gestel, 2013c, Ardestani et al., in 
press; He and van Gestel, 2013). Toxicity-time experiments take into account 
bioavailability of metals from the exposure medium into the organism in a dynamic 
way (Peijnenburg et al., 1999a). In this way, the internal metal level, which is 
actually considered as an biological measure of bioavailability, is linked to the 
adverse effects observed after exposure of the organism to the metal.  
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Figure 3. Outcome of different bioaccumulation models applied to describe the 
development of internal metal concentrations in soil invertebrates with time: (a) 

classical first-order one-compartment model commonly used to show the increase 
in metal concentrations in the animals during an uptake phase in contaminated 
medium followed by the decrease in metal body levels when the animals are 

transferred to clean medium, (b) the overshoot model for data showing an initial 
fast uptake of metal in the first days of exposure followed by decreasing metal 
concentrations after the peak, and a further decrease when the animals are 

transferred to clean substrate (e.g., Laskowski et al., 2010), (c) the special type of 
the breaking point accumulation model in which an initial peak of internal metal 

concentrations is followed by a steady decrease in the animals’ body 
concentrations till the end of the experiment (uptake and eliminations phases 

together) (e.g., Smith et al., 2010a), and (d) the breaking point accumulation model 
with an initial fast uptake followed by a slight gradual decrease in metal 

concentrations in the body (e.g., Bednarska et al., 2011). See text for more details. 
 
4. Uptake/elimination rate constants  
Uptake and elimination rate constants reported for various organisms under a 
variety of exposure concentrations and medium characteristics are shown in 
Tables 1-5. Species-specific and metal-specific differences are obvious, but 
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experimental conditions also play a role. We will discuss the various toxicokinetics 
studies for essential and non-essential metals separately below. 
  
4.1. Essential metals 
4.1.1. Zinc 
Internal Zn concentrations in the earthworm Dendrobaena veneta did not differ 
from initial concentrations during 56 days of exposure in contaminated field soil 
(Marinussen et al., 1997b). One- or two-compartment kinetics models did not fit the 
data. A slow rise in body Zn concentrations was observed for another species of 
earthworm Lumbricus rubellus after 90 days exposure in contaminated field soils 
(Marino and Morgan, 1999). This suggests regulation of Zn in both species at 
exposure concentrations up to 225 mg kg-1 dry soil (Marinussen et al., 1997b) or up 
to 25,600 mg kg-1 dry soil (Marino and Morgan, 1999) (Table 1). Zn regulation has 
also been reported for the earthworm Eisenia andrei and E. fetida exposed to 
exposure concentrations of 56-1,000 mg kg-1 dry soil in artificial and field soils 
(e.g., Van Gestel et al., 1993; Lock and Janssen, 2001a). The duration of exposure 
did not seem to have an effect on internal Zn concentrations. Zn levels remained 
constant in E. andrei till approx. 60 days (Peijnenburg et al., 1999a) and in L. 
rubellus until 14 days (Vijver et al., 2005) in field soils, and in E. fetida for 42 days 
in artificial soils (Spurgeon and Hopkin, 1999). The same holds for Allolobophora 
tuberculata with internal Zn concentration in the earthworms remaining quite 
constant after 112 days exposure in field soil (Neuhauser et al., 1995). Regulation 
of Zn by earthworms seems to be effective over a wide range of exposure 
concentrations and is independent of the uptake route (food or soil). 
The results also indicate that different species may regulate their Zn body burden 
at different levels. For example, among earthworms, E. fetida regulates its Zn body 
concentrations between 100 and 200 µg g-1 dry body weight (Lock and Janssen, 
2001a; Demuynck et al., 2007) while internal Zn concentrations for E. andrei 
ranged between 85 and 496 (Van Gestel et al., 1993; Peijnenburg et al., 1999a; 
Smith et al., 2010a), L. rubellus between 416 and 1871 (Ireland, 1979; Hobbelen et 
al., 2006), D. veneta at approx. 100 (Marinussen et al., 1997b), A. tuberculata  up 
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to 400 (Neuhauser et al., 1995), Drawida willsi between 116 and 125 (Panda et al., 
1999), and Aporrectodea caliginosa between 676 and 1958 µg g-1 dry body weight 
(Hobbelen et al., 2006). 
Ants and collembolans regulate internal Zn concentrations up to 200 (Grzes, 2012) 
and 70-270 µg g-1 dry body weight (Smit and van Gestel., 1997; Vijver et al., 2001; 
Sterenborg et al., 2003), respectively. However, enchytraeids cannot keep Zn body 
concentrations at a constant level (Peijnenburg et al., 1999b; Lock and Janssen, 
2001a). Peijnenburg et al. (1999b) noted that Lumbricidae have a higher capacity 
to regulate their internal Zn concentrations than Enchytraeidae. Heikens et al. 
(2001) showed that on average internal Zn concentrations in different soil 
invertebrates were between 300 and 500 µg g-1 dry body weight with: Isopoda = 
Diplopoda > Arachnida > Chilopoda > Formicidae > Lumbricidae > Coleoptera. 
The relative constancy of total Zn body concentrations in most species does of 
course not preclude fast kinetics. Zn showed an initial fast accumulation in E. 
andrei with an uptake rate constant of 0.438 gsoil ganimal-1 day-1 and it reached the 
highest levels in animals after 24 h exposure in artificial soil. As Figure 3 shows 
there was an initial overshoot, but internal Zn concentrations returned to the initial 
level for the rest of the uptake phase (21 days) (Smith et al., 2010a). An elimination 
rate constant of 0.448 day-1 was calculated for the uptake phase after the peak in 
internal Zn concentrations (Table 1), but no elimination rate constant could be 
estimated for the elimination phase (Smith et al., 2010a). An initial rapid uptake of 
Zn has also been reported for E. andrei in contaminated field soil (Peijnenburg et 
al., 1999a), and in L. rubellus (Vijver et al., 2005).  
Relatively fast uptake with an uptake rate constant of 0.08 gsoil ganimal-1 day-1 
followed by rapid elimination with an elimination rate constant of 0.06 day-1 was 
reported for Allolobophora tuberculata exposed to Zn in contaminated field soil 
(Neuhauser et al., 1995). Zn exposure concentrations were 374-577 mg kg-1 dry 
soil which were approx. a factor of 2-5 higher than those in Marinussen et al. 
(1997b); however, low available Zn concentrations (in pore water) were reported in 
the latter study (Table 1). In Neuhauser et al. (1995), available Zn concentrations 
were not measured.  
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Rapid uptake and elimination was reported for E. fetida exposed to Zn in field soils 
(Spurgeon and Hopkin, 1999). However, the low uptake rate constants of up to 
0.0003 gsoil ganimal-1 day-1 calculated for Zn in contaminated field soils, do not 
support the fast uptake of Zn suggested by the authors. However, estimated 
elimination rate constants reached values up to 1.84 day-1 (Table 1) in two test 
soils (out of three), resulting in internal Zn concentrations reaching equilibrium after 
few days of exposure. Concentrations up to 43,300 mg kg-1 dry soil were measured 
in the field soils (Spurgeon and Hopkin, 1999). Similar Zn exposure concentrations 
(only a factor of 4 higher) were used by Marino and Morgan (1999) for L. rubellus, 
but internal Zn concentrations steadily increased exposure time. No elimination 
rate constants for Zn were reported in the latter study. 
Low uptake rate constants (0.00001-0.017 gfood ganimal -1 day-1) have been reported 
for ground beetles, centipedes, and isopods exposed to Zn via food (see e.g., 
Kramarz, 1999a, b; Vijver et al., 2006b). Zn accumulated in isopods (Porcellio 
scaber) with uptake rate constants up to 0.0004 gsoil ganimal-1 day-1 when the animals 
were exposed to 2251-2357 mg kg-1 dry soil (Vijver et al., 2006b). A high 
elimination rate constant of up to 1.93 day-1 caused internal Zn concentrations to 
reach equilibrium after 10-15 days of exposure. Elimination rate constants for 
isopods were approx. a factor of 10 higher in Vijver et al. (2006b) compared to the 
values for Poecilus cupreus and Lithobius mutabilis in Kramarz (1999a, b) (Table 
1), suggesting a species-difference. 
 
4.1.2. Copper 
No differences in internal Cu concentrations of L. rubellus were observed after 90 
days exposure in contaminated field soils (Marino and Morgan, 1999). A slow 
uptake of Cu with uptake rate constants of 0.032-0.191 gsoil ganimal-1 day-1 was 
reported for E. fetida exposed for 42 days in four out of eight field soils with internal 
concentrations reaching equilibrium after 35 days (Nahmani et al., 2009). 
Elimination rate constants were 0.13-0.62 day-1. When E. fetida was exposed for 
42 days to exposure concentrations of 1.8-115 mg kg-1 in artificial soils, a slow or 
negligible uptake of Cu with elimination rate constants up to 0.03 day-1 were 
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observed (Spurgeon and Hopkin, 1999). Slow accumulation of Cu, with uptake rate 
constants of 0.02-0.17 gsoil ganimal-1 day-1 were estimated for the collembolan 
Folsomia candida exposed in LUFA 2.2 natural soil with concentrations of 25 and 
100 mg kg-1 (Ardestani and van Gestel, 2013a). However, Vijver et al. (2001) could 
not get a good fit of the one-compartment model to the data for F. candida exposed 
to Cu at 10.1-631 mg kg-1 in artificial soil (Table 2). The variation in the data and 
large standard errors or (partial) regulation of Cu by the animals may be the reason 
for that.  
Except for animals exposed in one test soil with quite constant internal Cu 
concentrations, a fast initial uptake was followed by equilibrium within a few days 
for E. fetida exposed for 42 days to Cu concentrations of 17.4-2800 mg kg-1 in 
contaminated field soils (Spurgeon and Hopkin, 1999) (Table 2). Calculated uptake 
rate constants were up to 0.003 gsoil ganimal-1 day-1 and elimination rate constants up 
to 1.63 day-1 (Spurgeon and Hopkin, 1999). Relatively high elimination rate 
constants in two out of three field soils (1.19 and 1.63 day-1) resulted in Cu internal 
concentrations quickly reaching equilibrium in the latter study. An initial uptake was 
reported for E. andrei exposed to Cu in field soils with internal concentrations 
reaching steady state within 3 days of exposure (Peijnenburg et al., 1999a). The 
fast initial accumulation may be due to deficiency of Cu in the culture medium 
causing the animals to take up Cu to reach levels in the body needed for their 
metabolic activities. 
Internal Cu concentrations of D. veneta steadily increased up to 56 days exposure 
(Marinussen et al., 1997b). Heikens et al. (2001) reviewing the literature showed 
that internal Cu concentrations slightly increased and remained within an order of 
magnitude from initial body concentrations among different taxonomic groups: 
Diplopoda = Isopoda > Collembola > Arachnida > Lumbricidae > Coleoptera = 
Formicidae.  
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Table 1. An overview of toxicokinetics studies on Zn in different soil organisms 
Sp. Salt Me conc.* 

(mg kg-1 ds) 

Medium Time (day) Mod k1 

gs gbw-1 day-1 

k2 

day-1 

BAF S.P. Ref. 

Uptake  Elimination       

EF Zn(NO3)

 

20.4-1420 AS 1-42 1-100 1 0-0.0014 0-1.1 - 5.78-6.67[pHw] [4] 

EF ZnCl2 56,560  AS 1-28 1-28 1 - - - 4.5-6.3[pHKCl],1.5-10[OM] [8] 

EAN ZnCl2 100 (Meas. 106)  AS 1-21 1-21 1 0.438 0.448 0.978 6.0[PHc] [23] 

EAN - -  AS 1-63 - 1 - - - 3.02-7.17[PHc] [24] 

EAN ZnCl2 100-1000  AS 3 wk 3 wk 1 - - - - [26] 

FC ZnCl2 10.5-594  AS 1-28  - 1 - - - 3.09-7.30[pH] [33] 

PS ZnCl2 100,1000 (f) AS 4-20 wk 4-12 wk - - - - - [49] 

HA - 31.2 (control soil) AS  2-84  2-84  1 0.22(V),0.01(F) - - 5.91-7.80[pHw] [54] 

EF Zn(NO3)

 

56.6-43300 FS 1-42 1-100 1 0-0.0003 0-1.84 - 5.78-6.67[pHw] [4] 

EF - 3403-4253  FS+FR 12-192h 12-192h - - - 0.07-0.23 pHP2O5=5.5-7.0, pHKH2PO4=6.1-6.6 [6] 

EF - - FS 3-42  1 0.001-0.075 0.09-0.853 0.08-0.43  3.72-6.90[PHc] [9] 

DV - 72-225 FS 1-112 1-56 1,2 No fit 1.71(1) - 3[OM],7.0[PHc] [14] 

LR - 25631  FS 10-90 - - - - - 6.1[pH],40[OM] [15] 
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Table 1 continued 
Sp. Salt Me conc.* 

   

Medium Time 

 

 Mod k1 

   

k2 

 

BAF S.P. Ref. 

LR - 732-2092  FS 1-6,9 

(USW) 

0-4,6-10,12-

14,18 

1 0.19-0.71(t) 0.14-1.08 - 7.82-8.22[PHc] [17] 

AT - 374-577  FS 6-112 6-112 - 0.033-0.088 0.0088-0.062 - 4.89-6.54[pH] [22] 

EAN - 5.2-3109  FS 1-63 - 1 - - - 3.02-7.17[PHc] [24] 

EE - -  (EOC)FS 5-20  5-20  1 2.5-395  0.26-4.4 8.8-90 - [30] 

LR ZnCl2 R  2251-2257  FPS 0-4,6-

10,14 

0-4,6-10,12-

14,18 

1,2 0.295-0.584(s) 2.57(s) - 7.1-7.4[PHc] [16] 

EC - 5.2-3109 FS 1-35 - 1 0-2.9(t) 0-0.77 0.1-50 3.02-7.17[PHc] [60] 

FC ZnCl2 0.006-3.1 FS 1-28  - 1 - - - 3.09-7.30[pH] [33] 

PS ZnCl2 R 2251-2357  FS  up to 14  up to 18  1,2 0.0002-0.0004  1.93 - 7.1-7.4 [PHc] [51] 

HA - 1298  FS  2-84  2-84  1 0.005(V),0.000

4(F) 

0.020(V),0.01

6(F) 

- 5.91-7.80[pHw] [54] 

LT R - LIT 1-20 1-120 1 - - - - [20] 

HA - 1.24 (CaCl2) FS  2-84  2-84  1 5.7(V),0.4(F) 0.020(V),0.01

6(F) 

- 5.91-7.80[pHw] [54] 

DV - 0.00005-0.00014 

µg L-1 (pw)  

FS 1-112 1-56 1,2 No fit 1.71(1) - 3[OM],7.0[PHc] [14] 
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Table 1 continued 
Sp. Salt Me conc.* 

   

Medium Time (day)  Mod k1 

   

k2 

 

BAF S.P. Ref. 

LR ZnCl2 R  188-202 µg L-1 

(pw) 

FPS 0-4,6-10,14 0-4,6-

10,12-

14,18 

1,2 - - - 7.1-7.4[PHc] [16] 

LR - 66-96 µg L-1 (pw) FS 1-6,9 (USW) 0-4,6-

10,12-

14,18 

1 2.32-7.81 0.14-1.08 - 7.82-8.22[PHc] [17] 

EAN - 59-7617 µg L-1 

(pw) 

FS 1-63 - 1 - - - 3.02-7.17[PHc] [24] 

EAN ZnCl2 -(pw)  AS 3 wk 3 wk 1 - - 0.21-1.4 - [26] 

EAN - -(pw) FS - - - - - 0.1-18 3.02-7.17[PHc] [28] 

EC - 59-7617 µg L-1 

(pw) 

FS 1-35 - 1 0.011-0.024 L 

g-1 d-1 

0-0.77 53-6578 3.02-7.17[PHc] [60] 

FC ZnCl2 0.2-65 µg L-1 (pw) FS 1-28  - 1 - - - 3.09-7.30[pH] [33] 

LR - 9 µg L-1 S+S 1-8,13 (USW) 0-4,6-

10,12-

14,18 

1 100 0.27-0.32 - 7.82-8.22[PHc] [17] 
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Table 1 continued 
Sp. Salt Me conc.* 

   

Medium Time (day)  Mod k1 

   

k2 

 

BAF S.P. Ref. 

LR ZnCl2 R  2251-2257 (t)(f) FPS 0-4,6-10,14 0-4,6-

10,12-

14,18 

1,2 0.56-0.82(f) 3.53(f) - 7.1-7.4[PHc] [16] 

MR ZnCl2 768-979.8 (f) FS 2-80  2-30  1 0.0009-0.009(f) 0-0.374 - - [44] 

PS ZnCl2 R 226-636 (f) FS  up to 14  up to 18  1,2 0.00001-

0.00006 (f) 

0.182 - - [51] 

OC ZnCl2 1000 (f) PL-P 1-31 1-38 1 No fit - - - [42] 

OA ZnCl2 R 100 (f) PD up to 115 h up to 1400 

h 

MEA a.r:29.4% - - - [48] 

PS ZnCl2 R 100 (f) PD up to 115 h up to 1400 

h 

MEA a.r:36.7% - - - [48] 

PS ZnCl2 R 300-3000 (f)   PD 2-10  2-50  MEA - - - 6.0[pH] [50] 

PC - 500 (f) PBox 2-20,up to 90 

(>13, weekly) 

7-31  1 0.0007 (f) 0.02 - - [58] 

LM - 500 (f) PBox 2-13 weekly 

up to 90  

7-31  1 0.017 (f) 0.05 - - [59] 

OC - 196,4500 (f) - - - 1 No fit - - - [39] 

LR - Literature data - - - O - 0-1.84 - - [18] 
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Test species: EF = Eisenia fetida, EFT = E. f. typica, EAN = Eisenia andrei, EE = Eudrilus eugeniae, AT = Allolobophora tuberculata, LR = Lumbricus rubellus, LT = 
Lumbricus terrestris, DV = Dendrobaena veneta, FC = Folsomia candida, MR = Myrmica rubra, PO = Pterostichus oblongopunctatus, OA = Oniscus asellus, PS = Porcellio 
scaber, LF = Lithobius forficatus, OC = Orchesella cincta, PP = Platynothrus peltifer, NM = Neobisium muscorum, NB = Notiophilus biguttatus, EAL = Enchytraeus albidus, 
PC = Poecilus cupreus,  LM = Lithobius mutabilis, EC = Enchytraeus crypticus, TM = Tomocerus minor, CB = Cylindrorulus britannicus, HA = Helix aspersa 
R = Radioactive, Me = Metals, AS = Artificial Soil, FS = Field Soil, FP = Filter Paper, S+S = test solutions embedded in quartz sand, FPS = Floodplain Soil,  CS = 
Commercial Soil, LIT = Litter, PC = Plastic Container with commercial loam and composted bark, WS = Webster Soil (acclimated and non-acclimated soil, 2.4% organic 
carbon, 35.6% clay), (EOC)FS = Engine Oil Contaminated Soil, FS+FR = Field Soil treated with 2 forms of fertilizers, RLS = Radioactive Local Soil, CuOX = Copper 
oxychloride (fungicide), ds = dry soil, dw. = dry weight, SA = Specific Activity, pw = pore water, dm = dry manure, Sp. = Test Species, Me conc. = Metal concentrations, L = 
Lab, F = Field, USW = UnSeal Worms, Mod = bioaccumulation kinetics Model (1 = one-compartment model, 2 = two-compartment model), k1 = uptake rate constant with 
the units being gs gbw -1 (body weight) day-1 unless other units were used, k2 = elimination rate constant (day-1), BAF = BioAccumulation Factor, S.P. = Soil Properties, H-S 
= Hand-Stripped using the method of residuals (Shargel and Yu, 1985), t = Total soil concentration, s = soil, f = food, a = assimilation rate, O = OMEGA bioaccumulation 
model,  ph = referred to 2 (classical) and 3 phasic bioaccumulation models, Sur = Survival, half-life was calculated based on survival data in this study, [PHc] = pHCaCl2, 
[pH] = only pH mentioned in the study, [pHw] = pHH2O, [OM] = OM (%), CC = Commercial Compost in place of artificial soil with the same composition (70% sand, 20% 
clay, 10% peat), Meas. = Measured, NS = Natural Soil, MP = Moist Peat, Sol. = Solution, PD = Petri Dish, Mic-C = Micro-Cosm, spr. = spring, aut. = autumn, a.r. = 
assimilation rate, PL-P = Plaster of Paris, PBox = Plastic Box, 1st = First experiment, 2nd = Second experiment, 3 = Three compartment linear model, (c) = BCF, NL = 
NonLinear regression, MEA = Mean ± SE, ME+ = Mean ± SE ANOVA, ANO = ANOVA, V = Viscera, F = Foot    
*Metal concentrations are in mg kg-1 dry soil unless other units were used.  
**Elimination phase was in artificial soil with 5% peat. 
References: [1] Conder et al., 2002; [2] Crossley et al., 1995; [3] Scaps et al., 1997; [4] Spurgeon and Hopkin, 1999; [5] Honeycutt et al. 1995; [6] Maenpaa et al., 2002; [7] Maboeta et 
al., 2004; [8] Lock and Janssen, 2001a; [9] Nahmani et al., 2009; [10] Li et al., 2009c; [11] Lee and Kim, 2008; [12] Wen et al., 2011; [13] Marinussen et al., 1997a; [14] Marinussen et 
al., 1997b; [15] Marino and Morgan, 1999; [16] Vijver et al., 2005; [17] Vijver et al., 2003; [18] Veltman et al., 2007; [19] Laskowski et al., 2010; [20] Sheppard et al., 1997; [21] Lister et 
al., 2011; [22] Neuhauser et al., 1995; [23] Smith et al., 2010a; [24] Peijnenburg et al., 1999a; [25] Diez Ortiz et al., 2010; [26] Van Gestel et al., 1993; [27] Yu and Lanno, 2010; [28] 
Janssen et al., 1997; [29] Maboeta et al., 1999; [30] Ameh et al., 2012; [31] Ardestani and van Gestel, 2013a; [32] Ardestani and van Gestel, 2013b; [33] Vijver et al., 2001; [34] 
Ardestani and van Gestel, 2014; [35] Ardestani et al., in press; [36] Broerse et al., 2012; [37] Janssen and Bergema, 1991; [38] Janssen et al., 1991; [39] Posthuma et al., 1992; [40] 
Van Straalen et al., 1987; [41] Crommentuijn et al., 1994; [42] Sterenborg et al., 2003; [43] Van Straalen and Meerendonk, 1987; [44] Grzes, 2012; [45] Laskowski et al., 2010; [46] 
Bednarska et al., 2011; [47] Lagisz et al., 2005; [48] Hames and Hopkin, 1991b; [49] Witzel, 2000; [50] Bibic et al., 1997; [51] Vijver et al., 2006b; [52] Descamps et al., 1996; [53] 
Gimbert et al., 2006; [54] Gimbert et al., 2008b; [55] Gimbert et al., 2008a; [56] Pauget et al., 2011; [57] Pauget et al., 2013; [58] Kramarz, 1999a; [59] Kramarz, 1999b; [60] 
Peijnenburg et al., 1999b; [61] He and van Gestel, 2013.  
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A biphasic elimination of Cu, independent of exposure levels, was observed in 
other studies on earthworms (Neuhauser et al., 1995, Marinussen et al., 1997b). 
Two-compartment models were used to describe the biphasic excretion patterns 
observed in D. veneta and A. tuberculata exposed to Cu in contaminated field soils 
(Neuhauser et al., 1995; Marinussen et al., 1997b). Nahmani et al. (2009) reported 
slow Cu excretion in E. fetida. It may be concluded that each organism has a 
different strategy for accumulating Cu, which mainly governs its elimination rate. 
No or low elimination of Cu in F. candida might be explained by strong Cu-binding 
sites in the organism, resulting in slow turnover of the Cu-biotic ligand complex 
(Ardestani and van Gestel, 2013a).  
An overview of the literature showed that Cu bioaccumulation is species-
dependent. For instance, constant internal Cu concentrations of up to 50 µg g-1 dry 
body weight were reported for L. rubellus exposed for 90 days in contaminated soil 
with a Cu concentration of 34 mg kg-1 dry soil (Marino and Morgan, 1999). Ireland 
(1979) reported internal Cu concentrations of 8-14 µg g-1 dry body weight for L. 
rubellus, D. veneta, and Eiseniella tetraedra exposed to 20-335 mg kg-1 dry soil. D. 
veneta was able to regulate Cu, but at 57-60 µg g-1 dry body weight after showing 
an increase in internal concentrations in the first 2-4 weeks of exposure to Cu at 
150-815 mg kg-1 dry soil (Marinussen et al., 1979a, b) (Table 2).  
L. rubellus and Dendrodrilus rubidus showed to be able to regulate Cu at 8-104 
and 9-34 µg g-1 dry body weight, respectively when exposed to Cu at 26-2740 mg 
kg-1 in field soils (Morgan and Morgan, 1988). Peijnenburg et al. (1999a) showed 
that E. andrei regulated Cu at 5.72-32.4 µg g-1 dry body weight when animals were 
exposed for 63 days to 1.1-110 mg kg-1 in both artificial and field soils (Table 2). 
Hobbelen et al. (2006) reported internal Cu concentrations of 23.8-57.8 and 22.2-
73.3 µg g-1 dry body weight for L. rubellus and A. Caliginosa, respectively exposed 
to 61-307 mg kg-1 dry soil.  
Internal Cu concentrations in F. candida remained at 5.7-45.5 µg g-1 dry body 
weight after 28 days exposure at 10-630 mg kg-1 in artificial and field soils (Vijver et 
al., 2001). The authors concluded that test animals can maintain internal body 
concentrations at 16.8 µg g-1 dry body weight in artificial soil, suggesting regulation 
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of Cu. Compared to the latter study, internal Cu concentrations were approx. 185-
300 µg g-1 dry body weight in F. candida exposed either to contaminated natural 
soils or simulated soil solutions at exposure concentrations of 25-100 mg kg-1 dry 
soil and up to 10 µg L-1 test solution, respectively (Ardestani and van Gestel, 
2013a, 2014). In both cases, regulation of Cu occurred. The potworm Enchytraeus 
crypticus was able to regulate Cu body concentrations up to 10-100 µg g-1 dry body 
weight when exposed for 35 days and 4 weeks to 103-108 mg kg-1 in field soils and 
16-1333 mg kg-1 artificial soil, respectively (Posthuma et al., 1997; Peijnenburg et 
al., 1999b). 
In conclusion, the Cu studies reveal a pattern similar to Zn: different species 
regulate their body burden at different levels. In the majority of cases, however, the 
underlying uptake and elimination kinetics for Cu seems to be slightly slower than 
in the case of Zn. 
 
4.1.3. Other essential elements 
Nahmani et al. (2009) showed a linear increase in internal Ca concentrations in 
earthworms exposed to 269-435 mg kg-1 dry soil. E. fetida was not able to regulate 
Ca body concentrations, but L. rubellus kept its Ca concentration constant up to 
10,000 µg g-1 dry body weight within 90 days exposure in contaminated soils 
(Marino and Morgan, 1999). The measured Ca concentration in the test soils was 
up to 31,061 mg kg-1 dry soil. 
Regulation of Mg was reported by Nahmani et al. (2009) for E. fetida exposed for 
42 days in five contaminated soils. There are no other toxicokinetics studies on Ca 
and Mg in soil invertebrates in the literature which might be attributed to the fact 
that both metals are not known as a pollutant. Accumulation and excretion of Co 
was slow in E. fetida exposed to contaminated soil or manure (Crossley et al., 
1995, Nahmani et al., 2009). No uptake rate constants were reported, probably due 
to the lack of the fit of the one- or two-compartment model to the data. An 
elimination rate constant of 0.253 h-1 was estimated (Table 3), indicating fast 
removal of Co from the earthworms (Crossley et al., 1995). 
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For Mo, fast uptake and elimination was reported in E. andrei in artificial and field 
soils with uptake rate constants of 0.04-1.70 gsoil ganimal-1 day-1 and elimination rate 
constants of 0.07-1.00 day-1 calculated based on total soil concentrations (Diez 
Ortiz et al., 2010). The effect of soil properties on the bioavailability of Mo may at 
least partly explain the different kinetics parameters in the different test soils.  
 
4.2. Non-essential metals 
4.2.1. Cadmium 
Slow accumulation of Cd with uptake rate constants of 0.011-0.014 gsoil ganimal -1 

day-1 followed by slow elimination with elimination rate constants of 0.0076-0.0028 
day-1 were found for A. tuberculata exposed at 130 mg kg-1 in contaminated soils at 
sludge disposal sites (Neuhauser et al., 1995). Internal Cd concentrations did not 
increase much with time in L. rubellus after 90 days exposure to 74 mg kg-1 in 
contaminated field soils (Marino and Morgan, 1999). Low accumulation of Cd with 
uptake rate constants of up to 0.002 gsoil ganimal-1 day-1 followed by slow or negligible 
excretion with elimination rate constants of up to 0.08 day-1 were found for E. fetida 
exposed to Cd concentrations of up to 325 mg kg-1 in artificial and field soils 
(Spurgeon and Hopkin, 1999). Slow uptake of Cd with uptake rate constants of up 
to 0.00004 gsoil ganimal-1 day-1 was reported for the isopod Porcellio scaber exposed 
for 14 days in field contaminated floodplain soils (Vijver et al., 2006b). Cd 
elimination was also relatively low with an elimination rate constant of 0.085 day-1 

(Table 4). A strong influence of elimination kinetics, together with the metal fraction 
that is compartmentalized in a storage fraction, was found explaining the slow but 
steady increase of Cd levels in the isopods (Vijver et al., 2006b).   
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Table 2. An overview of toxicokinetics studies on Cu in different soil organisms 
Sp. Salt Me conc.* 

(mg kg-1 ds) 

Medium Time (day) Mod k1 

gs gbw-1 day-1 

k2 

day-1 

BAF S.P. Ref. 

Uptake  Elimination       

EF Cu(NO3)

 

1.8-115  AS 1-42 1-100 1 0-0.0001 0-0.03 - 5.78-6.67[pHw] [4] 

EF CuOX 73-373  AS 7-28  - - - - - - [7] 

EAN - - AS 1-63 - 1 - - - 3.02-7.17[PHc] [24] 

FC CuCl2 10-631  AS 1-28  - 1 - - - 3.09-7.30[pH] [33] 

EF Cu(NO3)

 

17.4-2800  FS 1-42 1-100 1 0-0.003 0-1.63 - 5.78-6.67[pHw] [4] 

EF - - FS 3-42  1 0.032-0.191 0.13-0.623 0.16-0.57  3.72-6.90[PHc] [9] 

DV - 9-310  FS 14 d(L) - - - -  3[OM],7.0[pH] [13] 

DV - 9-310  FS 1-5 

wk(F) 

- - - -  3[OM],7.0[pH] [13] 

DV - 242-815  FS 1-112 1-56 1,2 0.33  [2.13,0.025](2) - 3[OM],7.0[PHc] [14] 

LR - 34  FS 10-90 - - - - - 6.1[pH],40[OM] [15] 

LR - 79-331  FS 1-6, 

9(USW)  

0-4,6-10,12-

14,18 

1 0.08-0.19(t) 0.20-0.65 - 7.82-8.22[PHc] [17] 

AT - 108-176 FS 6-112 6-112 2 - 0.6,0.0052 - 4.89-6.54[pH] [22] 
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Table 2 continued 
Sp. Salt Me conc.* 

   

Medium Time 

 

 Mod k1 

   

k2 

 

BAF S.P. Ref. 

EAN - 1.27-108 FS 1-63 - 1 - - - 3.02-7.17[PHc] [24] 

EE - - (EOC)FS 5-20  5-20  1 0.1-60 0-4.1 1.7-15 - [30] 

EC - 1.27-108  FS 1-35 - 1 - - - 3.02-7.17[PHc] [60] 

FC CuCl2 0.0006-0.13 FS 1-28  - 1 - - - 3.09-7.30[pH] [33] 

FC Cu(NO3)

2 

25,100 (Meas. 28-

111)  

NS 1-14  1-14 1 0.02-0.17(t) 0-0.203  - 4.5-6.5[pH] [31] 

DV - 0.0002-0.0004 µg L-1 

(pw) 

FS 1-112 1-56 1,2 -  - - 3[OM],7.0[PHc] [14] 

LR - 19-43 µg L-1 (pw) FS 1-6, 

9(USW)  

0-4,6-10,12-

14,18 

1 0.38-1.47 L g-1 d-1 0.20-0.65 - 7.82-8.22[PHc] [17] 

EAN - 25-254 µg L-1 (pw) FS 1-63 - 1 - - - 3.02-7.17[PHc] [24] 

EAN - -(pw) FS - - - - - 0.2-8 3.02-7.17[PHc] [28] 

EC - 25-254 µg L-1 (pw) FS 1-35 - 1 - - - 3.02-7.17[PHc] [60] 

FC CuCl2 29-248 µg L-1 (pw) FS 1-28  - 1 - - - 3.09-7.30[pH] [33] 

FC Cu(NO3)

2 

95-263 µg L-1 (pw) NS 1-14  1-14 1 0.012-0.051 L g-1 

d-1 

0-0.203 - 4.5-6.5[pH] [31] 

LR - 3.2 µg L-1 S+S 1-8,13 

(USW)  

0-4,6-10,12-

14,18 

1 30-36.5 14.3-16.1 - 7.82-8.22[PHc] [17] 
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Table 2 continued 
Sp. Salt Me conc.* 

   

Medium Time 

 

 Mod k1 

   

k2 

 

BAF S.P. Ref. 

FC Cu(NO3)

 

2.5,10.2 µg L-1 Sol. 1-15 - 1 0.6-6.34 L g-1 d-1 <0.001 - 5.0,7.0[pH] [34] 

LR - Literature data - - - O - 0-1.63 - - [18] 

*For further details see Table 1 
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Table 3. An overview of toxicokinetics studies on other metals in different soil organisms 
Sp. Me Salt Me conc.* 

(mg kg-1 ds) 

Medium Time (day) Mod k1 

gs gbw-1 day-1 

k2 

day-1 

BAF S.P. Ref. 

Uptake  Elimination       

EAN Ni - -  AS 1-63 - 1 - - - 3.02-7.17[PHc] [24] 

AT Ni - 65-96  FS 6-112 6-112 - - - - 4.89-6.54[pH] [22] 

EAN Ni - 0.6-47.5  FS 1-63 - 1 - - - 3.02-7.17[PHc] [24] 

EE Ni - - (EOC)FS 5-20  5-20  1 0-74 0-4.2 2.4-18 - [30] 

LT Ni NiCl2 70,140  CS 8-168h 8-168h 1 1.83(2ph), 

1.41(3ph) 

3.02(2ph), 

1.54(3ph) 

- 4.5-5.0[pHw] [19] 

EAN Ni - 4.7-63 µg L-1 (pw) FS 1-63 - 1 - - - 3.02-7.17[PHc] [24] 

EAN Ni - -(pw) - - - - - - 0.1-1.2 3.02-7.17[PHc] [28] 

EC Ni NiCl2 0.00005-0.00094 µg 

L-1 

S+S 1-21 - 1 0.012 L g-1 d-1 0.325 36.6 6.0[pH] [61] 

LT Ni NiCl2 70,140  PC 8-168h 8-168h 1 0.103 at70,0.076 

at140 

0.161,0.147 0.64,0.

52 

3[OM] [21] 

PO Ni NiCl2 2500 (f) MP 2-64  2-32  1 0.018 (2ph), 0.10 

(3ph) 

0.548 (2ph), 

0.0768 (3ph) 

- 4.5-5.0 [pHw] [45] 
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Table 3 continued 
Sp.  Salt Me conc.* 

   

Medium Time 

 

 Mod k1 

   

k2 

 

BAF S.P. Ref. 

PO Ni NiCl2 2500 (f) MP 2-64  2-32 1 0.061,0.018 1.59,0.025 - 4.5-5.0 [pHw] [46] 

EAN As - 5.6 (clean soil) AS 1-63 - 1 0.03 0.006 - 3.02-7.17[PHc] [24] 

EF As - 101,301 FS 3-70  - 1 0.017,0.007 0-0.02 -  6.21-6.26[pH] [11] 

EAN As - 0.7-71 FS 1-63 - 1 0.014-0.15(t) 0.0064-

0.62 

0.22-6.8 3.02-7.17[PHc] [24] 

HA As - 7.1-3285 FS 2-28 - 1 0.00004-0.003 0-0.297 0.001-

0.018 

5.10-8.74[pHw] [57] 

EF As - 15.3-339 µg L-1 (pw) FS 3-70  - 1 0.004-0.13 0-0.02 -  6.21-6.26[pH] [11] 

EAN As - 1.5-13.5 µg L-1 (pw) FS 1-63 - 1 0.052-0.7 L g-1 d-

1 

0.0064-

0.62 

1100-

10000 

3.02-7.17[PHc] [24] 

EAN As - -(pw) - - - - - - 0.1-3.3 3.02-7.17[PHc] [28] 

EAN Cr - - AS 1-63 - 1 - - - 3.02-7.17[PHc] [24] 

EAN Cr - 3.1-195 FS 1-63 - 1 - - - 3.02-7.17[PHc] [24] 

EAN Cr - 2.6-8.3 µg L-1 (pw) FS 1-63 - 1 - - - 3.02-7.17[PHc] [24] 

EAN Cr Cr(NO3)2 10-1000  AS 3 wk 3 wk 1 - - - - [26] 

EAN Cr Cr(NO3)2 -(pw)  AS 3 wk 3 wk 1 - - 0.016-

0.047 

- [26] 
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Table 3 continued 
Sp.  Salt Me conc.* 

   

Medium Time 

 

 Mod k1 

   

k2 

 

BAF S.P. Ref. 

EAN Cr - -(pw) - - - - - - 0.03-0.53 3.02-7.17[PHc] [28] 

EE Cr - - EOFS 5-20  5-20  1 0-21 0-4.4 1.8-5 - [30] 

EF CoR CoCl2  0.7 µCi g-1 FS 48 h 24 h 1 - 0.253 h-1 - 1.06[OM] [2] 

EF CoR CoCl2  0.161µCi g-1 dm Manure 48 h 100 h 2 - 0.3,0.006 

h-1 

- 1.06[OM] [2] 

EE Mn - - (EOC)FS 5-20  5-20  1 0.1-5.3 0.04-4.4 0.8-3 - [30] 

LT Mn R 610 Bq g-1 dw.litter LIT 1-20 1-120 1 - 2.2 - - [20] 

LR Ca -  31061  FS 10-90 - - - - - 6.1[pH],40[OM] [15] 

LT I R 8400 Bq g-1 dw.litter LIT 1-20 1-120 1 - 0.85 - - [20] 

LT Cs R 300 Bq g-1 dw.litter LIT 1-20 1-120 1 - 0.15 - - [20] 

EAN Mo Na2MoO

 

10,100(Meas.8.8-93.5) AS 1-21 1-21 1 0.04-1.7 0.15-1.0 0.1-1.7 4.55-6.18[PHc], 1.7-

 

[25] 

EAN Mo Na2MoO

 

10,100(Meas. 8.1-100)  FS 1-21 1-21 1 0.09-0.8 0.07-0.3 0.4-4.1 4.55-6.18[PHc], 1.7-

 

[25] 

EAN Mo Na2MoO

 

 0.01-5.5 µg L-1 (CaCl2) AS 1-21 1-21 1 2.4-10 0.15-1.0 8.4-45 4.55-6.18[PHc], 1.7-

 

[25] 

EAN Mo Na2MoO

4 

 0.00001-0.002 µg L-1 

(CaCl2) 

FS 1-21 1-21 1 1.6-71.5 0.07-0.3 5.7-972 4.55-6.18[PHc], 1.7-

30.7[OM] 

[25] 

EE Ti - - (EOC)FS 5-20  5-20  1 0-0.2 0-0.4 0.3-1.1 - [30] 

HA Sb - 9.9-3930 FS 2-28 - 1 0.00002-0.003 0.012-

0.903 

0.0001-

0.015 

5.10-8.74[pHw] [57] 

*For further details see Table 1  
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In another study, Cd levels linearly increased in E. andrei after 63 days exposure 
with uptake rate constants of 0.04-0.76 gsoil ganimal-1 day-1 and small elimination rate 
constants of 0.0063-0.094 day-1 (Peijnenburg et al., 1999a). In the latter study, E. 
andrei was exposed to Cd concentrations of 0.04-49 mg kg-1 dry soil (Table 4). 
Comparing Cd kinetics parameters for E. andrei in the latter study with the values 
for E. fetida in Spurgeon and Hopkin (1999), suggests accumulation of Cd is more 
species-dependent than exposure-dependent. However, available Cd 
concentrations were not reported in both studies which makes it difficult to draw 
conclusions. Smith et al. (2010a) and Vijver et al. (2005) estimated uptake rate 
constants of 0.894 and 0.134-0.335 gsoil ganimal-1 day-1 for Cd accumulation in E. 
andrei and L. rubellus exposed to 5 and 13 mg kg-1 dry soil, respectively. 
Elimination rate constants were 0.019 and 2.30 day-1 for the latter two test species, 
respectively (Table 4). Again, this may indicate species-specific differences in Cd 
kinetics.  
In other studies, internal concentrations of Cd increased with time in most soil 
organisms. For example, fast uptake and elimination of Cd in the terrestrial snail 
Helix aspersa was reported when exposed to 20 and 100 mg kg-1 artificial soil 
(Table 4). Internal Cd concentrations were exposure-dependent with higher values 
at higher Cd exposure concentrations (Gimbert et al., 2006). Snails accumulated 
more Cd in the foot compartment than in the viscera, suggesting that exposure 
through the skin was more important than other routes of exposure (e.g., food).  
Lock and Janssen (2001a) reported uptake rate constants of 0.214 and 0.104 gsoil 

ganimal-1 day-1 for Enchytraeus albidus exposed to Cd at 10 and 100 mg kg-1 dry soil, 
respectively (Table 4). However, the results of elimination experiments were not 
reported in the latter study where E. albidus was transferred to clean soil after 28 
days of exposure to Cd. Fast uptake of Cd was reported for F. candida with uptake 
rate constants of 0.33-0.99 gsoil ganimal-1 day-1 and elimination rate constants of 0.13-
0.46 day-1 when exposed to 5 and 20 mg kg-1 dry soil at three soil pH levels 
(Ardestani and van Gestel, 2013b). The authors did not observe a clear effect of 
pH on Cd bioaccumulation kinetics when total soil concentrations were considered. 
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However, accumulation differed when Cd kinetics were related to porewater 
concentrations. 
Cd accumulated relatively fast in the springtail Orchesella cincta and the carabid 
beetle Notiophilus biguttatus with uptake rate constants of 0.04-0.22 gfood ganimal-1 

day-1 upon food exposure (Janssen et al., 1991). Elimination was relatively high for 
the carabid beetle resulting in internal Cd concentrations reaching equilibrium after 
a few days, and also high for the springtail but not reaching equilibrium after 28 
days exposure. Elimination rate constants of up to 0.375 day-1 were reported for 
these test species (Table 4). However, uptake through food in the latter studies 
cannot be compared with studies where the animals were exposed to Cd through 
soil or solution.  
Janssen and Bergema (1991) showed that temperature can affect Cd uptake and 
elimination in O. cincta and the oribatid mite Platynothrus peltifer exposed to Cd at 
16.7-26.2 mg kg-1 dry food. Higher Cd accumulation with uptake rate constants of 
0.046-0.061 gfood ganimal-1 day-1 was observed at 20°C compared to the values of 
0.007-0.011 gfood ganimal-1 day-1 estimated at 10°C.  
In conclusion, uptake and elimination of Cd in soil organisms is highly species-
dependent. Some species combine high uptake rate constants with low, others with 
high elimination rates; other species combine low uptake with low or high 
elimination. There seems to be a large influence of the biology of the species on 
both Cd uptake and elimination. Kinetics is also dependent upon factors such as 
route of exposure (food vs. soil), temperature, and other abiotic factors. Also, the 
results may suggest that exposure concentrations should be taken into account 
when comparing the results of toxicokinetics studies. 
 
4.2.2. Lead 
Internal Pb concentrations in L. rubellus did not increase much with time after 90 
days exposure to contaminated field soils at concentrations up to 4,000 mg kg-1 dry 
soil (Marino and Morgan, 1999). A linear increase in internal Pb concentrations with 
uptake rate constants of 0.00006-0.01 gsoil ganimal-1 day-1 was reported for E. fetida 
exposed for 42 days at 7.95-656 mg kg-1 in artificial soil and 37.9-19,400 mg kg-1 in 
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field soils (Spurgeon and Hopkin, 1999). Elimination rate constants of 0.02-0.46 
day-1 and 0.11-1.15 day-1 were calculated for E. fetida in artificial and field soils, 
respectively (Table 5). Pb showed a linear uptake in E. andrei exposed to 70.4-850 
mg kg-1 in artificial and field soils (Peijnenburg et al., 1999a). The authors 
estimated uptake rate constants of 0.006-0.17 gsoil ganimal-1 day-1 and elimination 
rate constants of 0.6-2.1 day-1 for E. andrei exposed to Pb in field soils (Table 5). 
However, no Pb kinetics parameters could be calculated for E. andrei exposed to 
Pb in artificial soil which may be attributed to the relatively low Pb exposure 
concentration.  
A fast elimination of Pb with an elimination rate constant of 1.71 day-1 was 
observed in D. veneta when exposed to Pb at 109-340 mg kg-1 in contaminated 
field soils (Marinussen et al., 1997b). The same results were found for A. 
tuberculata showing a rapid decrease in internal concentrations after 7 days 
exposure to Pb (Neuhauser et al., 1995). A slow uptake of Pb with uptake rate 
constants up to 0.004 and up to 0.0002 gsoil ganimal-1 day-1 was observed for viscera 
and foot, respectively when the snail H. aspersa was exposed for 84 days in 
contaminated field soils (Gimbert et al., 2008b). The authors mentioned that most 
of the accumulated Pb was found in the granular fraction from which snails were 
able to excrete Pb fast from the body. However, Pb did not reach the initial 
concentrations after 42 days in clean medium and internal concentrations remained 
constant in the animals. This was due to the retaining of Pb in the cell debris 
fraction, indicating a biphasic elimination in H. aspersa. 
An uptake rate constant of 0.0013 gfood ganimal-1 day-1 was reported for O. cincta 
exposed to 2,000 mg kg-1 dry food (Posthuma et al., 1992). In other studies, O. 
cincta was exposed to concentrations of 995-2,000 mg kg-1 dry food, and only 
elimination kinetics was investigated (Van Straalen et al., 1987; Van Straalen and 
Meerendonk, 1987). Elimination rate constants of 0.032-0.113 day-1 have been 
calculated for O. cincta (Van Straalen et al., 1987; Van Straalen and Meerendonk, 
1987; Posthuma et al., 1992). 
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Table 4. An overview of toxicokinetics studies on Cd in different soil organisms 
Sp. Salt Me conc.* 

(mg kg-1 ds) 

Medium Time (day) Mod k1 

gs gbw-1 day-1 

k2 

day-1 

BAF S.P. Ref. 

Uptake  Elimination       

EF Cd(NO3)

 

1574  AS 2-14  - 1 0.057  0.146  - 5.85[PHc] [1] 

EF Cd(NO3)

 

0-13.7 AS 1-42  1-100  1  0.002-0.005  0-0.08  - 5.78-6.67[pHw] [4] 

EF CdCl2 56,560  AS 1-28 1-28 1 - - - 4.5-6.3[pHKCl],1.5-10 [OM] [8] 

EF CdCl2 5-1000  AS 1-28  3-28 at 10ds H-S 0.0051 cm3 g-1 h-1 0.00029 h-1  - 4.3,6.4,7.7[pH] [5] 

EAN CdCl2 5 (Meas. 4.7) AS 1-21 1-21 1 0.894 0.019 42.6 6.0[PHc] [23] 

EAN - 0.02 (clean soil) AS 1-63 - 1 - -  - 3.02-7.17[PHc] [24] 

EAN CdCl2  10-100  AS 3 wk 3 wk 1 - - - - [26] 

EAL CdCl2 10,100  AS 1-28  14  1 0.104-0.214 - - 4.5-6.3[pHKCl],1.5-10[OM] [8] 

FC CdCl2 0.17-55  AS 1-28  - 1 - - - 3.09-7.30[pH] [33] 

HA CdCl2 22,105  AS 2-84  2-84 1 0-0.171(V),0-

0.083(F) 

0.2(V),0.01-

0.7(F) 

- 5.89-7.80[pHw], 9-12[OM] [53] 

HA -  0.032 (control soil) AS  2-84  2-84  1 1.8(V),0.12(F) - - 5.91-7.80[pHw] [54] 

EF Cd(NO3)

 

0.084-325  FS  1-42  1-100  1  0.00004-0.0006  0  - 5.78-6.67[pHw] [4] 
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Table 4 continued 
Sp. Salt Me conc.* 

   

Medium Time 

 

 Mod k1 

   

k2 

 

BAF S.P. Ref. 

EF - 21.1-28.9  FS+FR 12-192h 12-192h(AS)** - - - 0.13-0.34 pHP2O5=5.5-7.0, 
pHKH2PO4=6.1-6.6 

[6] 

EF - -  FS 3-42  - 1 0.022-4.92  0-4.79 0.27-4.07  3.72-6.90[PHc] [9] 

EF CdCl2 1 (Meas. 1.16)  FS 2-21  - 1 0.12  0.040 - 5.23[pHpw],10.6[OM]g kg-1 [10] 

LR - 74  FS 10-90 - - - - - 6.1[pH],40[OM] [15] 

LR CdCl2 R 12.34-12.97 FPS 0-4,6-

10,14 

0-4,6-10,12-

14,18 

1,2 0.134-0.335(s)   2.30(s) - 7.1-7.4[PHc] [16] 

LR - 4.46-14.1  FS 1-6, 

9(USW) 

0-4,6-10,12-

14,18 

1 0.26-0.82 0.26-0.44 - 7.82-8.22[PHc] [17] 

 AT - 8-23  FS 6-112 6-112 - 0.011-0.014 0.0076-0.028 - 4.89-6.54[pH] [22] 

EAN - 0.04-49  FS 1-63 - 1 0.04-0.76 0.0063-0.094  2.5-24 3.02-7.17[PHc] [24] 

EC - 0.04-49  FS 1-35 - 1 0-1.9(t) 0.01-0.44 0.5-15.7 3.02-7.17[PHc] [60] 

FC CdCl2 0.09-18.4 FS 1-28  - 1 - - - 3.09-7.30[pH] [33] 

PS CdCl2 R 11.3-13.0  FS  up to 14  up to 18  1,2 0.000009-

0.00004  

0.085 - - [51] 

HA CdCl2 20.4 FS 2-84  2-84  1 0.102(V),0.002(F) 0.346(V),0(F) - 5.89-7.80[pHw],9-12[OM] [53] 

HA -  20.4  FS  2-84  2-84  1 0.003(V),0.0002(

F) 

0 - 5.91-7.80[pHw] [54] 
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Table 4 continued 
Sp. Salt Me conc.* 

   

Medium Time 

 

 Mod k1 

   

k2 

 

BAF S.P. Ref. 

HA CdCl2 15.7-20.5 FS 7-28 - 1 0.05-0.6 0-0.41 - 4.56-7.49[pHw] [56] 

HA - 0.14-34 FS 2-28 - 1 0.001-0.36 0-0.116 0.135-

9.09 

5.10-8.74[pHw] [57] 

HA Cd(NO3)

 

0.6-42  Mic-C 7-56(spr.)  - 1 0.006-0.05 <0.001-0.010 - 6,7[pH] [55] 

HA Cd(NO3)

2 

0.6-42  Mic-C 13-

49(aut.) 

- 1 0.009-0.12 0.011-0.038 - 6,7[pH] [55] 

EAN Cd(NO3)

 

22,104  WS 14-224  14-224  1 0.020-0.054 0.004-0.009 - 5.5[pH],2.4[OM] [27] 

FC Cd(NO3)

 

5,20 (Meas.4.1-18.2)  NS 1-21 1-21 1 0.33-1.00 0.15-0.45 2.16-3.05 4.5-6.5[pH] [32] 

FC CdCl2 100 (Meas. 116) NS  146,337 

h 

 145,216 h 1 - - - 5.8[pHw],3.9[OM] [36] 

LT R 1200 Bq g-1 dw.litter LIT 1-20 1-120 1 - 0.00002 - - [20] 

EF Cd(NO3)

 

828 (Ca(NO3)2) AS 2-14  - 1 0.108  - - 5.85[PHc] [1] 

HA CdCl2 0.3,2.4 (CaCl2) AS 2-84  2-84  1 - - - 5.89-7.80[pHw],9-12[OM] [53] 

HA CdCl2 0.15 (CaCl2) FS 2-84  2-84  1 - - - 5.89-7.80[pHw],9-12[OM] [53] 

HA - 0.41 (CaCl2) FS  2-84  2-84  1 0.14(V),0.01(F) 0 - 5.91-7.80[pHw] [54] 

HA - 0.001-0.58 (CaCl2) FS 2-28 - 1 0.35-93 0-0.116 - 5.10-8.74[pHw] [57] 

HA Cd(NO3)

 

0.02-0.98 (CaCl2) Mic-C 7-56(spr.)  - 1 0.3-1.5 <0.001-0.010 - 6,7[pH] [55] 
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Table 4 continued 
Sp. Salt Me conc.* 

   

Medium Time 

 

 Mod k1 

   

k2 

 

BAF S.P. Ref. 

HA Cd(NO3)

2 

0.02-0.98 (CaCl2) Mic-C 13-

49(aut.) 

- 1 0.3-3.7 0.011-0.038 - 6,7[pH] [55] 

EAN Cd(NO3)

 

1.9-6.7(CaCl2) WS 14-224  14-224  1 - - - 5.5[pH],2.4[OM] [27] 

EFT CdCl2 8,80 mg L-1 CC(AS) 7-56 - 1 - - - 6.8[pH] [3] 

EAN CdCl2  -(pw)  AS 3 wk 3 wk 1 - - 3.5-10 - [26] 

EF CdCl2 24.7 µg L-1 (pw) FS 2-21  - 1 0.0048 L g-1 d-1 0.040 - 5.23[pHpw],10.6[OM]g kg-1 [10] 

LR - 0.9-2.2 µg L-1 (pw) FS 1-6, 

9(USW) 

0-4,6-10,12-

14,18 

1 1.39-3.99 L g-1 d-1 0.26-0.44 - 7.82-8.22[PHc] [17] 

EAN - 0.3-92 µg L-1 (pw) FS 1-63 - 1 0.015-2.8 L g-1 d-1 0.0063-0.094  7700-

56000 

3.02-7.17[PHc] [24] 

EC - 0.3-92 µg L-1 (pw) FS 1-35 - 1 0.038-0.14 L g-1 d-1 0.01-0.44 584.2-

9664 

3.02-7.17[PHc] [60] 

FC CdCl2 0.11-26 µg L-1 (pw) FS 1-28  - 1 - - - 3.09-7.30[pH] [33] 

HA CdCl2  4.6-344 µg L-1 (pw) FS 7-28 - 1 0.02-0.81 L g-1 d-1 0-0.41 - 4.56-7.49[pHw] [56] 

LR CdCl2 R  2.9-3.4 µg L-1 (pw) FPS 0-4,6-

10,14 

0-4,6-10,12-

14,18 

1,2 -   - - 7.1-7.4[PHc] [16] 

FC Cd(NO3)

 

7-1250 µg L-1 (pw) NS 1-21 1-21 1 0.005-0.185 L g-1 d-1 0.15-0.45 0.04-1.29 4.5-6.5[pH] [32] 

EAN - -(pw) - - - - - - 1.2-202.8  3.02-7.17[PHc] [28] 
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Table 4 continued 
Sp. Salt Me conc.* 

   

Medium Time 

 

 Mod k1 

   

k2 

 

BAF S.P. Ref. 

EF CdCl2 5620 µg L-1 S+S 1-7  1-12  1 0.0001 L g-1 d-1 0.029 3.476  6.0[pH] [12] 

LR - 0.9 µg L-1 S+S 1-8,13 

(USW) 

0-4,6-10,12-

14,18 

1 2.25-99 L g-1 d-1 0.18-0.22 - 7.82-8.22[PHc] [17] 

FC Cd(NO3)

2 

45-5620 mg L-1 S+S 1-21 - 1 0.0002-0.002 L g-1 

d-1 

0.02-0.21 1.1-63 6.0[pH] [35] 

FC Cd(NO3)

2 

45-697 mg L-1 S+S 1-10 1-11 1 0.00008-0.0005 L g-

1 d-1 

0.02-0.22 0.8-11.5 6.0[pH] [35] 

EF CdCl2 0.625-6.25 µg cm-3  FP 0.5-72h 0.25-72h H-S 0.030 cm3 g-1 h-1  0.0089 h-1  - 6.3,8.0 [pH] [5] 

     (at 1.25µg cm-

3) 

 (at 1.25µg cm-3) (at 1.25µg cm-

3) 

   

PS CdCl2 3,30 (f) AS 4-20 wk 4-12 wk ANO - - - - [49] 

PS CdCl2 R 4.10-9.51(f) FS  up to 14  up to 18  1,2 0.000008-0.00002- 

(f) 

0.177 - - [51] 

LR CdCl2 R 12.34-12.97 (t)(f) FPS 0-4,6-

10,14 

0-4,6-10,12-

14,18 

1,2 0.26-0.44(f) 3.10 (f) - 7.1-7.4[PHc] [16] 

LF CdCl2 20 (f)  Water - - NL - - - - [52] 

OC CdSO4 25.6 (f) FP up to 35  up to 65  1 0.011-0.061 (f) 0.202 - - [37] 

PP CdSO4 24.6 (f) FP up to 35  up to 65  1 0.007-0.046 (f) 0.016 - - [37] 
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Table 4 continued 
Sp. Salt Me conc.* 

   

Medium Time (day)  Mod k1 

   

k2 

 

BAF S.P. Ref. 

PC - 50 (f) PBox 2-20,up to 

90 (>13, 

weekly) 

7-31  1 0.0049 (f) 0.04 - - [58] 

LM - 50 (f) PBox 2-13 weekly 

up to 90  

7-31  1 0.0044 (f) 0.01 - - [59] 

OC CdSO4 10 (f)  PBox 3*3-6 d - - - 0.061 - - [40] 

OC CdCl2 8-800 (f) PL-P up to 49 - 1 0.0095 (f) 0.0478 - - [41] 

OC CdCl2 56.2 (f) PL-P 1-31 1-38 1 0.019 (f) 0.062 - - [42] 

TM CdCl2 8-800 (f) PL-P up to 49 - 1 0.0063 (f)  0.0065 - - [41] 

PP CdCl2 40-4000 (f) PL-P up to 63 - 1 0.0120 (f)  0.0171 - - [41] 

OA CdCl2 25-2500 (f) PL-P up to 91 - 1 0.0270  0 - - [41] 

PS CdCl2 30-3000 (f) PL-P up to 63 - 1 0.0189 0 - - [41] 

CB CdCl2 15-1500 (f) PL-P up to 63 - 1 0.0027 (f) 0 - - [41] 

OA CdCl2 R 100 (f)  PD up to 115 h up to 1400 h MEA a.r:49.1% - - - [48] 

PS CdCl2 R 100 (f) PD up to 115 h up to 1400 h MEA a.r:58.5% - - - [48] 

PP CdSO4 16.8 (f) - up to 30 up to 40 1,2 0.059 0.013 - - [38] 
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Table 4 continued 
Sp. Salt Me conc.* 

   

Medium Time (day)  Mod k1 

   

k2 

 

BAF S.P. Ref. 

PO - - - - - ME+ 2.09 (a) - - - [47] 

OC CdSO4 16.8 (f) - up to 30  up to 40 1,2 0.026 0.087 - - [38] 

OC - 14.6,200 (f) - up to 42  up to 30 1 0.043 (f) 0.088 - - [39] 

NM CdSO4  22.6 (f)  - up to 30  up to 110  1,2 0.028 (f) 0 - - [38] 

NB CdSO4 26.2 (f) - up to 30  up to 40 1,2 0.046 (f) 0.375 - - [38] 

LR - Literature data - - - O - 0.005-0.08 - - [18] 

*For further details see Table 1 
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In conclusion, like for Cd, the kinetics of Pb showed a large inter-species variability 
and dependence on soil properties and exposure conditions. In the majority of 
cases, Pb kinetics seems to be slower than Cd kinetics. 
 
4.2.3. Nickel 
Only few studies are available in the literature on Ni toxicokinetics in soil 
invertebrates. Among earthworm species, uptake rate constants of 1.83 and 1.41 
gsoil ganimal-1 day-1 were calculated using two- and three-phase accumulation models 
(see Figure 3), respectively for L. terrestris exposed to 140 mg kg-1 dry soil 
(Laskowski et al., 2010). Elimination rate constants for L. terrestris in the latter 
study were 3.02 and 1.54 day-1, respectively. Moreover, rapid uptake of Ni was 
reported for E. andrei exposed to 47 mg kg-1 dry soil (Table 5), but no uptake rate 
constant was given (Peijnenburg et al., 1999a). 
Accumulation of Ni has been studied in the ground beetle Pterostichus 
oblongopunctatus (Coleoptera, Carabidae) when exposed to food contaminated at 
2,500 mg kg-1. Uptake rate constants of 0.02 and 0.1 gfood ganimal-1 day-1 and 
elimination rate constants of 0.55 and 0.08 day-1 were estimated using a classical 
(two-phase) and a three-phase kinetics model, respectively (Laskowski et al., 2010, 
see the section on modeling). Bednarska et al. (2011) reported Ni uptake rate 
constants of 0.061 and 0.018 gfood ganimal-1 day-1 using classical and break point 
models, respectively for P. oblongopunctatus exposed to 2,500 mg kg-1 dry food. 
Elimination rate constants of 0.025-1.59 day-1 for P. oblongopunctatus and of 1.54-
3.02 day-1 for L. rubellus were reported (Laskowski et al., 2010; Bednarska et al., 
2011), suggesting rapid excretion of Ni from the body after transferring the animals 
to clean medium.  
These few available studies seem to suggest that Ni kinetics in soil invertebrates is 
particularly fast, much quicker than for Pb and Cd. Further studies must answer the 
question whether there are consistent differences in kinetics between the various 
groups of soil invertebrates. 
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Table 5. An overview of toxicokinetics studies on Pb in different soil organisms 
Sp. Salt Me conc.* 

(mg kg-1 ds) 

Medium Time (day) Mod k1 

gs gbw-1 day-1 

k2 

day-1 

BAF S.P. Ref. 

Uptake  Elimination       

EF Pb(NO3)

 

7.95-656 AS 1-42 1-100 1 0.0001-0.007 0.02-0.46 - 5.78-6.67[pHw] [4] 

EAN - 3.5 (clean soil) AS 1-63 - 1 - - - 3.02-7.17[PHc] [24] 

FC - - AS 1-28  - 1 - - - 3.09-7.30[pH] [33] 

HA - 3.8 (control soil) AS  2-84  2-84  1 0.33(V),0.03(F) - - 5.91-7.80[pHw] [54] 

EF Pb(NO3)

 

37.9-19400  FS 1-42 1-100 1 0.00006-0.011 0.11-1.15 - 5.78-6.67[pHw] [4] 

EF - 1141-2849  FS+FR  12-192h 12-

192h(AS)** 

- - - 0.04-0.24 pHP2O5=5.5-

7.0,pHKH2PO4=6.1-6.6 

[6] 

EF - - FS 3-42  1 0.001-0.023 0.005-0.29 0.02-0.18  3.72-6.90[PHc] [9] 

DV - 109-340  FS 1-112 1-56 1,2 - - - 3[OM],7.0[PHc] [14] 

LR - 4242  FS 10-90 - - - - - 6.1[pH],40[OM] [15] 

LR - 177-554  FS 1-6, 

9(USW) 

0-4,6-10,12-

14,18 

1 0.02-0.15(t) 0.07-0.64 - 7.82-8.22[PHc] [17] 

AT - 82-127  FS 6-112 6-112 - - - - 4.89-6.54[pH] [22] 

EAN  - 70-849  FS 1-63 - 1 0.006-0.2(t) 0.61-2.1 0.0098-

0.11 

3.02-7.17[PHc] [24] 
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Table 5 continued 
Sp. Salt Me conc.* 

   

Medium Time (day) Mod k1 

   

k2 

 

BAF S.P. Ref. 

EC - 70.849  FS 1-35 - 1 0-0.3(t) 0.17-0.64 0-0.7 3.02-7.17[PHc] [60] 

FC - 0.006-0.9 FS 1-28  - 1 - - - 3.09-7.30[pH] [33] 

HA - 1896 FS  2-84  2-84  1 0.0007(V), 

0.00006(F) 

0.040(V),0.062(F) - 5.91-7.80[pHw] [54] 

HA PbSO4 1740-2060  FS 7-28 - 1 0.02-0.09 0.05-0.31 - 4.56-7.49[pHw] [56] 

HA - 28-4575 FS 2-28 - 1 0.00009-0.03 0-0.360 0.002-

0.429 

5.10-8.74[pHw] [57] 

EE Pb(NO3)

 

2000 (manure) PC 34-76  - - - - - - [29] 

HA - 0.7 (CaCl2) FS  2-84  2-84  1 1.82(V),0.17(F) 0.040(V),0.062(F) - 5.91-7.80[pHw] [54] 

HA - 0.004-0.62 (CaCl2) FS 2-28 - 1 1.1-705 0-0.360 - 5.10-8.74[pHw] [57] 

EFT PbCl2 100,2000 mg L-1 CC(AS) 7-56  - 1 - - - 6.8[pH] [3] 

DV - 0.00005-0.00006 µg 

L-1 (pw) 

FS 1-112 1-56 1,2 - - - 3[OM],7.0[PHc] [14] 

LR - 0.2-0.3 µg L-1 (pw) FS 1-6, 

9(USW) 

0-4,6-10,12-

14,18 

1 27.6-429 L g-1 d-1 0.07-0.64 - 7.82-8.22[PHc] [17] 

EAN  - 4.1-392 µg L-1 (pw) FS 1-63 - 1 0.011-10 L g-1 d-1 0.61-2.1 59-6300  3.02-7.17[PHc] [24] 

EAN - -(pw) - - - - - - 0.005-

1.3 

3.02-7.17[PHc] [28] 
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Table 5 continued 
Sp. Salt Me conc.* 

   

Medium Time (day) Mod k1 

   

k2 

 

BAF S.P. Ref. 

EC - 4.1-392 µg L-1 (pw) FS 1-35 - 1 0.066-0.39 L g-1 

d-1 

0.17-0.64 104.6-

2081 

3.02-7.17[PHc] [60] 

FC - 2.1-907 µg L-1 (pw) FS 1-28  - 1 - - - 3.09-7.30[pH] [33] 

HA PbSO4 6.9-91 µg L-1 (pw) FS 7-28 - 1 0.7-16.5 L g-1 d-1 0.05-0.31 - 4.56-7.49[pHw] [56] 

LR - 0.2 µg L-1 S+S 1-8,13 

(USW) 

0-4,6-10,12-

14,18 

1 109-2597 0.81-24.2(?) - 7.82-8.22[PHc] [17] 

PS PbCl2 200,2000 (f) AS 4-20 wk 4-12 wk ANO - - - - [49] 

OC Pb(NO3)

 

994 (f) PBox 3*3-6 d - - - - - - [40] 

OC Pb(NO3)

2 

2000 (f) PBox 1-28(1st)  1st:4 wk;2nd:2-

23h 

3 - 0.032-2.02 - - [43] 

LF PbCl2 23,219 (f) Water - - NL - - - - [52] 

OC - 2001 (f) - up to 28   up to 28 1 0.0013 (f) 0.113 - - [39] 

LR - Literature data - - - O - 0.02-1.2 - - [18] 

*For further details see Table 1 
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5. Bioaccumulation factors  
Bioaccumulation factors (BAFs) are often used for describing accumulation of 
metals through trophic transfer (Smith et al., 2010a). BAF is defined as the metal 
concentration in the animal by the metal concentration in the soil, when both are at 
steady state. Alternatively, a dynamic approach can be adopted to derive BAF as 
k1/k2, the ratio of uptake and elimination rate constants (e.g., Peijnenburg et al., 
1999a). When the regular kinetics models as described above are applicable, the 
two approaches for estimating BAF should yield the same result. Furthermore, as 
long as uptake and elimination rates are truly constant, BAF is also constant, 
independent of the concentration in soil. A graph of internal versus external 
concentrations should show a straight line with slope being equal to BAF. However, 
we have seen above that for metals uptake rate constants often decrease with 
increasing exposure concentration, while elimination rate constants are less 
dependent upon exposure. Therefore, BAFs for metals often decrease with 
increasing exposure concentrations (see Figure 4). 
In the case of metal uptake through an aqueous phase (for aquatic organisms) or 
via soil pore water (for soil organisms), the term bioconcentration factor (BCF) is 
often used (Van Leeuwen and Vermeire, 2007). Also, BCF usually decreases with 
increasing exposure concentration (see Figure 5). 
 
5.1. Essential metals  
Since the body concentration of essential metals is often regulated, the concept of 
BAF is of limited value, because it is not constant. If the internal concentration is 
regulated within narrow bounds, BAF will show a hyperbolic decrease with 
increasing exposure concentration. It is been shown that pH and other soil 
properties have less effect on BAFs than the exposure level (Janssen et al., 1997; 
Spurgeon and Hopkin, 1999; Saxe et al., 2001). Thus, BAF and BCF values are 
poor indicators of the potential risk of essential metals to the food web because of 
the regulation of body concentrations (Lock and Janssen, 2001a). Still, at low and 
intermediate exposure concentrations the internal concentration does depend on 
the external concentration and BAF values are often reported. 
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For Cu, BAF values up to 0.57 kgsoil kganimal-1 were reported for E. fetida (Nahmani 
et al., 2009) and BCF values of 0.18-8 L kg-1 for E. fetida and E. andrei (Janssen et 
al., 1997; Nahmani et al., 2009), with the values being higher for E. andrei (Table 
2). For Zn, BAF values up to 0.98 kgsoil kganimal-1 were calculated for E. fetida, E. 
andrei, and L. rubellus (Spurgeon and Hopkin, 1999; Maenpaa et al., 2002; Vijver 
et al., 2005; Nahmani et al., 2009; Smith et al., 2010a), with the higher values for E. 
andrei (Table 1). BCF values for Zn in other studies ranged between 0.1 and 18.2 L 
kg-1 for E. fetida and E. andrei (Van Gestel et al., 1993; Janssen et al., 1997; 
Nahmani et al., 2009). BAF values were 0.11-4.09 kgsoil kganimal-1 for E. andrei 
exposed to Mo in artificial and field soils (Diez Ortiz et al., 2010).  
For Zn, BAF values of 0.035-0.34 kgfood kganimal-1 were reported for carabid beetles, 
centipedes, and isopods exposed via food (Kramarz, 1999a, b; Vijver et al., 2006b) 
and of 0.21 kgsoil kganimal-1 for isopods exposed in contaminated soil (Vijver et al., 
2006b) (Table 1). Figures 4 and 5 show that BAF and BCF values for Cu and Zn 
bioaccumulation in earthworms and other soil organisms are well correlated with 
total soil and porewater concentrations with R2 values of 0.46-0.98. The only 
exception was for the relationship between BAF and total Zn concentrations for 
earthworms (Figure 4-C). 
 
5.2. Non-essential metals 
For Cd, BAF values of 0.13-4.07, 2.5-42.6, and up to 0.14 kgsoil kganimal-1 were 
reported for E. fetida, E. andrei, and L. rubellus, respectively when exposed in 
artificial and field soils (Spurgeon and Hopkin, 1999; Peijnenburg et al., 1999a; 
Maenpaa et al., 2002; Vijver et al., 2005; Nahmani et al., 2009; Smith et al., 2010a) 
(Table 4). BCF values ranged between 0.09 and 4.07 for Cd in E. fetida and 
between 1.2 and 203 L kg-1 in E. andrei (Van Gestel et al., 1993; Janssen et al., 
1997; Nahmani et al., 2009), suggesting higher accumulation of Cd by E. andrei. 
BAF values ranged between 0.2 and 3.05 kgsoil kganimal -1 for springtails and isopods 
(Crommentuijn et al., 1994; Vijver et al., 2006b; Ardestani and van Gestel, 2013b) 
and BCF values of 0.04-1.29 L kg-1 were estimated for F. candida (Ardestani and 
van Gestel, 2013b). BAF values based on food exposure ranged from 0.12 to 0.49 
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kgfood kganimal-1 for isopods, collembolans, beetles, and centipedes (Posthuma et al., 
1992; Kramarz, 1999a, b; Vijver et al., 2006b) (Table 4). 
 

 
 

Figure 4. The relationship between bioaccumulation factors (Log BAF) and total 
soil concentrations (Log Cexp) in different soil invertebrates. The BAFs in kgsoil 

kganimal-1 and metal exposure levels in mg kg-1 dry soil are taken from the same 
study for Cd (A), Pb (B), Zn (C), and Cu (D). The filled and empty circles are for 

earthworms and other soil organisms, respectively. The solid and dashed 
regression lines show the relationship between BAFs and total soil concentrations 

for kinetics tests on earthworms and other soil organisms, respectively. 
 
For Pb, BAF and BCF values of 0.02-0.24 kgsoil kganimal-1 and 0.005-6300 L kg-1, 
respectively were reported for different earthworm species (Janssen et al., 1997; 
Spurgeon and Hopkin, 1999; Peijnenburg et al., 1999a; Maenpaa et al., 2002; 
Nahmani et al., 2009) (Table 5). A BAF value of 0.011 kgfood kganimal-1 was 
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calculated for O. cincta exposed to Pb via food (Posthuma et al., 1992) (Table 5). 
For Ni, BAF values of 0.60 and 0.91 kgsoil kganimal-1 were calculated for L. terrestris 
using two- and three-phase bioaccumulation models, respectively and BCF values 
of 0.1-1.2 L kg-1 were estimated for E. andrei (Janssen et al., 1997).  
Figures 4 and 5 show that BAF and BCF values for the bioaccumulation of Cd in 
earthworms and other soil organisms are exposure-dependent with R2 values of 
0.11-0.65. For Pb, the relationship between BAF and total soil concentrations was 
not clear. However, considering BCF values for Pb, the relationship between BCF 
and porewater concentrations was stronger for both earthworms and other soil 
organisms with R2 values of 0.56-0.60 (Figure 5-B). 
 
6. Effect of soil properties  
Soil properties are important factors affecting bioaccumulation of metals in soil 
organisms. Soil pH is the main parameter affecting metal bioavailability while also 
other soil physical-chemical parameters such as cation exchange capacity (CEC) 
and organic matter (OM) content have a great influence on metal bioavailability 
(Ma, 1984; Van Gestel and Mol, 2003; Nahmani et al., 2007, 2009). This was 
confirmed by Crommentuijn et al. (1997) who showed lower toxicity and uptake of 
Cd in F. candida at higher soil pH.  
In soil pore water, the presence of dissolved organic carbon (DOC) compounds 
such as humic and fulvic acids as well as soil particles (e.g., clay) affects the 
availability of free metal ions for binding to the biotic ligand (BL) sites of organisms. 
This is, in fact, the main principle of the equilibrium partitioning concept, which 
assumes the concentrations of metals and organic chemicals in the soil pore water, 
soil solid phase, and biota are in equilibrium. Figure 1 shows that part of this 
concept is applicable in metal bioaccumulation kinetics studies. 
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Figure 5. The relationship between bioconcentration factors (Log BCF) and metal 

concentrations in pore water (Log Cexp) for different soil invertebrates. The BCFs in 
L kganimal-1 and exposure levels in µg L-1 are taken from the same study for Cd (A), 

Pb (B), Zn (C), and Cu (D). The filled and empty circles are for earthworms and 
other soil organisms, respectively. The solid and dashed regression lines show the 

relationship between BCFs and metal concentrations in pore water for kinetics 
tests on earthworms and other soil organisms, respectively. 

 
Some toxicokinetics studies in the literature have used standard artificial soils 
(OECD or ASTM; e.g., Conder et al., 2002) to reduce variation in soil physical-
chemical properties. In spite of the guidance given by the Organization for 
Economic Cooperation and Development (OECD) and the International 
Organization for Standardization (ISO), there appear to be a large variations in the 
way artificial soils are prepared, which have led to considerable differences in the 
properties of substrates actually used (Bielská et al., 2012). Many studies have 
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used uncontaminated field soils or non-contaminated natural soils (such as LUFA 
2.2) spiked with metals or exposed animals to contaminated field soils. Methods for 
spiking as well as aging/equilibrating test soils after spiking also need to be 
considered. Therefore, development and standardization of tests, including the 
selection and preparation of soils and the synchronization of the test organisms is 
highly recommended (Van Gestel, 2012). The use of a standard method 
emphasizes the importance of soil physical-chemical properties affecting metal 
bioavailability when performing bioaccumulation tests.  
The effect of soil properties on the bioaccumulation of metals is usually studied 
using a multiple or step-wise regression. These relationships produce predictive 
equations for metal uptake kinetics relating the uptake rate constants, internal 
metal concentrations at steady state, or bioaccumulation factors to exposure 
concentrations and to soil properties (see e.g., Peijnenburg et al., 1999a, b; 
Nahmani et al., 2009). These relationships are derived based on total soil 
concentrations, water and 0.01 M CaCl2 extractable and porewater concentrations 
(see e.g., Ardestani and van Gestel, 2013a, b; Peijnenburg et al., 1999a, b). In the 
case of pore water, pH, DOC, and Ca levels are also taken into account. Since soil 
pore water is assumed to be the main route of exposure for soil organisms, total 
soil concentration may not be a good indicator of metal availability. Therefore, 
tissue concentrations should be related to porewater concentrations. 
Figures 6-9 summarize data on the effect of soil properties on bioaccumulation 
kinetics of metals. We divided soil organisms into two categories: earthworms and 
other soil organisms including collembolans, terrestrial snails, and enchytraeids 
(potworms). The uptake rate constants for each metal and corresponding soil 
properties were taken from the same study in the literature.  
 
6.1. Cadmium 
Figure 6-A shows that the effect of pH (pHCaCl2) on Cd uptake rate constants (gsoil 

ganimal-1 day-1) is significant for soil organisms with a P value of 0.007 (R2 = 0.14). 
No clear pattern is observed for earthworms. Increasing pHCaCl2 negatively affects 
Cd bioaccumulation in soil organisms. The values separated from the other data 
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with a circle in Figure 6-A are from Spurgeon and Hopkin (1999) who reported low 
Cd uptake rate constants for earthworms (E. fetida). The significance of the 
relationship did not change much by removing these data points. The effect of CEC 
(in cmol kg-1) on Cd bioaccumulation is significant (R2 = 0.62, P = 0.007, Figure 6-
B) with uptake rate constants showing a negative correlation with CEC. For 
earthworms CEC does not significantly affect k1 values. Soil organic matter content 
(%OM) significantly affects Cd bioaccumulation in both earthworms (R2 = 0.46, P < 
0.001) and other soil organisms (R2 = 0.15, P = 0.02; Figure 6-C). Soil clay content 
(%) did not significantly influence Cd uptake rate constants in earthworms and 
other soil organisms (Figure 6-D). 
 
6.2. Lead  
Figure 7 shows the relationship between Pb uptake rate constants and different 
soil properties in earthworms and other soil organisms. No effect of pH is observed 
on Pb accumulation kinetics in earthworms, but increasing pH significantly reduces 
Pb accumulation in other soil organisms (R2 = 0.16, P = 0.02, Figure 7-A). Again, 
few data points from Spurgeon and Hopkin (1999) with low Pb uptake rate 
constants are shown in the graph, but removing them did not reduce the variation 
of Pb accumulation data for earthworms. CEC significantly affects Pb uptake rate 
constants with R2 values of 0.23 (P = 0.03) and 0.73 (P = 0.001) for earthworms 
and other organisms, respectively (Figure 7-B). It should be noted that low uptake 
rate constants for Pb were reported by Gimbert et al. (2008b) who calculated k1 
values for viscera and foot of the snail H. aspersa, separately. Increasing OM 
content causes a decrease in Pb bioaccumulation for all species, but is only 
significant for other soil organisms (R2 = 0.26, P = 0.003, Figure 7-C). Pb uptake 
rate constants positively correlate with soil clay content for earthworms (R2 = 0.42), 
but negatively for other soil organisms (R2 = 0.17, Figure 7-D); however, the effect 
was significant only for earthworms (P = 0.001).  
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Figure 6. The relationship between uptake rate constants (Log k1) and different soil 
properties for the toxicokinetics of cadmium (Cd) in different soil invertebrates. The 
uptake rate constants in gsoil ganimal-1 day-1 and the corresponding soil properties are 

taken from the same study. The pH is measured in 0.01 M CaCl2 (pHCaCl2) (A), 
cation exchange capacity (CEC) is given as cmol kg-1 dry soil (B), organic matter 
content as %OM (C), and clay content as %clay (D). The filled and empty circles 
are for earthworms and other soil organisms, respectively. The significance of the 
correlations for the effect of each soil property on uptake rate constants is shown 

by P values. The solid and dashed regression lines show the relationship between 
Log k1 values and soil properties for kinetics tests on earthworms and other soil 
organisms, respectively. The values in the circle are from Spurgeon and Hopkin 

(1999) with low Cd uptake rate constants for earthworms. 
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Figure 7. The relationship between uptake rate constants (Log k1) and different soil 

properties for the toxicokinetics of lead (Pb) in different soil invertebrates. The 
uptake rate constants in gsoil ganimal-1 day-1 and the corresponding soil properties are 

taken from the same study. The pH is measured in 0.01 M CaCl2 (pHCaCl2) (A), 
cation exchange capacity (CEC) is given as cmol kg-1 dry soil (B), organic matter 
content as %OM (C), and clay content as %clay (D). The filled and empty circles 
are for earthworms and other soil organisms, respectively. The significance of the 
correlations for the effect of each soil property on uptake rate constants is shown 

by P values. The solid and dashed regression lines show the relationship between 
Log k1 values and soil properties for kinetics tests on earthworms and other soil 
organisms, respectively. The values in the circle are from Spurgeon and Hopkin 

(1999) with low Pb uptake rate constants for earthworms. 
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6.3. Copper 
As Figure 8 shows, no significant effects of soil properties on Cu bioaccumulation 
kinetics are observed for soil organisms. For earthworms, only OM content 
significantly influences Cu bioaccumulation (R2 = 0.73, P = 0.01). In most cases not 
much data are available and only 3-4 data points are present in the graphs 
(Figures 8A-D). Therefore, no reliable conclusion could be drawn. Moreover, the 
lack of a significant effect of soil properties on Cu bioaccumulation reflects Cu 
regulation in the test animals, with a stronger effect of organism physiology 
compared to environmental parameters.  
 
6.4. Zinc 
Figure 9 shows the relationship between Zn bioaccumulation kinetics and different 
soil properties. In most cases, no clear pattern could be observed plotting k1 values 
against different soil properties. Like for Cu, also for Zn regulation in the test 
animals is explaining these findings, with a stronger role of animal physiology 
compared to environmental parameters. 
To sum up, Cd and Pb accumulation are strongly affected by different soil 
properties. With increasing pH, CEC, OM, and soil clay content uptake rate 
constants of these two metals decrease for both earthworms and the other soil 
organisms. The only exception is the effect of clay content for Pb where an 
increasing bioaccumulation is observed with increasing soil clay content. This 
might suggest a lower tendency of Pb to bind to clay particles compared to e.g., 
Cd. Internal concentrations of the essential elements Cu and Zn are regulated by 
soil organisms; therefore, bioaccumulation of these two metals is not clearly 
dependent on soil properties.  
The effect of soil properties on bioaccumulation kinetics of Cd and Pb in soil 
invertebrates using all data together resulted in the following equations: 
 
Log k1-Cd = – 0.11 + 0.04 pH – 0.78 Log OM – 0.70 Log CEC + 0.33 Log clay (P = 
0.046, F = 3.05, R2 = 0.42)  (7) 
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Log k1-Pb = – 0.14 – 0.14 pH + 1.15 Log OM – 0.71 Log CEC – 1.28 Log clay (P = 
0.006, F = 4.68, R2 = 0.42)  (8) 
 

 
 
Figure 8. The relationship between uptake rate constants (Log k1) and different soil 

properties for the toxicokinetics of copper (Cu) in different soil invertebrates. The 
uptake rate constants in gsoil ganimal-1 day-1 and the corresponding soil properties are 

taken from the same study. The pH is measured in 0.01 M CaCl2 (pHCaCl2) (A), 
cation exchange capacity (CEC) is given as cmol kg-1 dry soil (B), organic matter 
content as %OM (C), and clay content as %clay (D). The filled and empty circles 
are for earthworms and other soil organisms, respectively. The significance of the 
correlations for the effect of each soil property on uptake rate constants are shown 
by P values. The solid and dashed regression lines show the relationship between 

Log k1 values and soil properties for kinetics tests on earthworms and other soil 
organisms, respectively. 
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Figure 9. The relationship between uptake rate constants (log k1) and different soil 

properties for the toxicokinetics of zinc (Zn) in different soil invertebrates. The 
uptake rate constants in gsoil ganimal-1 day-1 and the corresponding soil properties are 

taken from the same study. The pH is measured in 0.01 M CaCl2 (pHCaCl2) (A), 
cation exchange capacity (CEC) is given as cmol kg-1 dry soil (B), organic matter 
content as %OM (C), and clay content as %clay (D). The filled and empty circles 
are for earthworms and other soil organisms, respectively. The significance of the 
correlations for the effect of each soil property on uptake rate constants are shown 
by P values. The solid and dashed regression lines show the relationship between 

Log k1 values and soil properties for kinetics tests on earthworms and other soil 
organisms, respectively. 
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and can explain 42% of the variation in Cd and Pb kinetics. These equations may 
be applicable to predict uptake rate constants for Cd and Pb when metal kinetics is 
related to soil properties using different test soils. 
 
7. Conclusions and future perspectives 
A toxicokinetics approach may be used to provide a mechanistic understanding of 
metal bioavailability by relating uptake, elimination, and internal distribution of 
metals n soil invertebrates. In this review, we summarized a great variety of 
toxicokinetics studies with different experimental setups used in the literature to 
assess metal bioavailability to soil organisms. Different organisms showed different 
bioaccumulation strategies upon exposure to metals. Essential metals may be 
internally regulated by the organism by limiting uptake and/or active excretion and 
storage in inert form. Non-essential metals may be excreted or stored in the body. 
Based on these strategies, different bioaccumulation models may be applied to 
estimate bioaccumulation kinetics parameters for metals in soil organisms.  
Estimated kinetics parameters were related to the exposure concentrations. We 
showed that these parameters can be different for different metals. For example, 
the kinetics of essential metals may be independent of metal exposure levels. 
Essential metals are often regulated by the organisms in which internal metal 
concentrations remained constant over a wide range of exposure concentrations. 
Most species can regulate essential elements to a certain extent. For non-essential 
metals, exposure concentrations can be very important and different organisms 
may show different bioaccumulation patterns. This may result in different kinetics 
parameters. Therefore, metal kinetics can be both metal-specific and species-
specific. 
In most toxicokinetics studies with soil invertebrates, metals are mixed in with the 
test medium (e.g., soil or solution exposure). However, in few studies metals are 
spiked in the diet (Hames and Hopkin, 1991b; Janssen and Bergema, 1991; 
Janssen et al., 1991; Descamps et al., 1996; Bibĭc et al., 1997; Laskowski et al., 
2010). This can lead to differences in the route of uptake of metals, making it 
difficult to compare studies with soil exposure and food only exposure.  
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Another point regarding metal exposure is that metals are often found in the 
environment in mixtures. For example, total Zn concentrations up to 25,600 mg kg-1 
dry soil and Pb concentrations up to 4,000 mg kg-1 dry soil were measured in a 
field soil by Marino and Morgan (1999). This combination of metals may affect each 
other’s uptake by the organisms. Sterenborg et al. (2003), for instance, showed 
that dietary Zn diminished the uptake of Cd, but did not affect Cd elimination in the 
springtail Orchesella cincta. Such interactions of metals in mixtures should be 
taken into account when contaminated field soils are used in bioaccumulation 
kinetics tests.   
An important factor in bioaccumulation kinetics tests are soil properties which affect 
metal availability and as a consequence metal bioaccumulation. The results of the 
present study highlighted the important influence of soil pH, CEC, OM, and clay 
content on metal uptake kinetics. This was observed for non-essential metals such 
as Cd and Pb where uptake rate constants showed a strong correlation with soil 
physical-chemical parameters. Increasing each parameter generally reduced 
bioaccumulation of Cd and Pb in soil organisms. These soil characteristics had less 
or no effects on uptake rate constants of Zn and Cu. Moreover, significant 
relationships were obtained in the present study when relating Cd and Pb uptake 
kinetics in soil invertebrates to all these soil properties.  
The effect of soil properties is very important especially when comparing studies 
using different test soils. Nevertheless, soil is a complex matrix and solution-only 
exposure (Houx et al., 1996; Ardestani et al., 2013a, b; Ardestani and van Gestel, 
2013c) and solutions embedded in inert sand medium (see e.g., Steenbergen et 
al., 2005; Ardestani et al., in press) have been used to avoid the complexity of the 
interactions in soils. In these studies, the effect of soil properties on 
bioaccumulation and toxicity of metals can be better studied under controlled 
condition.  
Studies on bioaccumulation kinetics at sub-cellular levels have recently gained 
increasing interest, especially for bigger soil organisms such as earthworms and 
snails (Gimbert et al., 2008b; Li et al., 2009c). In these studies, internal sub-cellular 
partitioning of metal has been shown to take part in the metal bioaccumulation 
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processes. The predictability of metal uptake and effects will increase when 
knowledge on metal compartmentalization within the organism’s body is taken into 
account. 
Time is another important issue in bioaccumulation tests. It was suggested that 
metal bioavailability should be assessed in a dynamic way. Thus, differences may 
be observed in estimated kinetics parameters where test species were exposed to 
metals in short- or long-term tests. This may explain some of the differences found 
in the literature where, for instance, metal concentration reached steady state in 
one study while it did not appear to level off in another study. The attainment of 
equilibrium is mostly dependent on elimination rate constants and is therefore 
species-specific. This makes it difficult to compare between different studies with 
the same metal and even at quite similar test concentrations. Therefore, a 
combination of all parameters should be considered in metal bioaccumulation 
kinetics studies. Uptake and elimination kinetics may explain the relationships 
between metal bioaccumulation strategies and distribution of metals inside the 
body considering time and therefore can better describe metal bioavailability to 
biota. 
In conclusion, we advocate a kinetics approach to assess metal bioavailability in 
soils. The ultimate measure of bioavailability is the rate of uptake in the organism, 
which is essentially kinetic. It is not the equilibrium concentration in the animal, but 
rather the rate of uptake and binding to a biotic ligand, that should be linked with 
metal speciation in the exposure medium. It remains a challenge for soil 
ecotoxicology to develop more precise biology-based models to fully understand 
the concept of bioavailability of metals in soils. 
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The effect of pH and calcium on copper availability to the springtail 
Folsomia candida in simplified soil solutions 

 

 

 

Abstract 
The effect of pH and calcium on copper bioavailability to the springtail Folsomia 
candida was determined by assessing uptake kinetics upon copper exposure for 
15 days in simplified soil solutions. A slight bioaccumulation of copper was 
observed in all treatments and controls. The effect of exposure concentration and 
calcium level on copper accumulation was not significant. Although pH and time 
slightly but significantly affected copper concentrations in the body, copper uptake 
rates were not significantly different from zero. This suggests that copper uptake in 
F. candida exposed to sub-lethal copper concentrations in soil pore water is not 
affected by pH and calcium.  
 
 
 
 
 
 
 
Masoud M. Ardestani and Cornelis A. M. van Gestel 
Pedobiologia (2014), 57: 53–55  
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1. Introduction 
When assessing metal bioavailability and effects on soil organisms, the fraction of 
metal in soil pore water is considered to be most relevant (Van Gestel, 1997). 
Physical-chemical properties, like soil pH, organic matter content, and cation 
exchange capacity (CEC) are most important in determining metal availability 
(Lanno et al., 2004). Since bioavailability should be considered as a dynamic 
process (Peijnenburg et al., 1999a), exposure duration becomes another important 
factor to take into account. The bioaccumulation of metals can therefore be better 
understood from toxicokinetics studies that take into account the dynamic aspect of 
metal bioavailability.  
The use of an exposure medium with only solutions as a replacement for soil pore 
water has recently been applied in toxicity tests to reduce the complexity of the soil 
system (e.g., Lock et al., 2007a) and to enable the assessment of the role of pH 
and other cations in affecting metal toxicity. The collembolan Folsomia candida, 
used in this study, can survive in simplified soil solutions for 14 days (Ardestani and 
van Gestel, 2013c). There are no studies to date on the toxicokinetics of metals in 
F. candida using simulated soil solutions. 
The objective of this study was to assess uptake kinetics of copper in F. candida in 
simplified soil solutions, under the influence of different pH and calcium levels. 
Copper levels chosen differed by a factor of four to enable the detection of an 
exposure level effect. The pH and Ca levels tested were within the range of values 
normally encountered in natural soils (Van Gestel and Koolhaas, 2004). 
 
2. Materials and methods 
2.1. Test organisms 
F. candida (“Berlin strain”) were cultured in plastic containers with a mixture of 
plaster of Paris and charcoal at the bottom and dry baker’s yeast (Dr. Oetker) for 
food, at 20 °C and 12:12h dark:light regime. Four-week old age-synchronized 
springtails were used for the experiment. 
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2.2. Test solutions 
Test solutions were prepared by adding calcium nitrate (Ca(NO3)2 x 4H2O, Riedel-
de Haën, GmbH) to deionized (demi) water at concentrations of 0.2 mM and 1.6 
mM. Copper was tested as Cu(NO3)2 x 3H2O (99.5% pure, zur Analyse, Merck, 
Darmstadt) at sub-lethal concentrations of 0, 0.04, and 0.16 µM in calcium 
solutions as diluents. Copper concentrations were based on Ardestani et al. 
(2013b) who determined LC50 values of 2.3 to 20 µM for the toxicity of copper to F. 
candida in similar solutions. These values are in the range of available copper 
concentrations in pore water from field soils (between 0.16 µM and 264 µM; 
Supporting Information, Table S1). The activity of free copper ions in our test 
solutions (0.007 to 0.08 µM) was within the range of values reported for slightly 
contaminated soils (e.g., Koster et al., 2006). 
Two different pH levels of 5.0 and 7.0 were tested in combination with the different 
calcium and copper concentrations. pH was measured at the beginning and end of 
the test with a pH-meter (Consort, P907) and adjusted to the desired pH level (see 
Ardestani et al., 2013a, b).  
Four replicates with five F. candida per replicate were prepared for each treatment. 
Each replicate contained approximately 30 mL solution at a 2 cm depth in a 100 
mL glass test jar with a plastic lid. Animals were placed on the solution surface 
without feeding and kept at 20 °C and 12:12h dark:light. 
One animal was sampled from each replicate at 0.25 (6h), 1, 2, 3, 7, 12, and 15 
days of exposure to copper. For day 0, twenty animals were taken directly from the 
culture. 
 
2.3. Metal analysis 
After freeze-drying and measuring dry weight (micro balance, UMT2, Mettler 
Toledo), the animals were digested in a 7:1 mixture of ultrapure HNO3 (Ultrex II, 
69%, J.T. Baker) and HClO4 (Ultrex II, 70%, J.T. Baker). Copper concentrations in 
the animals and test solutions at the end of the test were determined using a 
graphite furnace atomic absorption spectrophotometer (AAS, Perkin Elmer 5100 
PC). To verify the analytical process, a reference material (Dolt-II) was used. 
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Copper concentrations in the reference material were within 15% of the certified 
concentrations. 
 
2.4. Data analysis 
For calculating copper uptake and elimination rate constants in F. candida, a non-
linear regression was used based on a first-order one-compartment model (e.g., 
Janssen et al., 1991) for each treatment. The same approach, relating copper 
uptake to free copper ion activity in the test solutions, was applied employing 
Visual Minteq (Gustafsson, 2007). 
A generalized likelihood ratio test was applied to compare uptake rate constants 
(Sokal and Rohlf, 1995). One-way ANOVA was used to assess the effects of pH, 
calcium, exposure concentrations, and time on copper bioaccumulation in F. 
candida. Influential points (outliers) were identified and removed from the data 
using the standardized residuals method (Iglewicz and Hoaglin, 1993). All analyses 
were run using SPSS 20.0 for Windows (SPSS Inc., Chicago, Illinois, USA). 
 
3. Results and discussion 
After 15 days, copper concentrations in the test solutions ranged from 0.0301 to 
0.114 µM (Supporting Information, Table S2), and in most cases measured values 
were close to nominal ones. Free copper ion activities generally decreased with 
increasing calcium concentration and pH level at each exposure level (Supporting 
Information, Table S3).  
All animals survived till the end of the test. In all treatments, including controls, 
internal copper concentrations gradually but only slightly increased with time. The 
initial copper concentrations measured in animals from the culture were 1.48 ± 
0.30 (± SE) µmol Cu g-1 dry body weight (94.0 ± 19.1 µg Cu g-1 dry body weight) (n 
= 20). Internal copper concentrations in the controls were 1.22 ± 0.19 µmol Cu g-1 
dry body weight (Supporting Information, Figure S1). These background 
concentrations in the springtails are in line with Rainbow (2007) who estimated the 
amount of copper required for keeping animal homeostasis. Approximately 0.41 
µmol Cu g-1 dry body weight is necessary for enzymatic activities in molluscs and 
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crustaceans, while an additional 0.90 to 1.97 µmol Cu g-1 dry body weight is 
required for haemocyanin or other blood proteins.  
Internal copper concentrations in F. candida showed quite a large variation, which 
agrees with Spurgeon et al. (2012), Ardestani and van Gestel (2013b), and others, 
and seems typical for soil invertebrates. In some cases, slightly higher body 
concentrations were observed at the end of the 15-day exposure period. This might 
be related to loss of biomass due to the lack of food, as observed for Neobisium 
muscorum (Janssen et al., 1991). 
Internal copper concentrations did not differ much among treatments and were 
exposure independent (Figure 1; ANOVA, n.s.). There was a slight but significant 
effect of pH, time, and the interaction of these factors (ANOVA, P < 0.05, F = 2.24-
10.9; Supporting Information, Table S4), but net uptake rate constants never 
different significantly from zero. The net uptake rate constants ranged between 0.6 
and 6.34 L ganimal-1 d-1 for the lower and from 0.06 to 0.72 L ganimal-1 d-1 for the 
higher exposure level. Except for two cases (low vs. high calcium at pH 7.0; low vs. 
high pH at 1.6 mM Ca, both at the low copper concentration; χ2 = 4.16-4.52, df = 1, 
P < 0.05), uptake rate constants did not significantly differ among treatments. 
Lower net copper uptake rate constants of 0.01 to 0.05 L ganimal-1 d-1 based on 
porewater concentrations were found for F. candida exposed in soils, but these 
values also did not differ between soil pH levels (Ardestani and van Gestel, 2013a). 
This confirms the lack of a clear effect of pH and calcium on copper uptake 
kinetics. Similar conclusions may be drawn when relating uptake to the activity of 
free copper ions. The low dependency of copper bioaccumulation on solution 
composition suggests a stronger effect of biological factors (physiology of the 
organism) rather than environmental factors. 
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Figure 1. Development of internal copper concentrations in Folsomia candida 
exposed for 15 days to simplified soil solutions with nominal concentrations of 0.04 
(open circles) and 0.16 µM Cu (filled circles), at different pH (pH 5.0 and 7.0) and 

calcium levels (0.2 and 1.6 mM Ca). For comparison, both exposure concentrations 
are shown in one diagram for each pH/Ca level. 

 
Internal copper concentrations in F. candida did not exceed 4.72 µmol g-1 dry body 
weight (approx. 300 µg Cu g-1 dry body weight) with a slight increase over time and 
stabilization after 15 days. This suggests copper is regulated by the springtails. 
Nine outlier data points with internal copper concentrations between 6.44 and 9.54 
µmol Cu g-1 dry body weight were omitted from the data to improve the estimation 
of uptake rate constants. Regulation of essential metals has been reported in 
collembolans (Ardestani and van Gestel, 2013a). Because copper is metabolically 
required, test organisms should be able to detoxify and/or regulate copper at levels 
allowing sufficient supply of copper-demanding ligands. Morgan and Morgan 
(1990) concluded that the earthworm Lumbricus rubellus is not able to sequester 
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copper in its tissues, but probably invests more energy in regulating uptake and 
elimination of copper to compensate for the lack of a storage mechanism. This 
explains why internal copper levels in L. rubellus increased only slightly but not 
significantly with increasing exposure concentrations. This pattern was also seen in 
our test organisms. 
The lack of a clear copper bioaccumulation (Figure 1) may suggest that F. candida 
as a soil dwelling organism might not have been exposed to copper in the solution-
only exposure medium. A previous study, using a similar test medium, showed that 
survival of the animals decreased with increasing exposure concentrations 
(Ardestani et al., 2013b), confirming exposure to copper. The selected 
concentrations might have been too low to allow copper accumulation levels in our 
test animals to differ between the two exposure concentrations after 15 days. 
Exposure levels were within the range of copper concentrations and free copper 
ion activities occurring in natural (contaminated) field soils. The difference in 
exposure concentrations (a factor of 4 for total copper and up to a factor of 13 for 
free ion activities) was assumed to be sufficient to show differences in copper 
bioaccumulation levels.  
Elimination rate constants were negligible in most cases (< 0.001 d-1). This 
absence of elimination was also observed in F. candida exposed to soil at different 
copper concentrations and different pH levels (Ardestani and van Gestel, 2013a). 
Aquatic organisms can regulate essential metals via active excretion, via 
storage/detoxification, or a combination of both. In active regulation, aquatic 
species can increase their excretion rate to eliminate excess of metals or limit the 
uptake of metals when exposed to high environmental concentrations (Rainbow 
and Dallinger, 1993). F. candida also showed active regulation of copper to a 
constant level in different treatments independent of external factors. This suggests 
that copper regulation in F. candida involves the limitation of uptake rather than 
active excretion. However, a clear distinction between these two mechanisms 
cannot be made.  
Muyssen and Janssen (2002) showed that daphnids can remove excess essential 
metals from the body by molting. However, in our study molting was observed in 
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only a few cases. Nahmani et al. (2009) reported that regulation of essential metals 
is due to the existence of evolved homeostatic mechanisms similar to the 
mechanisms mentioned above. This indicates that the physiology of the organism 
governs the mechanisms for coping with metal contamination in their natural 
environment. The exact mechanism for copper accumulation and internal copper 
regulation in relation to the effect of physical-chemical characteristics of the test 
medium however, remains unclear.  
 
Supporting Information 
Supporting Information including Tables S1-S4 and Figure S1 are available online 
at: http://www.journals.elsevier.com/pedobiologia 
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A combined toxicokinetics and toxicodynamics approach to assess 
the effect of porewater composition on cadmium bioavailability to 

Folsomia candida 
 

Abstract 
The aim of the present study was to improve our understanding of cadmium 
bioavailability by linking toxicokinetics and toxicodynamics. The springtail Folsomia 
candida was exposed to different cadmium concentrations in solutions embedded 
in inert quartz sand. Survival and cadmium uptake in the animals were followed for 
21 days. After 10 days, some animals were transferred to clean medium to assess 
cadmium elimination. Using a first-order one-compartment model, an overall 
uptake rate constant (k1) of 0.18 L kganimal-1 d-1 and an elimination rate constant (k2-

TK) of 0.02 d-1 were calculated. Survival decreased with time, resulting in an 
estimated final LC50 of 0.51 mM. A lethal body concentration (LBC) of 4.6 µmol Cd 
g-1 dry body weight was estimated by multiplying the final LC50 by the 
bioconcentration factor (k1/k2-TK). The LC50-animal values based on internal cadmium 
concentrations were between 3.56 and 9.91 µmol Cd g-1 dry body weight, with an 
overall value of 7.9 µmol Cd g-1 dry body weight (95% confidence interval [CI]: 3.8-
12.0). Because the 95% CI of the LC50-animal included the LBC, there was good 
agreement of cadmium toxicokinetics and toxicodynamics. 
 
 
 
Masoud M. Ardestani, Fedor Oduber, Cornelis A. M. van Gestel 
Environmental Toxicology and Chemistry (in press), DOI: 10.1002/etc.2585 
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1. Introduction 
A major problem in our industrial world is the increasing potential impact of 
pollutants on the environment. Proper risk management requires that the potential 
risk of these chemicals to man and the environment be identified and quantified. 
Cadmium can have adverse effects on ecosystems and has been classified as one 
of the most toxic metals released into the environment by anthropogenic sources 
such as factories and mining (Luoma and Rainbow, 2008). The toxicity of cadmium 
has been reported for many aquatic and soil organisms (Das et al., 1997; Satarug 
et al., 2003; Clemens, 2006; Shaw et al., 2006). Soil acts as a sink for metals. After 
release into soil, metals may become available for soil organisms through the soil 
solution or pore water (Van Gestel, 1997), with the free ions being the most 
bioavailable metal species (Lanno et al., 2004).  
Internal metal concentrations can be a useful measurement to address metal 
bioavailability. In toxicokinetics studies, metal bioavailability is assessed 
dynamically (Peijnenburg et al., 1999a) by considering the factor of time translating 
exposure concentrations to internal metal concentrations. In such studies, uptake, 
internal distribution in the organism, and elimination processes are investigated 
(McCarty and Mackay, 1993). Using a toxicodynamics approach, the potential 
hazard of metals to organisms is determined by observing the development of 
metal toxicity (e.g., mortality) with time. In these observations, the adverse effect is 
linked to the accumulated amount of metal at the site of toxic action (e.g., biotic 
ligand sites), taking into account the factor of time (Jager et al., 2011).  
Most toxicity tests are performed to determine a dose-response relationship 
between the effect of a metal and the exposure concentrations, whereas 
bioaccumulation studies assess the relationship between metal accumulation and 
external concentrations. Both toxicity and bioaccumulation studies usually apply 
fixed short- or long-term exposure periods. In these studies, the factor of time as an 
important influence on uptake and effects is largely ignored. Metal bioavailability 
may be better explained by applying a combined toxicokinetics-toxicodynamics 
(TK-TD) approach. 
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Among soil invertebrates, collembolans are widely used in ecotoxicity tests for 
evaluating the effects of soil pollution (Van Gestel, 2012). In these animals, the 
cuticle and ventral tube are the main routes of exposure to chemicals in the soil 
solution (Fountain and Hopkin, 2005). The springtail Folsomia candida 
(Collembola, Isotomidae) is a model species that has been selected for toxicity 
tests for more than 40 years (Fountain and Hopkin, 2005). Soil invertebrates are 
normally exposed to contaminated soils under different experimental conditions for 
measuring metal toxicity and bioaccumulation (see e.g., Ardestani and van Gestel, 
2013a, b). However, soil is a complex system, with different soil properties (e.g., 
pH, clay particles, cation exchange capacity, and organic matter content) having a 
strong influence on the availability of metals. Simplified soil solutions may be used 
to investigate the effect of the presence of cations competing with the free metal 
ions to bind to the biotic ligand (BL) sites, and of pH on the toxicity of metals to soil 
invertebrates (see e.g., Ardestani et al., 2013a, b). An ability to survive after 
solution exposure of several days with relatively high control survival has been 
shown in F. candida (Houx et al., 1996; Ronday and Houx, 1996; Ardestani et al., 
2013a, b; Ardestani and van Gestel, 2013c, 2014). In this way, the complexity 
factor of soil exposure can be avoided, and exposure conditions and metal 
speciation can be better controlled. For soil-dwelling organisms, such solution-only 
exposures are not optimal, however, because as they need a solid structure to 
thrive in. Using a medium containing a solution embedded in inert sand can be a 
good alternative for evaluating toxicity and bioaccumulation of metals in soil 
organisms (see e.g., Vijver et al., 2003; Steenbergen et al., 2005; Lock et al., 2006; 
He and van Gestel, 2013). This medium can provide better conditions for the 
animals, avoiding soil complexity and the probable extra stress of solution-only 
exposure (Steenbergen et al., 2005). 
The aim of the present study was to assess cadmium bioavailability to F. candida 
by using a TK-TD approach. Cadmium bioaccumulation and survival of the test 
animals were monitored at different sampling times. Toxicokinetics parameters for 
cadmium bioaccumulation were calculated, and survival-time and median lethal 
concentration (LC50)-time relationships were investigated. 
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2. Materials and methods 
2.1. Test medium  
For the TK-TD experiments, test animals were exposed to test solutions embedded 
in inert quartz sand medium, which was prepared by pre-combusting sieved sand 
(d < 0.22 mm) for 2 h at 600 ℃ in an ashing oven (Heraeus) to remove organic 
matter (Lock et al., 2006). To remove organic matter residues and reactive Fe and 
Mn components, the sand was rinsed with 0.7 M HNO3 (65%, Sigma-Aldrich) 
(Vijver et al., 2003). To neutralize acidity, the sand was washed several times with 
tap and deionized water and then dried in the oven at 50 ℃ before use. A particle 
size analyzer (HELOS-QUIXEL, Sympaatec) was used to classify the sand medium 
particles (Konert and Vandenberghe, 1997). The physical characteristics of the 
quartz sand medium are shown in Table 1. 
Stock solutions were prepared in Milli-Q water by adding 0.2 mM Ca as calcium 
nitrate (Ca(NO3)2 x 4H2O, 99% pure, Riedel-de Haën, GmbH), 0.1 mM Mg as 
magnesium sulfate (MgSO4 x 7H2O, ≥ 99% pure, Sigma-Aldrich, GmbH), 1.0 mM 
Na as sodium nitrate (NaNO3, 99.5% pure, zur Analyse, Merck), and 0.1 mM K as 
potassium nitrate (KNO3, 99% pure, zur Analyse, Merck). A pilot experiment 
showed good survival of F. candida in this sand-solution medium for 14 days with 
control survival > 80% (M.M. Ardestani, unpublished data). The stock solution was 
used to prepare a series of nine nominal cadmium concentrations (0, 0.4, 0.8, 1.6, 
3.1, 6.2, 12.5, 25, and 50 mM Cd) using cadmium nitrate salt (Cd(NO3)2 x 4H2O, 
98% pure, Sigma-Aldrich, GmbH). The selected range of cadmium concentrations 
was based on pilot experiments in which a complete dose-response relationship for 
the effects of cadmium on the survival of  F. candida could be observed. The 
selected exposure levels were much higher than the range of cadmium 
concentrations reported in the literature for contaminated natural soils. However, 
they are in agreement with the calculated LC50 values of up to 30.1 mM and up to 
0.83 mM based on porewater concentrations for F. candida exposed for 28 and 50 
days, respectively, to different soils (Van Gestel and Koolhaas, 2004; Bur et al., 
2010). Bur et al. (2010) showed that in terms of survival, F. candida is 
approximately 33 times less sensitive to cadmium than other soil invertebrates. 
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The pH of the stock solution was adjusted to 6.0 ± 0.1 using MOPS buffer (3-[N-
morpholino] propane sulfonic acid, 0.75 g/L, 99.5% pure, AppliChem, GmbH), MES 
buffer (2-[N-morpholino] ethane sulfonic acid, 0.75 mg/L, 99% pure, Sigma-Aldrich, 
GmbH), and diluted NaOH (99% pure, Riedel-de Haën, GmbH) when necessary. 
pH of the test solutions was analytically determined using a pH meter (InoLab pH 
7110). Test solutions were added to the pre-combusted, acid-washed sand matrix 
one day prior to the experiments to reach equilibrium (Steenbergen et al., 2005; 
Lock et al., 2006). 
 
2.2. Test animals 
The springtail F. candida (Berlin strain, VU University Amsterdam, The 
Netherlands) were cultured in plastic containers on a base of plaster of Paris and 
charcoal (9:1) in climate chambers at 20 ℃ and 75% relative humidity (12:12h 
light:dark regime). To obtain animals of the same age, adults were synchronized by 
placing them in the containers to lay eggs and removing them again after two days. 
During synchronization and rearing of juveniles, animals were fed with dried 
baker’s yeast (Dr. Oetker). We used twenty-day old animals (approx. 2 mm in 
length) for the TK-TD experiments.  
 
2.3. Experimental setup 
Prepared quartz sand (20 g) was added to 100 mL glass jars (approx. 2 cm in the 
glass jar). Approximately 5.4 mL of cadmium solution was added to each glass jar, 
which was sufficient to moisten the sand with a very thin layer of solution (< 2 mm) 
on the sand surface. In total, 252 glass jars were prepared at the beginning of the 
experiment. This included 9 cadmium concentrations, 7 sampling times, and 4 
replicates for each treatment. We arranged the glass jars based on sampling time 
(7 batches of glass jars). Five healthy animals were introduced into each glass jar, 
and they were not fed during the experiment. Test jars were closed with plastic lids 
and placed in a climate chamber at 20 ℃ and 75% relative humidity with a 12:12h 
light:dark regime. The solutions were not renewed, and the volume remained 
constant during the experiment. All glass jars were aerated twice per week. We first 
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checked survival of the animals at each sampling time, then one animal was taken 
from each replicate (uptake test), and the rest of the animals were kept in their own 
glass jars for the elimination test (see below). The elimination test actually included 
an uptake phase and an elimination phase (see below). 
For the uptake test, animals were sampled at 1, 2, 4, 7, 10, 14, and 21 days. 
Because animals were also needed to determine cadmium elimination and no extra 
jars were prepared, till day 10, one animal was sampled from each replicate using 
a fine brush. For sampling animals at days 14 and 21, one animal was taken by 
sacrificing the glass jar. This was done by adding approximately 100 mL tap water 
and emptying the solution and sand in a plastic container. Animals were floated to 
the surface and collected with a small spoon. After the animals were placed on a 
dry surface of plaster of Paris and charcoal for a few minutes to remove surplus 
water, they were transferred to 1 mL Eppendorf tubes and stored at -18 ℃ for 
metal analysis. To assess the initial cadmium concentrations in the animals, 15 
animals were sampled directly from the culture (Day 0).   
For the elimination test, at day 10 the remaining animals (4 animals from each 
replicate jar per sampling time) were transferred into 100 mL glass jars containing 
control stock solutions in quartz sand that were prepared one day before the start 
of elimination phase. Thus, until day 10, accumulation data from the first test 
(uptake test) were used. For the elimination test, 3-replicate glass jars were 
prepared for 0 to 1.6 mM Cd and 2 replicates for 3.2 and 6.2 mM Cd with five 
healthy animals in each glass jar. Because of high mortality at higher cadmium 
concentrations (> 6.2 mM Cd) during the uptake phase, no animals were 
transferred to clean media. After the animals were transferred, all glass jars were 
kept under the same test conditions for a further 11 days. During the elimination 
phase, animals were sampled at 1, 4, 7, and 11 days. At each sampling time, one 
animal was taken from each replicate by sacrificing the glass jar, removing surplus 
water, and transferring animals to 1 mL Eppendorf tubes for further metal analysis.  
To assess cadmium toxicodynamics (survival test), survival of the animals was 
followed at 1, 2, 4, 7, 10, 14, and 21 days of exposure to cadmium before the 
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animals were sampled for metal analysis. Survival was checked at each of the four 
replicates per cadmium concentration (n = 20).  
Two extra glass jars were prepared for each cadmium concentration and control to 
measure pH at the beginning and end of the experiment. Approximately 25 mL test 
solution was added to each glass jar to provide enough solution for pH 
measurement. After 2 hours shaking at 175 rpm, the glass jars were left for 5 hours 
so the suspension could settle. Then, the pH was measured. 
 
2.4. Metal analysis 
After freeze-drying, animals were weighed by using a micro balance (UMT2, 
Mettler Toledo) and then individually transferred to thoroughly cleaned Pyrex tubes. 
After the animals were digested in a 7:1 mixture of ultrapure nitric acid (HNO3, 
Ultrex II, 69%, J.T. Baker) and perchloric acid (HClO4, Ultrex II, 70%, J.T. Baker), 
internal cadmium concentrations were measured with a graphite furnace atomic 
absorption spectrophotometer (AAS, Perkin Elmer, 5100 PC).  
Pore water was collected at the beginning and end of the experiment by filtering 
the test medium over a membrane filter (0.45 µm, Ø47mm, cellulose nitrate, 
Whatman®, GmbH). For porewater collection, three extra glass jars were prepared 
for each cadmium concentration and control for the beginning and end of the test. 
Cadmium concentrations in porewater samples as well as in the stock solutions 
collected at the beginning and end of the test were measured by flame AAS (Perkin 
Elmer, AAnalyst 100). Calcium concentrations in all test solutions were also 
analyzed with flame AAS (Perkin Elmer, AAnalyst 100). To ensure the quality of the 
analytical process, blanks and reference material (Dolt 4, NRC-CNRC, Canada) 
were used. Measured cadmium concentrations in the reference material were 
always within 15% of the certified concentrations. 
 
2.5. Data analysis 
2.5.1. Toxicokinetics 
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A first-order one-compartment model was applied to calculate cadmium uptake and 
eliminate kinetics parameters in F. candida (Atkins, 1969). Equation (1) was used 
to describe body concentrations measured in the uptake phase (0 ≤ t ≤ tn) 
 
Canimal = C0 + (k1/k2-TK) x Cexp x (1 – e - k2-TK x t)  (1) 
 
where Canimal  is the internal cadmium concentration at time t (µmol Cd g-1 dry body 
weight), C0 is the initial cadmium concentration in the animals (µmol Cd g-1 dry 
body weight), k1 is the uptake rate constant (L kganimal-1 d-1), k2-TK is the elimination 
rate constant (d-1), Cexp is the measured cadmium concentration in pore water (mM 
Cd), and t is the exposure time (days). The C0 was the average cadmium 
concentrations measured in 15 animals sampled directly from the culture at the 
beginning of the test, and Cexp was estimated as the average of measured 
cadmium concentrations in pore water at the beginning and end of the uptake 
phase.  
Equation (2) was used to describe body concentration measured in the elimination 
phase (t > tn) 
 
Canimal = C0 + (k1/k2-TK) x Cexp x (1 – e - k2-TK x t) – ((k1/k2-TK) x Cexp x (1 – e -k2-TK x (t - tn)))   
 (2) 
 
where tn is the day on which animals were transferred to clean medium. The 
bioconcentration factor (BCF, L kg-1) for the uptake of cadmium from pore water 
was determined as k1/k2-TK. Steady state concentrations were calculated by 
multiplying BCF values by Cexp, and cadmium half-life values as ln 2/k2-TK (days) 
(Atkins, 1969). 
Equation (1) was applied only to calculate kinetics parameters for the 21-day 
uptake phase (uptake test). In case we transferred animals to clean medium 
(elimination test), Equations (1) and (2) were fitted simultaneously to the internal 
concentration data to obtain a single value for the uptake rate constant and a 
single value for the elimination rate constant.  
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2.5.2. Toxicodynamics 
The LC50 values for the effect of cadmium on F. candida survival were calculated 
by using the trimmed Spearman-Karber method (Hamilton et al., 1977). The LC50 

values estimated for all sampling times were based on the average measured 
cadmium concentrations at the beginning and end of the test. For the sake of 
comparison, LC50 values were also related to the activity of free cadmium ions in 
the test solutions. The Visual Minteq program (Gustafsson, 2007) was used to 
estimate cadmium speciation in the test solutions and to calculate free cadmium 
ion activities based on average measured cadmium and calcium concentrations 
and nominal concentrations of other cations (Mg, Na, and K) and anions (NO3- and 
SO42-). The average pH, the mean of the beginning and end values, was used as 
well. 
Although the logistic model did yield a good fit to the data, we used the general 
unified threshold model of survival (GUTS) for analyzing survival-time relationships 
(Jager et al., 2011; Ashauer et al., 2011; Nyman et al., 2012; Ashauer et al., 2013; 
Jager, 2014). A brief description of the GUTS model and its parameters is given in 
the Supporting Information. 
The LC50-time relationship was analyzed by using the following equation 
(Kooijman, 1981)  
 
LC50 (t) = LC50∞/(1 – e - k2-TD x t)  (3) 
 
where LC50 (t) is the LC50 value after exposure time (t) in mM, LC50∞ is the final 
LC50 value in mM, k2-TD is the elimination rate constant based on survival data in 
day-1, and t is the exposure time in days.  
Equation (4) was used to calculate lethal body concentrations (LBC) 
 
LBC = LC50∞ x BCF  (4) 
 
where LBC is in µmol Cd g-1 dry body weight, and BCF = k1/k2-TK. The overall k1 
and k2-TK values were used to calculate the LBC. These overall k1 and k2-TK values 
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were obtained by fitting a single uptake and elimination curve for all data sets 
together, excluding the three higher exposure levels where significant mortality 
occurred. 
Finally, to gain a better understanding of the relationship between cadmium 
toxicokinetics and toxicodynamics, LC50 values based on internal cadmium 
concentrations for each sampling time were estimated using the trimmed 
Spearman-Karber method (Hamilton et al., 1977). To obtain one overall value for 
LC50-animal, all accumulation data were combined, and the logistic dose-response 
equation was used (Haanstra et al., 1985) 
 
R = R0/(1 + (Canimal/LC50-animal)β)  (5) 
 
where R is the survival at time t (days), R0 is the survival in the control solutions, 
Canimal is the internal cadmium concentrations in µmol Cd g-1 dry body weight, LC50-

animal is the internal cadmium concentrations in µmol Cd g-1 dry body weight causing 
50% mortality, and β is the slope of the relationship between the survival and 
cadmium concentrations in the animals.  
All analyses were run in Excel and SPSS package 21.0 for Windows (SPSS Inc., 
Chicago, Illinois, USA).  
 
3. Results 
3.1. Measured cadmium concentrations and solution pH 
The measured cadmium exposure concentrations in the test solutions at the 
beginning and end of the experiment (uptake phase) are presented in Supporting 
Information, Table S1. Measured cadmium concentrations in the stock solutions 
were less than half of the nominal values, with recoveries of 20 to 70% (Table S1). 
The cadmium exposure concentrations were also lower, with recoveries of 23 to 
50%, but remained constant over the 21-day exposure period, except at 50 mM 
Cd. The reason for the lower cadmium concentrations compared with nominal 
values remains unclear. Therefore, all results are expressed on the basis of 
measured cadmium concentrations in the test media.  
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Table 1. Classification of the quartz sand matrix prepared for the toxicokinetics-
toxicodynamics experiments with Folsomia candida in sand-solution mediuma  

Particle size classification (µm) Percentage (%) 

Clay (< 8) 0.62 

Silt (8-63) 0.51 

Sand (63-2000) 98.88 

Very fine sand (63-125) 3.60 

Fine sand (125-250) 41.64 

Middle coarse sand (250-500) 51.42 

Coarse sand (500-1000) 2.21 

Very coarse sand (1000-2000) 0.00 

Very fine silt (8-16) 0.01 

Fine silt (16-32) 0.20 

Coarse silt (32-63) 0.29 

a A particle size analyzer (HELOS-QUIXEL) was used to determine the particle size distribution of the 
quartz sand. The percentages given are the average of two measurements (n = 2). 

 
Measured cadmium concentrations in the clean test solutions used for assessing 
elimination were always < 0.05 mM Cd. The pH of the test solutions ranged 
between 4.60 and 5.82 at the beginning and between 4.68 and 6.17 at the end of 
the test (Table S1). The pH showed a decreasing pattern with increasing cadmium 
exposure concentrations. Measured calcium concentrations in the stock solutions 
were similar to the nominal values; however, calcium levels were higher in the test 
solutions and seemed to peak at intermediate cadmium levels (Table S1).  
 
3.2. Toxicokinetics 
Supporting Information, Figure S1 shows the relationship between cadmium 
concentrations in F. candida and the activity of free cadmium ions in the test 
solutions after 21 days of exposure. Cadmium concentrations in F. candida 
increased linearly with increasing exposure concentration (R2 = 0.88). At all 
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exposure concentrations, internal cadmium concentrations increased with time 
(Figure 1). Supporting Information, Figure S2 shows that cadmium concentrations 
in the animals did not reach equilibrium after 21 days. The only exception was at 
6.2 mM Cd, at which point internal cadmium concentrations reached steady state 
after approximately 15 days of exposure (Figures 1B and S2-E). Initial cadmium 
concentrations in the animals directly taken from the culture were < 0.0001 µmol 
Cd g-1 dry body weight. In the animals kept in control solutions, cadmium 
concentrations (± SE) were 0.009 (± 0.001) µmol Cd g-1 dry body weight and did 
not change during the uptake and elimination tests. 
 

 

Figure 1. Uptake and elimination kinetics of cadmium in Folsomia candida exposed 
to nominal cadmium concentrations of 0.4 mM Cd (left, A) and 6.2 mM Cd (right, B) 

in a sand-solution medium. Internal cadmium concentrations (Canimal) were 
modeled using a first-order one-compartment model (Equations (1) and (2)). 

Estimated kinetics parameters are shown in Table 2. The dashed line shows the fit 
of the one-compartment model to the accumulation data for the 21-day uptake 

phase (uptake test) and the solid line the fit of the model to the data for a 10-day 
uptake phase followed by an 11-day elimination phase (elimination test). 

 

Table 2 summarizes the uptake rate constants that were calculated using Equation 
(1). Uptake rate constants ranged between 0.23 and 1.89 L kganimal-1 d-1 when 
animals were exposed to cadmium for 21 days. The highest values (> 1 L kganimal -1 
d-1) were found for the highest three exposure levels, at which high mortality had 
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already occurred within the first 5 days of exposure. All values showed high 
variation, as can be seen from the large SE values. When the animals were 
transferred to clean solutions after 10 days, uptake rate constants calculated using 
Equations (1) and (2) together ranged between 0.08 and 0.46 L kganimal-1 d-1, and 
SE variation was much lower (Table 2). When the uptake rate constants were 
compared for measured cadmium exposure concentrations of less than 6.2 mM 
Cd, k1 values were more similar for both tests.  
Figure 1 shows that cadmium concentrations in the animals decreased when they 
were transferred to clean solutions. Similar patterns were obtained for all cadmium 
exposure concentrations (Supporting Information; Figure S3, A-E). Elimination rate 
constants (k2-TK) derived from the 21-day uptake test ranged between 0.02 and 
0.11 (d-1) whereas values between 0.02 and 0.22 (d-1) were obtained when the 
animals were transferred to clean solutions after 10 days (Table 2). Except for two 
cases (3.1 and 1.6 mM Cd), most values were comparable for both tests (Table 2).  
Fitting uptake curves for all data sets together, assuming single k1 and k2-TK, 
overall k1 and k2-TK values (± SE) of 0.18 (± 0.08) L kganimal-1 d-1 and 0.02 (± 0.05) 
d-1 could be calculated, respectively. The BCF values were between 1.1 and 63 L 
kg-1 for the 21-day uptake test and between 0.82 and 11.5 L kg-1 for the elimination 
test (Table 2). The overall half-life for cadmium elimination was 34.6 days. 
 
3.3. Toxicodynamics 
Survival of animals in the control solutions remained 100% until the end of the 
experiment. The relationship between animal survival and the free cadmium ion 
activity is shown in Supporting Information, Figure S4. Survival of the animals 
decreased in a dose-related fashion. The LC50 values calculated by using the 
trimmed Spearman-Karber method based on average measured cadmium 
concentrations decreased from 10.8 mM after 2 days to 0.71 mM after 21 days 
(Table 3). In the same period, the LC50 values based on the activity of free 
cadmium ions decreased from 5.13 mM to 0.49 mM (Table 3). 
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Table 2. Cadmium uptake and elimination kinetics parameters in Folsomia candida exposed to nominal cadmium concentrations 
ranging between 0.4 mM and 50 mM Cd in solutions embedded in inert quartz sanda  

 Nominal cadmium concentrations (mM Cd)b 

 0.4 0.8 1.6 3.1 6.2 12.5 25 50 

Uptake test         

k1 0.55 (± 0.25) 0.26 (± 0.17) 0.62 (± 0.90) 0.38 (± 0.31) 0.23 (± 0.31) 1.20 (± 1.13) 1.89 (± 1.39) 1.05 (± 0.82) 

k2-TK 0.07 (± 0.05) 0.04 (± 0.07) 0.05 (± 0.16) 0.03 (± 0.08) 0.21 (± 0.28) 0.02 (± 0.09) 0.03 (± 0.07) 0.11 (± 0.12) 

BCF 13.7 6.5 12.4 12.7 1.1 60 63 9.5 

Css 2.05 2.53 7.56 16.0 2.84 340 472 149 

Elimination test         

k1 0.46 (± 0.14) 0.21 (± 0.07) 0.23 (± 0.06) 0.08 (± 0.02) 0.18 (± 0.09) - - - 

k2-TK 0.04 (± 0.03) 0.02 (± 0.03) 0.10 (± 0.03) 0.05 (± 0.03) 0.22 (± 0.12) - - - 

BCF 11.5 10.5 2.3 1.6 0.82 - - - 

Css 1.72 4.10 1.40 2.02 2.11 - - - 

a The animals were exposed to cadmium either for the 21-day uptake phase (uptake test) or 10 days followed by an 11-day elimination phase (elimination test). 
Uptake and elimination rate constants (k1 and k2-TK) were calculated by applying a first-order one-compartment model (Equations (1) and (2)) to the measured 
internal cadmium concentrations as a function of time. Values for k1 are in L kganimal -1 d-1 and those for k2-TK are in day-1. Bioconcentration (BCF) values in L kg-1 

were obtained as k1/k2-TK. The body concentrations at steady state (Css, µmol Cd g-1 dry body weight) were calculated by multiplying BCF values by average 
measured exposure concentrations. 
b Values in parentheses are standard errors. 
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Using the GUTS model, a good fit to the data for the relationship between survival 
of F. candida and time was obtained for different cadmium concentrations (Figure 
2). A value (and 95% confidence intervals[CI]) of 0.74 (0.35-1.94) day-1 was 
estimated for the elimination rate constant based on survival data. Other model 
parameters are given in Supporting Information, Table S2. 
 

 
Figure 2. The relationship between the survival of Folsomia candida and time for 
animals exposed for 21 days to cadmium in a sand-solution medium. The solid 

lines show the fit of the general unified threshold model of survival (GUTS) to the 
data. A value of 0.74 day-1 for the elimination rate constant was calculated based 
on survival data and other GUTS model parameters are reported in Supporting 

Information, Table S2. 
 
The LC50 values (Table 3) based on measured cadmium concentrations were 
plotted against time, as shown in Figure 3. When Equation (3) was fitted to the 
data, a final LC50 of 0.51 mM and a k2-TD value of 0.025 day-1 based on survival 
data could be calculated (Figure 3). The fit was good, with an R2 value of 0.98. An 
LBC value of 4.6 µmol Cd g-1 dry body weight was calculated using Equation (4). 
Finally, survival of the animals was related to the internal cadmium concentrations 
(Figure 4). Using the trimmed Spearman-Karber method (Hamilton et al., 1977), 
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internal LC50 values (LC50-animal) of 3.56 to 9.91 µmol Cd g-1 dry body weight could 
be obtained for each sampling time (Table 3). Fitting a logistic model (Equation (5)) 
to all accumulation data resulted in an overall LC50-animal value (95% CI) of 7.9 (3.8-
12.0) µmol Cd g-1 dry body weight (R2 = 0.84).  
 
Table 3. Median lethal concentration (LC50) values (with 95% confidence intervals) 
for the effect of cadmium on the survival of Folsomia candida exposed for 21 days 

in a sand-solution mediuma 
 Day1 Day2 Day4 Day7 Day10 Day14 Day21 

Measured > 50 10.8 5.54 2.51 1.53 1.19 0.71 

  (-)b (4.23-7.25) (1.85-3.40) (1.12-2.10) (0.88-1.61) (0.46-1.10) 

Cd2+ activity > 50 5.13 2.99 1.51 0.95 0.78 0.49 

  (-)b (2.39-3.74) (1.15-1.98) (0.72-1.27) (0.60-1.03) (0.32-0.74) 

Internal NDc 9.48 5.59 3.56 3.65 9.91 9.18 

  (3.44-26) (3.40-9.19) (2.39-5.30) (2.27-5.88) (6.06-16)  (3.92-21) 

a The LC50 values were calculated by using the trimmed Spearman-Karber method (Hamilton et al., 
1977). The LC50 values were based on average measured cadmium concentrations at the beginning 
and end of the test in mM Cd. The LC50 values were also estimated based on the activity of free 
cadmium ions (in mM Cd) and internal cadmium concentrations (LC50-animal, in µmol g-1 dry body weight). 
The Visual Minteq program was used to calculate free cadmium ion activities using average measured 
cadmium and calcium concentrations, as well as pH levels of the test solutions at the beginning and the 
end of the test and nominal concentrations of other cations and anions (see Supporting Information, 
Table S2). The values in the parentheses are 95% confidence intervals. 
b The 95% confidence intervals were not reliable. 
c Data did not allow estimating an LC50 value.  

 
4. Discussion 
4.1. Toxicokinetics 
The results of the present study showed a steady accumulation of cadmium over 
time in F. candida after a 21-day exposure to a sand-solution medium. These 
results are in agreement with Vijver et al. (2001), who showed a slow uptake of 
cadmium in F. candida after exposure for 28 days in field soils. However, our 



233 
 

results are contrary to those of a previous study in which F. candida showed a fast 
accumulation of cadmium, reaching equilibrium after 21 days of exposure in spiked 
natural soils at different pH levels (Ardestani and van Gestel, 2013b).  
 

 

Figure 3. Development of the median lethal concentration (LC50) with time for 
Folsomia candida exposed to cadmium in a sand-solution medium. The LC50 

values were calculated based on average measured cadmium concentrations in 
the test solutions using the trimmed Spearman-Karber method (Hamilton et al., 

1977). The filled circles are the LC50 values at different time points, and the dashed 
line shows the fit of the model (Equation (3)) to the data. 

 
Our results showed large variation in internal cadmium concentrations, which has 
been observed in other studies with collembolans and other test organisms (e.g., 
Spurgeon et al., 2012). The calculated uptake rate constants (0.23 to 1.89 L 
kganimal-1 d-1 ) seemed higher when F. candida were exposed for 21 days to 
cadmium (uptake test) than when uptake (10 days) and elimination (11 days) were 
considered together (elimination test, 0.08 to 0.46 L kganimal-1 d-1) (Table 2). 
However, no clear trend of k1 with exposure concentration was seen. This is 
contrary to Lock and Janssen (2001a), who showed a decrease in uptake rate 
constants with increasing cadmium concentrations when Enchytraeus albidus were 
exposed for 28 days to cadmium in artificial and field soils. 
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Figure 4. The relationship between the survival of Folsomia candida and internal 
cadmium concentrations at different exposure times in a sand-solution medium. 

The LC50-animal values were calculated using the trimmed Spearman-Karber method 
(Hamilton et al., 1977), and a logistic model (Haanstra et al., 1985) was used to 
obtain an overall LC50-animal value. The dashed line shows the fit of the logistic 

model (Equation (5)) to all data. 
 
It should be noted, however, that especially at higher exposure concentrations, for 
which the highest k1 values were found, considerable mortality had already 
occurred soon after exposure. Also, variation in uptake rate constants with high SE 
values was observed in the uptake test. Therefore, these values should be 
considered with caution, especially for the three higher exposure levels. When only 
the lower exposure levels were considered, k1 values were more similar. 
Nevertheless, lower variation was observed for the values obtained from the 
elimination test, suggesting more reliable estimates. In an earlier study, k1 values 
of 0.005 to 0.196 L ganimal-1 d-1 were found based on cadmium concentrations in soil 
pore water when F. candida were exposed to cadmium at different pH levels in 
LUFA 2.2 soil (Ardestani and van Gestel, 2013b). The difference between the two 
exposure media may be the reason for the different values. Nevertheless, we 
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believe our exposure system did mimic exposure in soils, in which springtails’ 
exposure is also assumed to be mainly through the soil solution rather than through 
ingestion of soil particles (Fountain and Hopkin, 2005). Of course, it remains 
unclear to what extent food ingestion may add to cadmium levels.   
The decrease in pH with increasing exposure levels in the present study may 
suggest that uptake rate constants were affected by the presence of protons in the 
test solutions. This may be related to the biotic ligand model concept in which a 
competing effect of protons with the free metal ions could influence metal 
accumulation (Campbell, 1995; Di Toro et al., 2001). Also, increasing calcium 
concentration (by a factor of approx. 1.5 to 2, Table S1) with increasing exposure 
level in the test solutions may have affected cadmium uptake. However, variation in 
k1 values with high SE especially in the uptake test does not allow for conclusions 
on the effects of protons or calcium. 
The elimination rate constants (k2-TK) in our test were quite similar when the 
animals were exposed for 21 days in the uptake test compared with the elimination 
test (Table 2). It should be noted that in the latter case, elimination rate constants 
were derived from simultaneously fitting Equations (1) and (2) to all data from the 
uptake and elimination phases together. Although animals were sampled at only 
four time points during the elimination phase, which may cause some uncertainty, 
the fact that values were based on the entire uptake and elimination phases 
together makes the estimation of the elimination rate constants more certain than 
when estimation is based on the uptake test only. The elimination rate constants 
calculated in the present study (0.02 to 0.22 d-1) fell within the range of 0.13 to 0.46 
d-1 previously reported for F. candida (Ardestani and van Gestel, 2013b). This also 
explains the absence of steady state in the present study, as reported before 
(Janssen et al., 1991).  
 
4.2. Toxicodynamics 
The survival of F. candida in the control medium was 100%, which confirms the 
suitability of the sand-solution medium for these test animals. The dose-response 
relationships found in our test demonstrate that consistent exposures took place in 
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this medium. The LC50 values of 2.51 mM and 1.51 mM were calculated based on 
measured dissolved cadmium concentrations and free cadmium ion activities, 
respectively, for the toxicity of cadmium to F. candida after 7 days of exposure 
(Table 3). These values are within the range of the values reported for F. candida 
exposed for 7 days in simulated soil solutions at different calcium and pH levels 
(Ardestani et al., 2013a). The LC50 values for a 21-day exposure based on 
measured cadmium concentrations were also in agreement with Van Gestel and 
Koolhaas (2004), who estimated values of 0.6 to 30.1 mM and 0.08 to 2.0 mM 
based on porewater concentrations and free cadmium ion activities, respectively, 
when F. candida were exposed for 28 days to cadmium in different soils. Our LC50 
values were also in agreement with the values of 0.31 to 0.83 mM for F. candida 
exposed for 50 days to cadmium in natural soils (Bur et al., 2010). This confirms 
the validity of our test system for simulating springtail exposure to soil pore water. 
The good relationship between survival of the animals and time revealed by using 
the GUTS model (Figure 2) in our test system shows the importance of exposure 
duration in toxicity tests. Most of the standard toxicity tests are performed for fixed 
short-term periods, whereas organisms are usually exposed for longer times in 
their natural habitats. This may hamper the comparison between LC50 values 
found in different experiments. Therefore, extrapolation of the results of short-term 
experiments should be done with caution considering other important factors such 
as exposure time. Moreover, use of the GUTS model without taking into account 
internal cadmium concentrations (termed GUTS-SD with scaled TK, see 
Supporting Information) resulted in an elimination rate constant of 0.74 day-1. This 
value is, however, higher than the estimated k2-TD value of 0.025 day-1 also based 
on survival data. This finding suggests that some degree of damage occurred in 
the test animals, which caused a delay in the onset of effects. Elimination 
(dominant) rate constant in the GUTS modeling is the first-order combination of 
toxicokinetics and possibly repair of damage (Jager, 2014). That may be the 
reason for the higher elimination (dominate) rate constant obtained from the GUTS 
modeling compared with k2-TD value resulting from the toxicodynamics approach.  
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When LC50 values were plotted against time (Figure 3), a final LC50 value of 0.51 
mM could be estimated. There was no other study for collembolans that could be 
used for comparison with the result of the present study when solution-only 
exposure or soil porewater concentrations were considered. Crommentuijn et al. 
(1993) estimated an ultimate LC50 of 850 µg g-1 dry soil for F. candida exposed for 
63 days to cadmium in an artificial soil, and equilibrium was reached within 19 days 
of exposure. The final LC50 value of 0.51 mM is lower than the LC50 value after 21 
days exposure of the test animals (0.71 mM based on measured cadmium 
concentrations). This confirms that cadmium concentrations did not reach 
equilibrium after 21 days of exposure, as was also shown by the results of the 
toxicokinetics test (Figures 1A, S2, and S3).    
We calculated an overall BCF, derived from k1 and k2-TK values over the entire 
concentration range tested (data not shown). Because significant mortality 
occurred at the higher exposure levels, it is questionable whether this approach is 
suitable. We therefore excluded the three higher exposure concentrations; this 
resulted in a BCF value of 9.0 and an LBC of 4.6 µmol Cd g-1 dry body weight. This 
LBC value is in agreement with the values, reported in the literature for F. candida 
exposed to cadmium in contaminated soil or food at different exposure durations, 
of 2.7 (Crommentuijn et al., 1993), 1.8 to 2.2 (Van Gestel and van Diepen, 1997), 
5.3 to 6.2 (Van Gestel and Hensbergen, 1997), and 3.1 to 3.7 µmol Cd g-1 dry body 
weight (Crommentuijn et al., 1995).  
 
4.3. The link between toxicokinetics and toxicodynamics 
To explain the relationship between survival of F. candida and cadmium 
accumulation in our test media, the elimination rate constants based on survival 
data (k2-TD) and on toxicokinetics (k2-TK) have to be compared. A k2-TD value of 
0.025 day-1 was calculated based on the survival of the test animals after 21 days 
of exposure, whereas an overall k2-TK value of 0.02 d-1 was estimated based on 
cadmium accumulation kinetics. These values are quite similar, which suggests 
that cadmium was removed from the body at the same rate as the occurrence of 
mortality.  
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Another way to describe the relationship between accumulation and survival is by 
comparing LBC values (based on survival) with LC50s based on internal cadmium 
concentrations. The LC50-animal values were quite constant, with less than a factor of 
three difference throughout the 21 days of exposure (Table 3). The LBC of 4.6 
µmol Cd g-1 dry body weight does not differ from the overall LC50-animal value of 7.9 
µmol Cd g-1 dry body weight. This shows good agreement of the results of the 
toxicokinetics and toxicodynamics approaches employed in the present study. It 
also confirms that LC50 values based on internal metal concentrations (internal 
bioavailability) are a better measure of metal toxicity than values based on external 
concentrations. This is because internal metal concentrations are less affected by 
environmental factors.  
 
5. Conclusions 
In the present study, we applied a toxicokinetics-toxicodynamics approach to study 
cadmium bioavailability for F. candida exposed in a sand-solution medium. The 
results showed that our test system is suitable for these animals with excellent 
survival in the controls. Uptake rate constants were quite similar whether an uptake 
test or an elimination test was performed, with the latter giving more accurate 
estimates. Including an elimination phase may reveal more information about the 
physiological processes responsible for cadmium kinetics in the test organism. 
Slow elimination of cadmium in our test conditions caused internal concentrations 
not reaching equilibrium within 21 days. Cadmium toxicity decreased with time, and 
the LC50 values at the end of the test were higher than the final LC50 value. The 
LC50-animal based on body concentrations was similar to the LBC estimated from 
survival data, showing good agreement of cadmium toxicokinetics and 
toxicodynamics.  
 
Supporting Information 
Supporting Information including Tables S1 and S2 and Figures S1-S4 are 
available online at: http://onlinelibrary.wiley.com/journal/10.1002/(ISSN)1552-8618. 
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Dynamic bioavailability of copper in soil estimated by uptake and 
elimination kinetics in the springtail Folsomia candida  

 

Abstract 
This study aimed to assess the bioavailability of copper in soil, by measuring its 
uptake kinetics into a representative soil invertebrate, the collembolan Folsomia 
candida. The animals were exposed to 25 or 100 µg Cu g-1 dry LUFA 2.2 soil at 
nominal pHCaCl2 4.5, 5.5, or 6.5 during 14 days after which they were transferred to 
clean soil for 14 days elimination. Uptake and elimination rate constants were 
calculated based on total and extractable soil concentrations and porewater 
concentrations using first-order one-compartment kinetics modeling. Copper was 
present in the animals at a basal physiological level of 40 to 90 µg g-1 dry weight, 
on top of this uptake and elimination kinetics were observed. Uptake rates 
constants varied between 0.02 and 0.17 gsoil  ganimal-1 day-1, being higher at lower 
exposure level, but did not differ significantly between different soil pH levels. 
Elimination rate constants ranged between 0.04 and 0.20 day-1 and were negligible 
(k2 < 0.001 day-1) at pH 4.5 and pH 6.5. Multiple linear regressions showed that the 
pH effect on copper uptake was only significant when taking into account cation 
exchange capacity, or calcium and dissolved organic carbon levels in the pore 
water. Copper concentrations in the animals however, never were higher than 185 
µg g-1 dry weight, independent of exposure level and pH, suggesting homeostatic 
regulation. These results show that the chemical composition of the pore water 
does affect bioavailability of copper in soil, but that copper uptake in collembolans 
is dominated by homeostatic regulation rather than by soil properties like pH. 
 

Masoud M. Ardestani and Cornelis A. M. van Gestel 
Ecotoxicology (2013), 22: 308–318  
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1. Introduction 
The presence of pollutants is an important factor threatening natural environments. 
Heavy metals are one of the pollutant groups that may have harmful effects on 
ecosystems. Soil is an important sink for metals released in the environment by 
human activities. Therefore, soil-living organisms are exposed and potentially 
affected by metals accumulating in soil. Copper is an essential metal playing an 
important role in the structure and functioning of enzymes and proteins, but at 
higher levels it can be toxic. The widespread usage of copper in agriculture and the 
emission by other human activities have caused increased concentrations in soil 
and water (Mackie et al., 2012), making it relevant to further investigate its possible 
ecotoxicological risk.  
Metals need to be taken up and reach a target site to be available for the organism 
and to show their toxic effects. However, there are a lot of factors affecting 
bioavailability and the accumulation of a metal in a specific organism. For soil 
organisms, physical-chemical properties of the soil, the characteristics of the metal, 
environmental conditions, and the physiology of the soil organism can influence the 
bioavailability and bioaccumulation potential of a metal. Van Gestel (1997) showed 
that soil pore water is the main route of exposure for soil organisms. Relating body 
concentrations to the concentration of metal in soil pore water therefore may 
provide a better prediction of bioavailability. 
Peijnenburg et al. (1999a) suggested that bioavailability of metals should be 
considered in a dynamic way. Bioavailability is considered to consist of three 
dynamic processes: physicochemical desorption, physiological uptake, and 
toxicodynamic redistribution inside the organism (Hamelink et al., 1994). The first 
process, partitioning of metals between the soil solid phase and the solution phase, 
is affected by soil characteristics, such as pH (Peijnenburg et al., 2000; Sauvé et 
al., 2000a, b). The pH may also play a role in the second process. Together these 
processes have a direct effect on the bioavailability of metals which has great 
influence on metal uptake and accumulation (Van Straalen et al., 2005). Metal 
uptake is controlled by a combination of metal species in solution, labile sorbed to 
dissolved particles, and the sorption equilibrium at the solid-liquid phase interface 
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near the organism’s target site (Davison et al., 2000). Metal uptake can also be 
influenced by the presence of other cations in soil solution which can compete with 
free metal ions for binding to the biotic ligand (BL), which represents the organism. 
This is the main principle of the biotic ligand models (BLMs) (Di Toro et al., 2001; 
Santore et al., 2002). This fact has been considered in developing terrestrial BLMs 
to predict the toxicity of metals to soil organisms (see e.g., Thakali et al., 2006a, b; 
Li et al., 2008). 
Kinetics approaches may help understanding bioavailability in a better way. Thus, 
performing uptake and elimination kinetics studies may provide a better insight into 
the role of soil properties, metal concentrations, and the dynamics of bioavailability 
(Jager et al., 2011). Uptake and elimination of heavy metals in earthworms has 
been reviewed by Nahmani et al. (2007). However in this review, the effect and 
importance of soil properties was not discussed in great detail. Other kinetics 
studies on soil organisms also mainly focused on earthworms. For example, the 
uptake and elimination of copper and zinc (Spurgeon and Hopkin, 1999) was 
assessed in Eisenia fetida and of molybdenum in E. andrei (Diez Ortiz et al., 2010). 
In the latter study, the effect of soil properties on accumulation kinetics was 
investigated.  
In addition to earthworms, collembolans are also important soil organisms and 
often used in biomonitoring. The soil-dwelling springtail Folsomia candida 
(Collembola, Isotomidae) is a species commonly used in soil toxicity tests. They 
are ideal organisms to assess metal bioavailability. Fountain and Hopkin (2001, 
2005) showed that uptake of metals in the springtail F. candida is through the 
ventral tube and the cuticle. To our knowledge, there is only one study on 
accumulation kinetics of metals in F. candida (Vijver et al., 2001). In this study, the 
effects of soil properties on kinetics parameters and bioavailability of metals have 
been studied only by looking at the uptake phase when F. candida was exposed in 
field-contaminated soils (Vijver et al., 2001). 
The objective of our study was to determine copper uptake and elimination kinetics 
in F. candida in order to understand the effect of soil pH on copper bioavailability. 
Internal copper concentrations were not only related to total copper concentrations 
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in soil, but also to concentrations in soil extracts and pore water which are affected 
by soil properties such as soil pH. 
 
2. Materials and methods 
2.1. Animals 
The collembolan Folsomia candida (‘Berlin strain’; VU University Amsterdam) was 
cultured in plastic containers on a substrate of moist plaster of Paris with charcoal 
in climate rooms under controlled conditions (20 ± 1 °C, 75% relative humidity, 
12:12h dark:light regime). To obtain age-synchronized animals, adult animals were 
placed in containers for 2 days to lay eggs. The containers were opened for adding 
deionised water and aeration twice a week. The animals were fed dried baker’s 
yeast (Dr. Oetker). For the experiment 20-day old juveniles were used.  
 
2.2. Soils 
LUFA 2.2 soil (Speyer, Germany) was dried overnight at 50 °C before starting the 
experiments. The soil had a pH of 5.5 ± 0.1 (0.01 M CaCl2), 1.93 ± 0.2% organic 
carbon, cation exchange capacity (CEC) of 10.0 ± 0.8 cmol kg-1, and water holding 
capacity (WHC) of 45.2 ± 5.0% (w/w). The type of soil was loamy sand. Three 
nominal pHCaCl2 levels were used in the experiment: pH 4.5, 5.5 (the normal pH of 
LUFA 2.2 soil), and 6.5. Test soils were amended with calcium carbonate (CaCO3, 
99% pure, Sigma-Aldrich GmbH) or hydrochloric acid (HCl, 37% p.a., Sigma-
Aldrich GmbH) to reach the desired pH levels. The required amounts of CaCO3 or 
HCl were estimated from a range-finding test and added when the soils were 
spiked with copper. 
Test soils were spiked with copper nitrate (Cu(NO3)2 x 3H2O, 99.5% pure, zur 
Analyse, Merck, Darmstadt) in aqueous solutions to obtain added concentrations of 
0, 25, and 100 µg Cu g-1 dry soil and reach a soil moisture content of 50% of the 
WHC. The first concentration is well below the EC10 of 50 µg Cu g-1 dry soil while 
the second one was chosen to be elevated but still below the EC50 of 519 to 642 
µg Cu g-1 dry soil for effects of copper on the reproduction of F. candida in natural 
soils (Bruus Pedersen et al., 2000; Bongers, 2007). The spiked soils were 
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equilibrated for 2 weeks at 20 °C and 75% relative air humidity before use in the 
experiments. Every week, the soils were weighed and moisture loss was 
replenished by adding deionised water. Control soils were also freshly prepared 
two weeks before the start of the elimination phase.  
 
2.3. Test design 
For the uptake phase, 20 g moist soil and five age-synchronized animals were 
introduced into each 100 mL glass jar. The experiments started with a total of 252 
jars, two for each copper, pH and sampling time combination during the 
accumulation and elimination phases. Some extra replicates containing the same 
amount of soil were included for chemical analysis. During the uptake phase, two 
jars were sacrificed and animals were sampled at days 0.25 (6 h), 1, 2, 4, 7, 10, 
and 14. Fourteen days were considered sufficient to reach steady state of internal 
copper concentrations based on Vijver et al. (2001). Animals were removed from 
the soil by floating with 100 mL of tap water, then scooped from the water surface 
using a small spoon and put on dry plaster of Paris and charcoal to remove excess 
water.  
For the elimination phase, on day 14 all remaining animals were transferred from 
the contaminated soils to clean soils to which no copper was added but retained 
the respective pH levels. During the elimination phase animals were sampled at 
days 0.25 (6 h), 1, 2, 4, 7, 10, and 14.  
At the beginning of the uptake and elimination phases, one small grain of dried 
baker’s yeast was added for food. The glass jars were opened once a week for 
aeration and to replenish water loss.  
  
2.4. Analyses 
For analysis of the internal copper concentrations, two animals (one from each 
replicate combination of copper concentration, pH level, and sampling time) were 
frozen at -18 °C. In addition, ten extra animals from the culture were frozen to 
determine the initial concentration. All animals were freeze-dried and dry weight 
was determined to the nearest 0.1 µg with a microbalance (UMT2, Mettler Toledo). 
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Animals were digested with a mixture of (7:1) of ultrapure nitric acid (HNO3 Ultrex 
II, 69%, J.T. Baker) and perchloric acid (HClO4 Ultrex II, 70%, J.T. Baker) in Pyrex 
tubes thoroughly cleaned using nitric acid (HNO3 65% p.a., Sigma-Aldrich) and 
ultrapure reagent nitric acid. Samples were analyzed by graphite furnace atomic 
absorption spectrophotometer (AAS, Perkin Elmer 5100 PC). 
Water and 0.01 M CaCl2 extracts, and pore water from soil samples were collected 
at the beginning and at the end of the uptake phase. For water and 0.01 M CaCl2 
extraction, 5 g soil was shaken with 25 mL deionised water or 0.01 M CaCl2 for 2 h 
at 200 rpm, respectively. Using a membrane filter (cellulose nitrate, 0.45 µm, 
Whatman®, GmbH), water or 0.01 M CaCl2 extracts were collected. The pH value 
of the extracts was measured using a Consort P907 pH meter. For porewater 
extraction, soils were saturated with deionised water and equilibrated for 4-5 days. 
Pore water was collected by centrifugation using Teflon bombs which contained a 
0.45 µm membrane filter and two paper filters to separate soil from pore water 
(method described by Hobbelen et al., 2004). Twenty gram soil samples were 
centrifuged (Centrifuge Falcon 6/300 series, CFC Free) at 2000 rpm for 45 min. 
Collected pore water and other soil extracts were analyzed by graphite furnace 
AAS (Perkin Elmer 5100 PC). Calcium concentrations in porewater samples were 
analyzed using flame AAS (Perkin Elmer, AAnalyst 100). 
Oven-dried soil samples (two replicate samples of 0.1 g for each treatment) were 
digested using 2 mL of a 4:1 mixture of nitric acid (65% p.a., Sigma-Aldrich) and 
hydrochloric acid (37% p.a., Sigma-Aldrich GmbH) in tightly closed Teflon bombs 
through heating at 140 °C for 7 h in an oven (CEM MDS 81-D). The digests were 
analyzed for copper by flame AAS (Perkin Elmer, AAnalyst 100). A certified 
reference material (Dolt4) was used for the quality control of all soil and animal 
analyses. Measured copper concentrations were always within 10% of the certified 
concentration. 
The silver-thiourea method (Dohrmann, 2006) was used to measure cation 
exchange capacity (CEC) at different soil pH levels. Concentration of silver was 
then analyzed by flame AAS (Perkin Elmer, AAnalyst 100). To determine the 
concentration of dissolved organic carbon (DOC) in porewater samples, a TOC 
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Analyzer (Rosemount Analytical, Dohrmann DC-190, Santa Clara, CA, USA) was 
used. Two replicates were measured for each sample. The average DOC and CEC 
values of the samples from the start and end of the uptake phase were then used 
for data analyses. 
 
2.5. Data analysis 
Copper uptake and elimination patterns in the Collembola were analyzed applying 
a first-order one-compartment model (Janssen et al., 1991) using the following 
equations: 
For the uptake phase (0 ≤ t ≤ 14): 
 
Cbody = C0 + (k1/k2) x Cs x (1 – e - k2 x t)  (1) 
 
And for the elimination phase (t > 14): 
 
Cbody = C0 + ((k1/k2) x Cs x (1 – e - k2 x t) – ((k1/k2) x Cs x (1 – e -k2 x (t - tn)))  (2) 
 
where Cbody is copper concentration in the animals at time t (days) in µg Cu g-1 dry 
body weight,  
C0 is the copper concentration in the animals at the beginning of the experiment 
(mean of ten replicates) in µg Cu g-1 dry body weight, Cs is the measured copper 
concentration in soil in µg Cu g-1 dry soil (mean of the concentrations at the start 
and end of the uptake phase) or in water or 0.01 M CaCl2 extracts (µg Cu g-1 dry 
soil) or in pore water (µg Cu L-1), k1 is the uptake rate constant in gsoil ganimal-1 d-1 
(for total, water and 0.01 M CaCl2 extractable concentrations) and in L ganimal-1 d-1 
(for porewater concentrations), and k2 is the elimination rate constant in d-1. 
For each copper treatment level and soil pH, Equations (1) and (2) were fit 
simultaneously to all data from the uptake and elimination phases together using 
non-linear regression. 
The effect of pH, CEC, and of DOC and calcium concentrations in porewater 
samples on copper uptake kinetics was investigated using simple, stepwise, and 
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multiple linear regression analysis. A generalized likelihood ratio test was used to 
compare the uptake rate constants between pH levels for the same exposure 
concentration (Sokal and Rohlf, 1995). All analyses were run using SPSS package 
15.0 for Windows. 
 
3. Results 
3.1. Soil pH and copper concentrations 
The measured pH of the soil extracts at the beginning of uptake and elimination 
phases slightly deviated from the desired pH, with especially the differences in 
pHCaCl2 values being small for the two lowest pH levels. In fact, the nominal pHCaCl2 
of 4.5 seemed to correspond with a measured value of 5.0, while the measured 
pHCaCl2 of 5.3 to 5.6 indeed was similar to the nominal value of 5.5. In the later 
case pH decreased during the uptake phase to reach a final value around 5.0, in 
fact reducing the difference between the two lower pH levels. Copper treatment 
slightly reduced soil pH at the start of the uptake phase except for pHH2O at pH 4.5 
and pHCaCl2 at pH 6.5. Values for pHH2O were approximately one unit higher than 
pHCaCl2. The pH did not change during the experiment except for a few cases at pH 
5.5 (Table 1). Calcium concentrations in pore water ranged between 110 and 348 
mg Ca L-1 with the lowest values at pH 5.5. Similar calcium concentrations were 
measured in porewater samples at the beginning and end of the uptake phase.  
Table 1 shows that the measured soil copper concentrations were close to the 
nominal ones. In water and CaCl2 extractable fractions and in pore water, copper 
concentrations were lower at pH 6.5 compared to lower pH levels. Copper 
concentrations in the CaCl2 extracts were lower than in the water extracts except 
for the pH 4.5 soil treated with 100 µg Cu g-1 dry soil (Table 1). Cation exchange 
capacity (CEC) values ranged between 5.88 and 7.95 cmol kg-1 soil. Higher values 
for CEC were always observed at low copper levels and at pH 6.5. 
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Table 1. Measured copper concentrations in soil, water (w) and 0.01 M CaCl2 extracts (c), and copper, calcium and dissolved 
organic carbon (DOC) concentrations in pore water from LUFA 2.2 soil spiked at 25 and 100 µg Cu g-1 dry soil and used to 

determine copper uptake and elimination kinetics in Folsomia candida 
Nominal Cu 

concentration 

(µg Cu g-1  

dry soil) 

pH Soil  

(µg 

Cu g-

1) 

Water 

extract 

(µg Cu g-1) 

0.01 M 

CaCl2 

extract 

(µg Cu g-1) 

Pore water 

(µg Cu L-1) 

Ca  

(mg L-1) 

CEC 

(cmol 

kg-1) 

DOC 

(mg L-1) 

Uptake phase Elimination phase 

  pHw 

Start 

pHw 

End 

pHC 

Start 

pHC 

End 

pHw 

Start 

pHw 

End 

pHC 

Start 

pHC 

End 

0 4.5 4.10 0.03 0.01 21.7 279 6.13 81.5 5.56 5.50 5.18 4.92 5.54 5.55 4.96 4.76 

25 4.5 32.3 0.17 0.12 113 294 6.16 85.4 5.64 5.58 5.00 4.88 5.55 5.46 4.99 4.80 

100 4.5 111 0.47 0.51 255 342 5.88 99.5 5.67 5.74 5.00 4.82 5.90 5.38 5.07 4.93 

0 5.5 4.30 0.03 0.01 42.6 110 6.27 86.2 6.24 5.38 5.57 4.82 6.14 5.20 5.26 4.61 

25 5.5 28.3 0.21 0.10 100 114 6.36 84.3 6.19 5.47 5.36 4.90 6.10 5.20 5.32 4.78 

100 5.5 103 0.43 0.37 263 152 6.18 95.7 6.05 5.69 5.30 5.12 6.11 5.20 5.27 4.69 

0 6.5 3.92 0.02 <0.01 40.3 257 7.95 131 7.12 6.89 6.54 6.50 6.88 6.78 6.60 6.39 

25 6.5 28.8 0.10 0.05 95.1 263 7.85 124 7.11 6.87 6.60 6.43 6.89 6.78 6.50 6.38 

100 6.5 97.4 0.25 0.14 151 348 7.54 136 6.85 6.64 6.47 6.36 6.90 6.67 6.47 6.40 

Copper, calcium, cation exchange capacity (CEC), and DOC concentrations are the mean of values measured at the beginning and end of the uptake phase. 
Also given are pH values measured in the extracts at the beginning and end of the uptake and elimination phases. 
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Copper concentrations in water (Cw) or CaCl2 (Cc) extractable soil fractions 
showed a good correlation with measured total soil concentrations (Ct) and pH, 
while porewater concentrations (Cp) correlated with dissolved calcium and 
dissolved organic carbon (DOC), but not with pH. The following equations, 
obtained by multiple linear regression, describe the relationship between each of 
the three copper concentrations and the various soil properties: 
 
log Cw = 1.57 + 0.75 log Ct – 0.19 pHH2O (n = 6, P = 0.020, F = 19.2, R2 = 0.928), 
log Cc = 1.23 + 1.10 log Ct – 0.29 pHCaCl2 (n = 6, P = 0.001, F = 187, R2 = 0.992), 
log Cp = 1.13 + 0.60 log Ct – 0.36 log DOC – 0.05 log Ca (n = 6, P = 0.016, F = 
16.2, R2 = 0.802). 
 
3.2. Bioaccumulation 
All the animals survived the experiment in all test series. Animals from the culture 
contained on average (± SD) 75.4 ± 21.8 µg Cu g-1 dry body weight (n = 10). 
During the uptake and elimination phases, control animals kept in non-treated soil 
showed average copper levels ranging between 40.8 ± 35.2 and 88.3 ± 46.4 µg Cu 
g-1 dry body weight (n = 14) (Figure 1). At the two lower pH levels, no consistent 
trends of copper uptake or elimination in the control animals were seen with time, 
while at the highest pH level copper levels slightly increased with time over the 28-
day test period. In the two copper treatments, internal copper concentrations slowly 
increased with time up to the end of the uptake phase. After 14 days of exposure, 
copper concentrations in the animals did not reach steady state (equilibrium) 
except for the higher copper concentration at pH 5.5 which showed a slightly 
different pattern than other treatments. Three obvious outliers with values of 200, 
287, and 375 µg Cu g-1 dry body weight were removed at pH 5.5; this also 
improved the fit of the model. 
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Figure 1. Uptake and elimination kinetics of copper in Folsomia candida exposed to control soil (top) and to nominal concentrations of 25 (middle) and 100 
(bottom) µg Cu g-1 LUFA 2.2 soil at pH levels of 4.5 (left), 5.5 (middle), and 6.5 (right). Animals were exposed for 14 days to different copper concentrations 
followed by 14 days elimination in clean soils. Dots represent measured internal Cu concentrations. A first-order one-compartment model was fit to the data 

based on total soil concentrations using Equations (1) and (2). Kinetics parameters (uptake and elimination rate constants) for the accumulation of copper are 
shown in Table 2. 
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Table 2 shows the uptake rate constants at different pH levels and when 
expressing exposure concentrations on total copper concentrations in soil, on 
water or CaCl2 extractable concentrations, and on concentrations in pore water. 
The values for k1 were higher at lower compared to the higher copper 
concentrations. When related to total soil concentration, k1 values were between 
0.02 to 0.17 gsoil ganimal-1 d-1 (Table 2). The uptake rate constants related to total 
soil concentrations did not differ significantly among different pH-amended soils, 
neither for the higher copper concentration (χ2 = 4.40, d f= 2, P > 0.05) nor for the 
lower exposure level (χ2 = 0.28, df = 2, P > 0.05).  
When related to water extractable concentrations, uptake rate constants were 
between 7.28 and 48.8 gsoil ganimal-1 d-1 and for CaCl2 extracts between 6.30 and 
97.6 gsoil ganimal-1 d-1 in CaCl2 extracts. For pore water, k1 values were most 
constant and varied between 0.012 and 0.051 L ganimal-1 d-1. There was only a 
significant difference between uptake rate constants based on CaCl2 extracts 
among different pH-amended soils at the higher copper concentration (χ2 = 10.50, 
df = 2, P < 0.05), with k1 being higher at pH 6.5 compared to the lower pH levels. 
Elimination (Figure 1) was slow in most cases. At pH 5.5 and the highest exposure 
level, faster elimination of copper was seen compared to all other treatments (k2 
value of 0.203). The values were very low for both copper concentrations at pH 4.5 
and the higher copper concentrations at pH 6.5 (< 0.001, Table 2).  
It should be noted that in all cases accumulation of copper in the animals remained 
limited; internal concentrations did not increase beyond 185 µg Cu g-1 dry body 
weight (except for the three outliers mentioned above).  
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Table 2. Uptake (k1) and elimination rate (k2) constants for the accumulation of 
copper in Folsomia candida exposed to two different copper concentrations at 

three different pH levels in LUFA 2.2 soil 
Nominal Cu 

concentratio

ns (µg Cu g-1 

dry soil) 

pH  Uptake rate 

relative to total soil 

copper  

k1 (gsoil ganimal -1 d-1) 

k2 (d-1) Uptake rate 

relative to water 

extractable copper 

k1 (gsoil ganimal -1 d-1) 

Uptake rate relative 

to CaCl2 extractable 

copper 

k1 (gsoil ganimal -1 d-1) 

Uptake rate 

relative to 

porewater copper  

k1 (L ganimal-1 d-1) 

25 4.5 0.11 <0.001 27.5 46.7 0.041 

100 4.5 0.02 <0.001 7.3 6.3 0.012 

25 5.5 0.14 0.051 18.9 44.0 0.040 

100 5.5 0.09 0.203 22.2 25.9 0.036 

25 6.5 0.17 0.040 48.8 97.6 0.051 

100 6.5 0.04 <0.001 14.7 26.3 0.024 

Animals were exposed for 14 days (uptake phase) followed by 14 days elimination phase. Values of k1 

and k2 were obtained by fitting a first-order one-compartment model to the data (see Figure 1) and 
expressing exposure levels on the basis of total copper concentration in soil (µg Cu g-1), on the basis of 
water or 0.01 M CaCl2 extractable concentrations (µg Cu g-1) or as concentrations in pore water (µg Cu 
L-1). 

 
3.3. The relationship between kinetics parameters and pH levels  
Regressions between estimated uptake rate constants and pH levels and other soil 
properties are summarized in Table 3. In case of total soil concentrations, soil pH 
(measured in water and CaCl2 extracts) only had a significant effect on the uptake 
rate constant (k1) when the effect of CEC was included. Using the same soil (LUFA 
2.2) for all treatments, organic carbon content was the same for all soils with 
different pH levels and therefore was not taken into account for data analysis.  
Also, when water and CaCl2 extractable copper concentrations were used, the 
effect of pH on the uptake rates was significant only when CEC was taken into 
account as well. The effects of pHH2O and pHCaCl2 on uptake rates were similar and 
did not change the regression. 
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When based on copper concentrations in pore water, DOC and pH together had 
significant effects on uptake rates and the same effects were seen by adding 
calcium concentrations to the regression (Table 3).   

 
Table 3. Simple and stepwise linear regression analysis for the effects of pH on 

copper uptake kinetics in Folsomia candida after exposure to concentrations of 25 
and 100 µg Cu g-1 dry LUFA 2.2 soil 

Copper concentrations Regression equation Statistics 

Total soil concentration log k1t = - 1.63 + 0.09 pHCaCl2 Not significant 
 log k1t = 0.68 pHH2O - 6.54 log CEC P = 0.005, F = 26.231, R2 = 0.929 

 log k1t = 0.30 pHCaCl2 - 3.43 log CEC P = 0.007, F = 22.717, R2 = 0.919 

   

Water extractable 
concentration 

log k1w = - 0.11 + 0.23 pHH2O Not significant 

 log k1w = 0.20 pHH2O + 0.09 log CEC P = 0.001, F = 70.132, R2 = 0.972 
 log k1w = 0.07 pHCaCl2 + 1.10 log CEC 

  
P = 0.001, F = 68.006, R2 = 0.971 
 

CaCl2 extractable 
concentration 

log k1c = - 0.08 + 0.28 pHCaCl2 Not significant 

 log k1c = 0.44 pHH2O - 1.56 log CEC P = 0.002, F = 48.544, R2 = 0.960 
 log k1c = 0.22 pHCaCl2 + 0.32 log CEC 

 
P = 0.002, F = 46.053, R2 = 0.958 
 

Porewater concentration log k1p = - 2.39 + 0.14 pHH2O Not significant 

 log k1p = 0.41 pHH2O - 2.03 log DOC P < 0.001, F = 271.242, R2 = 0.993 

 log k1p = 0.41 pHH2O - 1.98 log DOC - 0.02 log [Ca] 
log k1p = - 2.03 + 0.09 pHCaCl2 
log k1p = 0.29 pHCaCl2 - 1.56 log DOC  

P = 0.001, F = 135.688, R2 = 0.993 
Not significant  
P < 0.001, F = 201.801, R2 = 0.990 

 log k1p = 0.25 pHCaCl2 - 1.04 log DOC - 0.35 log [Ca] P = 0.001, F = 114.127, R2 = 0.991 

Data were log transformed except for soil pH. Animals were exposed for 14 days followed by 14 days 

elimination in clean soil. Values of k1 were obtained by fitting a first-order one-compartment model to 

the data (see Figure 1, Table 2). Copper concentrations in soil (t), and water (w) or 0.01 M CaCl2 

extractable concentrations (c) or Cu concentrations in pore water (p) (Table 1) were used in regression 

analysis. Cation exchange capacity (CEC), dissolved organic carbon in porewater samples (DOC), and 

calcium concentrations in pore water (Ca) were also used in regression equations. 
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4. Discussion 
4.1. pH and copper availability 
In this study, soil pH was studied as an important factor affecting bioavailability of 
copper in soil. The effect of pH was obvious from the lower available 
concentrations of copper at the highest pH compared to the lower two pH levels as 
shown by the different extractable fractions (Table 1). The copper availability at the 
two lower pH levels was quite similar, which can be explained from the fact that 
measured pH levels were less different from each other than expected. In spite of 
the reduced copper levels in the pore water, the different pH and copper levels in 
the soil did not have a great effect on total copper levels in the animals, so 
bioavailability seemed not different between the different treatments.  
Earlier studies showed that pH, through its effect on chemical availability also may 
have a strong influence on the uptake of metals by soil organisms such as 
earthworms and springtails (Van Gestel and Mol, 2003; Nahmani et al., 2007, 
2009; Diez Ortiz et al., 2010). This was confirmed by Crommentuijn et al. (1997) 
showing lower toxicity and uptake of cadmium in F. candida at higher soil pH 
levels. Diez Ortiz et al. (2010) showed that increasing soil organic matter contents 
also lowered molybdenum uptake rates in earthworms. However, Vijver et al. 
(2001) could not demonstrate an effect of soil properties on the uptake of copper 
and zinc in F. candida exposed to artificial and field soils.  
Higher cadmium accumulation at low pH was found in the earthworm Lumbricus 
rubellus (Ma et al., 1983). This could be due to increased cadmium concentrations 
in soil solution at decreasing pH (Bur et al., 2010). Nahmani et al. (2007) reported 
that at lower pH levels, sorption of metal ions to soil particles decreases, and 
competition between free metal ions and other cations (like protons) in solution 
increases, thereby increasing the metal concentration in soil solution and 
consequently increasing metal availability to earthworms. At higher pH levels the 
reverse effects occur (Nahmani et al., 2007). In addition, the soil solution is 
suggested to be the main source of metal accumulation and metal bioavailability is 
related to direct diffusion in earthworms (Vijver et al., 2003). However, 
bioavailability of metals from soil solution may be different in semi-soft-bodied 
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species such as collembolans. This may explain the stronger correlation between 
metal uptake and the soil-solid sorption (and to a lesser extent to the pore water) 
compared to soft-bodied species like Oligochaetes and plants (Vijver et al., 2001).  
At higher pH, copper was less available to animals in both extractable fractions and 
pore water showing the effect of pH on the availability of copper. It should be 
mentioned that calcium concentrations in pore water were high at pH 6.5 (Table 1), 
which could be one of the reasons for lower availability of copper due to the 
competition of calcium with copper ions for uptake in the animals. The lower 
availability may also be attributed to the higher DOC at higher pH. A higher 
concentration of DOC at higher pH has also been reported by Impellitteri et al. 
(2002). When DOC is present in solution, most of the Cu in soil solution probably 
was bound to it (Temminghoff et al., 1997). Previous studies showed that 
increasing organic matter content decreased metal accumulation in earthworms in 
soil by complexation and reducing metal availability (Ma et al., 1983; Corp and 
Morgan, 1991).  
In the present study also higher calcium concentrations were measured at the 
lower soil pH levels. This could have reduced copper uptake because of the excess 
of cations (Ca2+ and H+) at low pH. Both findings are in agreement with the general 
BLM framework, which implies that competition with other cations can reduce the 
binding of the free copper ion to the biotic ligand and therefore reduce its uptake in 
soil organisms (see e.g., Thakali et al., 2006a, b; Lock et al., 2007a). So, the 
absence of a difference in copper uptake at different soil pH could be due to the 
counteracting influence of pH and calcium and DOC levels in pore water on 
sorption and bioaccumulation in the collembolans. It does however, not explain 
why the animals did not show higher copper uptake at higher copper exposure 
levels in the soil. 
 
4.2. Kinetics 
Our results showed a large variation in internal copper concentrations. Such 
variation has also been observed in other studies with different test species 
(Heikens et al., 2001; Spurgeon et al., 2012; Grzes, 2012), and seems intrinsic to 
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soil invertebrates. It probably cannot be compensated by using more replicates, or 
in our case, more observations in time. Uptake rate constants could still be 
estimated by our regression approach which used the data from the complete 
uptake and elimination phases to fit the model. The two rate constants estimated in 
this way represent an average value for the whole experiment, and may provide 
some insight into the relationship between the bioavailability of copper and pH and 
other physical-chemical soil characteristics.  
A slow uptake of copper with low elimination rate constants was seen in the 
present study in F. candida (Figure 1, Table 2). For earthworms, a fast uptake of 
copper and zinc, both essential elements, was reported (Spurgeon and Hopkin, 
1999; Peijnenburg et al., 1999a). The difference between exposure conditions and 
test organisms may explain this difference. In line with this study, Nahmani et al. 
(2009) showed slow uptake of essential metals in the earthworm E. fetida. They 
concluded that in the case of zinc, the slow uptake rate may be due to the relatively 
low available zinc concentrations in the different polluted soils tested. Slow uptake 
rate of copper was also seen in the study of Marinussen et al. (1997a) exposing the 
earthworm Dendrobaena veneta to copper in the field soils. The more or less 
constant copper concentrations in the animals kept at different pH levels in non-
treated control soils showed that there was no additional uptake of copper from 
soil. Therefore, the increase in copper-treated soils has to be attributed to copper 
accumulation above normal background levels. It should however, also be noted 
that k1 values did not differ between the different pH levels tested. This suggests 
absence of a clear effect of pH on copper uptake. Only when k1 were related to 
0.01 M CaCl2 extractable copper concentrations in soil, there was a significant 
difference suggesting that a high pH may enhance copper uptake in the animals. 
This was, however, only seen at the higher copper exposure level. These findings 
suggest that copper is subject to homeostatic regulation also in the collembolan F. 
candida. 
Steady state was only seen after 14 day exposure at pH 5.5 at the higher copper 
concentration. Other studies showed fast uptake for copper in earthworms leading 
to steady state within a few days after exposure (Peijnenburg et al., 1999a; 
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Spurgeon and Hopkin, 1999). These studies mentioned that the initial fast 
accumulation followed by equilibrium in case of essential metals could be due to 
their metabolic function. The steady state concentrations calculated from the 
kinetics parameters derived in the present study were very high, while the 
measured internal steady state copper concentration at pH 5.5 was approx. 100 µg 
Cu g-1 dry body weight. The copper concentrations in the animals at all three pH 
levels and both exposure levels however, were quite similar and ranged between 
40 and 185 µg Cu g-1 dry body weight, suggesting regulatory processes in addition 
to exposure-dependent uptake kinetics (see below).  
Elimination rate constants have been shown to relate more to the physiology of 
organisms than to soil properties (Nahmani et al., 2009; Diez Ortiz et al., 2010). 
There are no data available on F. candida in the literature to compare the 
elimination rates of copper. Similar to the present study, low copper elimination 
rates were shown in the earthworm (E. fetida) in some soils (Nahmani et al., 2009). 
However, rapid elimination was reported for earthworms exposed to copper in field 
soils (Spurgeon and Hopkin, 1999). The difference between test organisms and 
experimental conditions may be the reason for different copper elimination patterns 
found in the present study.  
 
4.3. Internal mechanisms  
Histological studies showed that non-essential metals in invertebrates are 
detoxified by storage rather than by excretion (Cancio et al., 1995; Morgan et al., 
1995). If metals are detoxified primarily by excretion, body concentrations should 
decrease when previously exposed individuals are transferred to a clean 
environment. However, if an element is bound to an inorganic matrix or to organic 
ligands, metal levels may remain constant, even after exposure has ceased. The 
high elimination rates found for copper and zinc in the earthworms (Spurgeon and 
Hopkin, 1999) and for cadmium in Orchesella cincta (Janssen et al., 1991) indicate 
that these metals are detoxified primarily by excretion. However, this was different 
in case of F. candida exposed to copper.  
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In the present study, F. candida seemed to be able to limit accumulation of copper 
at both high and low copper exposure levels (Figure 1). Internal copper 
concentrations were always lower than 200 µg Cu g-1 and ranged between 40 and 
185 µg Cu g-1 dry body weight (except for a few outliers). This suggests that F. 
candida partly regulates its internal copper concentrations, which is in line with 
Vijver et al. (2001) who suggested that this animal can maintain both copper and 
zinc internal concentrations at a fairly constant level up to 28 days exposure when 
exposed to these metals in artificial soil. They suggested that F. candida has a 
strong homeostasis mechanism for these essential metals. This is also in 
agreement with Depledge and Rainbow (1990) who showed that internal 
concentrations of essential metals are expected to be regulated at a more or less 
constant level. However, our study shows that despite such regulatory processes, 
the body burden of copper did increase when the animal was exposed to external 
copper above the level in clean soils and decreased again in clean soil indicating 
that the regulation is not complete. 
Copper and zinc, being essential metals, can be regulated to a certain degree by 
several species, causing a quite constant internal concentration when exposed to 
these metals in a range of soil concentrations (Beyer et al., 1985; Morgan and 
Morgan, 1988; Van Gestel et al., 1993). Body concentrations of zinc were constant 
over a range of soil concentrations among several species of Arthropoda and 
Annelida (Heikens et al., 2001) and in ants (Grzes, 2012), both in the field. In 
different species of Collembola, internal zinc concentrations increased only slightly 
and remained within an order of magnitude at soil or food concentrations of 10 to 
1000 µg Zn g-1 dry soil (Posthuma et al., 1992; Janssen and Hogervorst, 1993; 
Smit and van Gestel, 1997; Heikens et al., 2001). Accumulation patterns of 
essential metals seem more related to the organisms’ physiology than to the effect 
of soil characteristics on the bioavailability of these metals (Heikens et al., 2001).  
The presence of copper regulation in soil invertebrates has been found before (Van 
Straalen et al., 1987). For instance, copper was shown to be regulated in F. 
candida at low copper exposure levels (Bruus Pedersen et al., 1997) and also 
when exposed to field and artificial soils (Vijver et al., 2001). In the latter study, soil 
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copper concentrations higher than 75 to 100 µg Cu g-1 (critical copper exposure 
levels) could no longer be regulated in the animals. This contradicts our results 
where limited accumulation was even found at a high copper level (100 µg Cu g-1 
dry soil), which might be explained from a difference in bioavailability of copper 
related to different soil properties and experimental conditions. 
An amount of 26.3 µg Cu g-1 dry body weight was estimated to be required for 
enzymatic activities in aquatic molluscs and crustaceans (White and Rainbow, 
1985; Rainbow, 2007). Another estimated 57.4, 65.5, and 125.0 µg Cu g-1 dry body 
weight is needed for maintaining haemocyanin or blood proteins for decapod 
crustaceans, cephalopod molluscs, and gastropod molluscs, respectively. In the 
present study, the average initial body concentration of 40 to 90 µg Cu g-1 dry body 
weight was in the line with the values given by Rainbow (2007). 
There are several ways by which an organism regulates the metabolically available 
metal level in its body. Enhancing metal excretion, impairment of metal uptake, and 
storing excess metal in a non-toxic form till it is required are the examples of the 
regulatory mechanisms reported for different species (Depledge and Rainbow, 
1990). These regulatory mechanisms may need sensor or feedback mechanisms. 
In an aquatic polychaete, however, indirect evidence was found that copper uptake 
is not controlled and excess copper is stored in membrane-bound vesicles. 
Therefore, this species has a metal-handling capacity (Bryan, 1976). Different 
metals had a distinct distribution through earthworm bodies where sequestration in 
the chloragogenous tissue plays an important role (especially for detoxifying 
cadmium), resulting in different tissue accumulation (Morgan and Morgan, 1990). 
Some special tissues (midgut glands, digestive glands, etc.) can be temporary or 
permanent storage sites to detoxify excess essential metals (Depledge and 
Rainbow, 1990). These and other mechanisms may be responsible for the high 
variation in internal copper concentrations found in the springtails in the present 
study.  
In our study, the internal concentration generally was higher at the end of the 
elimination phase than at the beginning of uptake phase which can be attributed to 
the detoxification of copper inside the body by storage. It can be concluded that 
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when F. candida is exposed to concentrations of 25 and 100 µg Cu g-1 dry soil, 
copper will be taken up and stored to fulfil metabolic requirements. There is still no 
clear indication of the mechanisms of detoxification of copper in F. candida. In a 
recent study, some Cu2+ binding proteins (e.g., hexamerin 1) were suggested 
based on the gene expression patterns seen in copper-exposed animals, but they 
were not related with copper detoxification in F. candida (Nota et al., 2010). In 
another study, using a gene enrichment analysis, few genes were identified that 
indicated the presence of copper-binding proteins which may act similar to 
metallothioneins. Due to the low soil copper concentrations and the low number of 
genes identified, no definitive conclusion on the role in copper regulation or 
detoxicification in F. candida was possible (De Boer et al., 2012). Further research 
is needed to unravel the internal mechanism of copper regulation in F. candida.  
 
5. Conclusions 
We studied soil pH as one of the important soil properties affecting bioavailability of 
copper. Quantitative relationships for copper uptake rates into the collembolan F. 
candida as a function of pH, CEC, dissolved calcium and DOC in pore water 
showed that bioavailability of soil-bound copper is low and is only slightly 
influenced by soil factors. Elimination rate constants were independent of soil 
characteristics. Copper concentrations in the animals however, were never higher 
than 185 µg g-1 dry weight, independent of exposure level and pH, suggesting 
homeostatic regulation. These results show that the chemical composition of the 
pore water does affect bioavailability of copper in soil, but that copper uptake in 
collembolans is dominated by homeostatic regulation rather than by soil properties 
like pH. 
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Using a toxicokinetics approach to explain the effect of soil pH on 
cadmium bioavailability to Folsomia candida  

 
 
Abstract 
The aim of this study was to improve our understanding of metal bioavailability in 
soil by linking the biotic ligand approach with toxicokinetics modeling. We 
determined cadmium bioaccumulation kinetics in Folsomia candida (Collembola) 
as a function of soil pH. Animals were exposed for 21 days to LUFA 2.2 soil at 5 or 
20 µg Cd g-1 dry soil followed by 21 days elimination in clean soil. Internal cadmium 
concentrations were modelled using a first-order one-compartment model, relating 
uptake rate constants (k1) to total soil, water or 0.01 M CaCl2 extractable and 
porewater concentrations. Based on total soil concentrations, k1 was independent 
of soil pH while it strongly increased with increasing pH based on porewater 
concentrations explaining the reduced competition of H+ ions making cadmium 
more bioavailable in pore water at high pH. This shows that the principles of biotic 
ligand modeling are applicable to predict cadmium accumulation kinetics in soil-
living invertebrates. 
 
 
 
 
 
Masoud M. Ardestani and Cornelis A. M. van Gestel 
Environmental Pollution (2013), 180: 122–130  
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1. Introduction 
Environmental pollution is a serious worldwide problem in which metals play an 
important role. Due to anthropogenic activities such as mining, industrialization, 
and farming, metals are widely spread into the environment (Carpene et al., 2006). 
Cadmium is one of the trace elements classified as potentially hazardous since it is 
known for its high toxicity to humans, animals, plants, and microorganisms. 
Therefore, a proper risk assessment of the effect of cadmium is needed. In this 
paper we focus on cadmium in soil, as the soil is an important sink for trace metals. 
Based on the soil porewater hypothesis, not the soil itself but the soil solution is the 
main medium of exposure of organisms to metals (Van Gestel, 1997). For a better 
understanding of the toxic effect of metals on soil organisms, therefore, the 
relationship between the effects of a metal and its bioavailability in pore water is 
studied. Bioavailability of metals can be predicted by the amount of the metal taken 
up by the organism and is considered a dynamic process (Peijnenburg et al., 
1999a; Van Straalen et al., 2005). In the process of dynamic bioavailability, metals 
should be released from the soil solid phase into the soil solution, taken up by the 
soil organism, and distributed throughout the body (Hamelink et al., 1994). Different 
soil properties, of which pH is a very important one, can influence on each of these 
dynamic processes and therefore affect bioavailability of metals (Sauvé et al., 
2000a, b; Peijnenburg et al., 2000).  
According to the free ion activity model (FIAM), the free metal ion is responsible for 
causing toxicity to the organism (Campbell, 1995). The presence of protons in the 
solution can be an important factor changing the availability of free metal ions and 
affecting its accumulation. This notion of other cations competing with the free 
metal ions to bind to the binding sites (biotic ligands) on the organisms is 
introduced in the biotic ligand models (BLMs) (Di Toro et al., 2001; Santore et al., 
2002). Since pH also relates to the presence of a cation (H+), the effect of pH may 
also be captured by a BLM approach. 
A toxicokinetics approach can explain the process of bioavailability better than 
equilibrium theory. The latter focuses on the stationary distribution of elements 
between environmental and biological compartments, rather than on the rate 
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processes underlying such distribution (Van Straalen et al., 2005). A toxicokinetics 
approach may particularly provide a better indication of actual internal 
concentrations of metals in terrestrial invertebrates which do not reach steady state 
in a short time, such as cadmium in earthworms (Sheppard et al., 1997), oribatid 
mites, and pseudoscorpions (Janssen et al., 1991). In kinetics studies, chemical 
uptake and metabolism are integrated over the duration of the exposure period 
(Lanno et al., 2004). Toxicokinetics studies therefore can provide a mechanistic 
understanding of the processes of uptake, elimination, and internal distribution of 
metals in soil organisms. 
Toxicokinetics of cadmium to soil organisms have been investigated by various 
authors (Janssen et al., 1991; Van Gestel et al., 1993; Neuhauser et al., 1995; 
Peijnenburg et al., 1999a; Spurgeon and Hopkin, 1999; Conder et al., 2002; Van 
Straalen et al., 2005; Vijver et al., 2005; Nahmani et al., 2007, 2009; Smith et al., 
2010a), looking at the uptake and elimination phases and estimating kinetics 
parameters. Most toxicokinetics studies have been performed on earthworms as a 
common biomonitor for evaluating the importance of metal accumulation (Morgan 
and Morgan, 1988; Cortet et al., 1999; Carpene et al., 2006). However, soil 
arthropods are much more abundant in soil ecosystems with collembolans 
representing an important group of soil-dwelling species (Fountain and Hopkin, 
2005; Van Gestel, 2012). 
The springtail Folsomia candida (Collembola, Isotomidae) has been widely used in 
soil toxicity tests, however, few uptake and elimination studies of metals in F. 
candida have been done before (Vijver et al., 2001; Ardestani and van Gestel, 
2013a). Different factors such as soil characteristics and metal type led to different 
accumulation patterns in this organism (Vijver et al., 2001). In the latter study, 
cadmium uptake kinetics was investigated in F. candida, but it did not include the 
assessment of elimination kinetics.  
The objective of this study was to contribute to bioavailability theory by linking biotic 
ligand modeling with toxicokinetics. We assessed the effect of soil pH on the 
uptake and elimination of cadmium in F. candida. Bioaccumulation of cadmium was 
related to soil properties considering total soil, water or 0.01 M CaCl2 extractable, 
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and porewater concentrations. A BLM approach was used to evaluate the effect of 
pH from the perspective of a possible competition between protons and the free 
cadmium ions in the soil solution.  
 
2. Materials and methods 
2.1. Soils 
Test soil was standardized natural LUFA 2.2 (Speyer, Germany), a loamy sand soil 
with pH of 5.5 (in 0.01 M CaCl2), water holding capacity (WHC) of 45.2%, cation 
exchange capacity (CEC) of 10.0 cmol kg-1 soil, and total organic carbon content of 
1.93%. Soils were oven-dried overnight at 50 °C before spiking the soil.  
Nominal soil pHCaCl2 values of 4.5, 5.5, and 6.5 were obtained by adding 
predetermined amounts of calcium carbonate (CaCO3, 99% pure, Sigma-Aldrich 
GmbH) or hydrochloric acid (HCl, 37% p.a., Sigma-Aldrich, GmbH) to the soils at 
the same time cadmium solution was added. Actual pH values were measured 
after equilibration (see below). 
Soils were spiked with an aqueous solution of cadmium nitrate (Cd(NO3)2 x 4H2O, 
99% pure, Sigma-Aldrich GmbH) dissolved in deionised water to obtain the desired 
cadmium concentrations and mixed thoroughly to homogenize the test soils. The 
selected nominal cadmium concentrations were 5 and 20 µg Cd g-1 soil. Non-
spiked soil was used as control by adding sufficient deionised water to reach 50% 
WHC. The concentrations were below the reported EC10 and EC50 values of 6-19 
and 40-90 µg g-1 dry soil, respectively (Van Gestel and van Diepen, 1997; Van 
Gestel and Hensbergen, 1997; Van Gestel and Mol, 2003) for the effect of 
cadmium on F. candida reproduction in artificial and natural soils after 4-6 weeks 
exposure. Sufficient cadmium solution was added to obtain the required moisture 
content of 22.5% w/w (corresponding to 50% of the WHC).  
For reaching equilibrium between pore water and soil, cadmium-amended and pH-
adjusted soils for each treatment were kept for 2 weeks at 20 °C (75% relative 
humidity) in sealed plastic containers before starting the exposures. To aerate and 
compensate for moisture loss, the containers were checked by weighing at the 
beginning and after the equilibration, and deionised water was added if needed. 
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After this period, test soils were transferred to 100 mL glass jars with plastic screw 
lids. Similar procedures were used for preparing clean LUFA 2.2 soils. To each 
glass jar, 20 g moist soil was added. Since we believe that a regression-based 
analysis of toxicokinetics data replication in time is more important than having 
many replicates per sampling, we used two replicate test jars for each treatment 
(cadmium concentration including controls, pH) and sampling time. Five additional 
glass jars were prepared for soil analyses and pH measurements. 
 
2.2. Test organism  
Folsomia candida (Collembola, Isotomidae) were cultured on a moist substrate of 
plaster of Paris with charcoal and fed twice a week with dry baker’s yeast granules 
(Dr. Oetker). The stock container was moistened with deionised water twice a week 
following ISO guideline 11267 (ISO, 1999). The animals were from the 
parthenogenetic ‘Berlin strain’ which had been maintained at VU University, 
Amsterdam for more than 10 years. For the experiment, age-synchronized animals 
were used. Adult springtails were placed in freshly prepared small containers for 2 
days to lay eggs at 20 °C and 75% relative humidity (12:12h, dark:light regime). 
After removing the adult animals and hatching of the eggs approx. ten days later, 
animals were fed once or twice a week with dry yeast and incubated at the same 
conditions. Twenty-day (± 2 day) old animals were used for the experiments. 
 
2.3. Test procedure 
A bioaccumulation kinetics test was performed including a 21-day uptake phase 
followed by a 21-day elimination phase in clean soil. For each replicate, five 
healthy age-synchronized animals were introduced into each 100 mL glass jar with 
moist soil at the beginning of the uptake phase. One grain of dry baker’s yeast was 
added only at the beginning of the uptake phase. Animals were not fed during the 
experiment.  
For the uptake phase, animals were sampled at 0.25 (6 h), 1, 2, 4, 7, 10, 14, and 
21 days. Two replicates were considered for each sampling time, pH, and cadmium 
concentration. From each replicate, one animal was taken. Vijver et al. (2001) 
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showed that 21 days was sufficient for internal cadmium concentrations in F. 
candida to reach steady state. Prior to the first sampling in the uptake phase (day 
0), ten animals were sampled directly from the culture to measure the initial internal 
cadmium concentrations. 
At each sampling point, two 100 mL glass jars were sacrificed by adding approx. 
100 mL tap water and emptying in a small plastic container. Animals floated to the 
water surface and were collected with a small spoon. Then, animals were placed in 
a plastic container containing a bottom of plaster of Paris mixed with charcoal to 
remove surplus water. Subsequently, the animals (one from each replicate) were 
transferred to 1 mL eppendorf tubes and stored at -18 °C for later analysis.  
During the uptake phase, extra 100 mL glass jars with animals were maintained for 
the elimination phase. All glass jars were aerated twice a week during the uptake 
and elimination phases and weighed to replenish the loss of moisture. After 21 
days, all animals were transferred to similar replicate jars filled with 20 g of clean 
LUFA 2.2 soil with equivalent pH, which were prepared and equilibrated two weeks 
before the beginning of elimination phase. Also, these glass jars received one grain 
of dry baker’s yeast for food. Animals were sampled at 0.25 (6 h), 1, 2, 4, 7, 10, 14, 
and 21 days after the start of the elimination phase. 
The pH of soil samples was measured at the beginning and end of uptake and 
elimination phases. For that purpose, soils were shaken with 0.01 M CaCl2 or 
deionised water (1:5, soil:solution) for 2 hours at 200 rpm. The suspension was 
allowed to settle overnight. A Consort P907 pH meter was used to determine pH of 
the supernatant.  
 
2.4. Animal analysis 
Animals were freeze-dried for 2 days and then weighed using a micro balance 
(UMT2, Mettler Toledo) to measure dry weights. Animals were subsequently 
transferred to Pyrex tubes which were ultra cleaned by rinsing and boiling with a 
detergent, nitric acid (HNO3, 65% p.a., Sigma-Aldrich), ultra pure reagent nitric 
acid (HNO3 Ultrex II, 69%, J.T. Baker), and Milli-Q water. Internal cadmium 
concentrations were determined after digesting the animals with a 7:1 mixture of 
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ultrapure nitric acid (HNO3 Ultrex II, 69%, J.T. Baker) and perchloric acid (HClO4 
Ultrex II, 70%, J.T. Baker), using a graphite furnace atomic absorption 
spectrophotometer (AAS, Perkin Elmer 5100 PC). Detection limit was 0.003 µg L-1 
and cadmium concentrations in the animal digests were much higher than this 
level. 
Blank samples and reference material (Dolt-4, NRC-CNRC, Canada) was used for 
animal analysis to ensure the quality of the analytical process. Cadmium recoveries 
were always higher than 85% of the certified cadmium concentrations.  
 
2.5. Soil analysis 
Soil samples from the beginning and end of the uptake and elimination phases 
were dried at 50 °C for 24 hours. Two replicate jars were sampled for each 
cadmium concentration and pH treatment. Approx. 0.1 g of the soil samples were 
digested in tightly closed Teflon bombs using 2 mL of a mixture of 4:1 nitric acid 
(HNO3, 65% p.a., Sigma-Aldrich) and hydrochloric acid (HCl, 37% p.a., Sigma-
Aldrich). The bombs were transferred to an oven (CEM MDS 81-D) and heated for 
7 hours at 140 °C. After digestion, the samples were cooled down to room 
temperature and 8 mL deionised water was added. Subsequently, samples were 
analyzed by flame AAS (Perkin Elmer, AAnalyst 100) for total soil cadmium 
concentrations. As a certified reference material, ISI sample 989 of river clay 
(Wageningen, The Netherlands) was used. Cadmium concentrations were within 
15% of the certified value. 
After measuring pH, a membrane filter (0.45 µm, Ø47 mm, cellulose nitrate, 
Whatman®, GmbH) was used to filter water and 0.01 M CaCl2 extracts. Extracts 
were kept at 4 °C for analysis. Additional soil samples were saturated with 
deionised water to reach 100% WHC and equilibrated for 4 days at 20 °C and 75% 
relative humidity. To collect pore water, approx. 20 g of saturated soil were 
centrifuged using plastic bombs that contained one membrane filter (0.45 µm, Ø47 
mm, cellulose nitrate, Whatman®, GmbH) and two paper filters (Ø47 mm, 
Whatman™, UK) (method described by Hobbelen et al., 2004). A centrifuge (MSE 
Falcon 6/300 series, CFC Free) was employed to centrifuge samples for 45 min at 
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2000 g. Approximately 2 mL pore water was collected from each sample. Water 
and 0.01 M CaCl2 extracts and porewater samples were analyzed using graphite 
furnace AAS (Perkin Elmer 5100 PC). Blanks were always included to check for 
the accuracy of the procedures.  
Cation exchange capacity (CEC) of the test soils was determined using the silver-
thiourea method (Dohrmann, 2006). In brief, 1 g of soil sample was mixed with 25 
mL of silver nitrate and thiourea in tightly closed plastic tubes. The tubes were 
shaken for 3 hours at 200 rpm, subsequently centrifuged for 15 min at 3000 g and 
allowed to settle for 30 min. Solutions were analyzed for residual silver by flame 
AAS (Perkin Elmer, AAnalyst 100). Blanks and reference material (control LUFA 
2.2 soil) were included to check for the quality of the analysis.  
A TOC Analyzer (HiPerTOC of Thermo, type 2008.122, equipped with ThEuS 
software package, version 1.4 (0022)) was used to determine dissolved organic 
carbon (DOC) levels in porewater samples. Samples were acidified with nitric acid 
before analysis. In addition to blanks, three technical replicates were analyzed for 
each cadmium concentration (including blanks) and pH. Also, calcium 
concentrations in porewater samples were measured using flame AAS (Perkin 
Elmer, AAnalyst 100).  
 
2.6. Data analysis 
A first-order one-compartment model was applied to describe the uptake and 
elimination of cadmium in F. candida after exposure to contaminated and clean 
soils simultaneously (Atkins, 1969). The equation below was used for the uptake 
phase: 
 
Cinternal = C0 x e - k2 x t + (k1/k2) x Cexp x (1 – e - k2 x t) (0 ≤ t ≤ 21)  (1) 
 
In this equation, Cinternal is internal cadmium concentration at time t and C0 the initial 
cadmium concentration in the animals (µg Cd g-1 dry body weight), k1 is the uptake 
rate constant (gsoil ganimal-1 d-1), k2 is the elimination rate constant (d-1), Cexp is the 
measured cadmium concentration in soil (µg Cd g-1 dry soil), and t is time (days). 
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C0 is the average of 10 animal samples, and Cexp is the exposure concentration 
estimated as the average of measured cadmium concentrations in soil at the 
beginning and the end of the uptake phase. In case of water and 0.01 M CaCl2 
extractable concentrations, Cexp has the same unit as soil, but for porewater 
samples the unit is µg Cd L-1. In the latter case, the unit of k1 changes into L ganimal-

1 d-1. For the elimination phase, Equation (2) was applied to fit the model to the 
data: 
 
Cinternal = ({C0 x e - k2 x t + (k1/k2) x Cexp x (1 – e - k2 x t)} x e - k2 x (t-21)) + (k1/k2) x Cbg x 
(1 – e -k2 x (t-21)) (t > 21)  (2) 
 
In this equation, Cbg is the background cadmium concentration in the untreated 
control soil (0.1 µg Cd g-1 dry soil) or corresponding water or 0.01 M CaCl2 
extractable fractions or in pore water (see Table 2). 
Fitting Equations (1) and (2) separately to the data of the uptake and elimination 
phase, respectively, would yield two values for the elimination rate constant. 
Assuming the elimination rate constant should be the same throughout the test, we 
fitted both equations simultaneously to the data.  
A generalized likelihood ratio test was used to compare the uptake rate constants 
between pH levels for the same exposure concentration, for k1 values based on 
total soil, water or 0.01 M CaCl2 extractable and porewater concentrations, 
separately (Sokal and Rohlf, 1995). The k1 values were also pair-wise compared 
between lower and higher cadmium exposure concentrations at the different pH 
levels. 
The bioaccumulation factor (BAFs) was determined by dividing k1 by k2 based on 
total soil concentrations of cadmium. BAFw and BAFc were calculated in the same 
way, using k1 and k2 values based on water and 0.01 M CaCl2 extractable 
concentrations, respectively. BAFpw (L kg-1) for cadmium bioaccumulation from 
pore water was calculated by dividing k1 by k2 based on porewater concentrations. 
Steady state cadmium body concentrations (µg Cd g-1 dry body weight) were 
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calculated by multiplying BAFs with Cexp. Half-life of cadmium for the elimination 
phase was calculated as ln 2/k2 (days) (Atkins, 1969).  
Using the Visual Minteq program (Gustafsson, 2007), cadmium speciation in 
porewater samples was calculated. A multispecies Freundlich isotherm was used 
to describe the effects of calcium and H+ concentrations on cadmium 
concentrations at steady state based on the activity of free cadmium ion in pore 
water, following equation  
 
Css = kf x {Cd2+}a x {H+}b x {Ca2+}c  (3) 
  
or 
 
log Css = log kf + a x log {Cd2+} – b x pHH2O + c x log {Ca2+}  (4) 
 
where Css is cadmium concentration at steady state (mol kg-1 dry body weight), kf 
is the Freundlich constant (L kg-1), {Cd2+} is the free cadmium ion activity (mol L-1), 
{Ca2+} is the free calcium ion activity (mol L-1), and {H+} is the activity of protons in 
pore water (mol L-1). For estimating these cation activities, the pH measured in 
water extractable samples was used.  
A biotic ligand-based model approach was used to evaluate the competing effect of 
cations on the binding of the free cadmium ion to the biotic ligand (BL) sites in F. 
candida. This enabled estimating cadmium, calcium, and proton binding constants 
based on internal cadmium concentrations as described by Ardestani et al. 
(2013a). A full description of the model is given in Supporting Information. Non-
linear regression was used to estimate the model parameters. 
Simple and multiple linear regression analyses were then used to assess the 
effects of soil properties (pH, CEC, DOC, and calcium concentrations) on cadmium 
bioaccumulation kinetics. All analyses were run in SPSS package 15.0 for 
Windows (SPSS Inc., Chicago, Illinois, USA).   
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3. Results 
3.1. Soil properties 
Tables 1 and S1 (Supporting Information) show the physico-chemical properties of 
the test soils measured at the beginning and end of the experiment. CEC values 
ranged between 5.21 and 7.29 cmol kg-1 and were highest at pH 6.5. Calcium 
concentrations in pore water ranged between 281 and 483 mg L-1 and were lowest 
at pH 5.5 and highest at pH 4.5. DOC concentrations in pore water ranged 
between 69.0 and 130 mg L-1 and were highest at pH 6.5 (Table 1). 
Soil pH values decreased with time during the uptake and elimination phases, 
especially at the two lower pH levels. At the highest pH levels changes were minor 
(Tables 1 and S1). The pHH2O values ranged between 5.05 and 6.83 in the uptake 
phase and between 4.94 and 6.76 in the elimination phase at different cadmium/pH 
treatments (Table S1). The pHCaCl2 values were between 4.51 and 6.41 for the 
uptake phase and between 4.54 and 6.52 for the elimination phase (Tables 1 and 
S1). At the two lower soil pH levels, the measured pHCaCl2 values were quite similar 
to each other. Higher values were observed for the pHH2O than the pHCaCl2. In few 
cases, the pH values were slightly lower at higher compared to lower exposure 
concentrations. 
 
3.2. Cadmium concentrations in soil and soil extracts 
Measured cadmium concentrations in soil were similar to the nominal values for all 
treatments (Table 2). Soil concentrations ranged from 4.06 to 4.37 µg Cd g-1 for the 
lower cadmium treatment and from 17.1 to 18.2 µg Cd g-1 for the higher cadmium 
treatment. Cadmium concentrations did not differ between the beginning and the 
end of the uptake phase.  
Extractable concentrations of cadmium increased with increasing soil 
concentrations and were always higher in 0.01 M CaCl2 than in water extracts. For 
both cases, higher extractable cadmium concentrations were observed at pH 4.5 
and much lower concentrations at pH 6.5. In porewater samples, cadmium 
concentrations increased with increasing exposure concentrations and also 
increased with decreasing pH (Table 2).  
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 Table 1. Properties of LUFA 2.2 test soil (Speyer, Germany) and pore water 
measured in uptake and elimination tests with Folsomia candida exposed to 
cadmium concentrations of 5 and 20 µg Cd g-1 dry soil. Dissolved organic carbon 
(DOC) and Ca were measured in porewater samples. Ca concentrations were 
measured at the beginning of the uptake phase. Cation exchange capacity (CEC) 
and DOC are the mean of values measured at the beginning and the end of the 
uptake phase. The values in the parenthesis are ± SE (for CEC, n = 4; for DOC, n 
= 2). 

Nominal Cd 

(µg Cd g-1 dry soil)  

pHc CEC 

(cmol kg-1) 

Ca  

(mg L-1)  

DOC 

(mg L-1) 

pHCaCl2a pHCaCl2b 

 

0 4.5 5.21 (± 0.12) 480 69.0 (± 26.2) 5.21 4.61 

5 4.5 5.32 (± 0.17) 483 106 (± 20.0) 5.36 4.61 

20 4.5 5.54 (± 0.15) 475 112 (± 55.9) 5.60 4.51 

0 5.5 5.53 (± 0.11) 292 104 (± 10.4) 5.34 4.55 

5 5.5 5.26 (± 0.19) 281 98.2 (± 18.3) 5.34 4.66 

20 5.5 5.59 (± 0.11) 309 101 (± 20.7) 5.28 4.65 

0 6.5 7.24 (± 0.09) 316 130 (± 0.67) 6.33 6.41 

5 6.5 7.29 (± 0.04) 377 121 (± 25.8) 6.30 6.34 

20 6.5 6.98 (± 0.02) 346 130 (± 31.7) 6.15 6.32 

a Start of uptake phase 
b End of uptake phase 
c Nominal soil pH levels 

 

3.3. Cadmium bioaccumulation kinetics 
All animals were healthy and no adverse effects of cadmium treatments were 
observed. Internal cadmium concentrations in F. candida increased with increasing 
exposure concentrations at all pH levels. Similar accumulation patterns were 
observed when cadmium exposure was related to water or 0.01 M CaCl2 
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extractable and porewater concentrations. Figure 1 shows the bioaccumulation 
pattern at different soil cadmium concentrations and pH levels.  
Kinetic parameters for cadmium calculated using a first-order one-compartment 
model are given in Table 3. A fast uptake was observed in all cases (Figure 1) with 
uptake rate constants ranging between 0.33 and 0.99 gsoil ganimal-1 d-1 based on the 
total soil concentrations (Table 3). Uptake rate constants did not differ significantly 
among different pH-amended soils neither at high nor at low exposure levels (χ2 = 
0.04-2.30, df = 2, n.s.). 

 
Table 2. Measured cadmium concentrations in LUFA 2.2 soil, water or 0.01 M 
CaCl2 extractable fractions, and pore water during toxicokinetics studies with 

Folsomia candida. Animals were exposed to cadmium for 21 days in the uptake 
phase at nominal concentrations of 5 and 20 µg Cd g-1 dry LUFA 2.2 soil followed 

by a 21-day elimination phase in clean LUFA 2.2 soil. Measured cadmium 
concentrations are the mean of the values at the beginning and the end of the 
uptake phase. The values in the parenthesis are ± SE (n = 4 for soil; n = 2 for 

water, 0.01 M CaCl2 extractable, and pore water concentrations). 
Nominal Cd 

(µg Cd g-1 dry soil) 

pHa Soil  

(µg Cd g-1) 

Water  

(µg Cd g-1) 

0.01 M CaCl2 

 (µg Cd g-1) 

Pore water 

(µg Cd L-1) 

0 4.5 0.09 (± 0.01) 0.02 (± 0.01) 0.07 (± 0.01) 5.73 (± 1.48) 

5 4.5 4.35 (± 0.02) 0.08 (± 0.01) 0.82 (± 0.08) 295 (± 46.0) 

20 4.5 18.0 (± 0.60) 0.26 (± 0.02) 2.89 (± 0.03) 1250 (± 68.2) 

0 5.5 0.10 (± 0.01) 0.01 (< 0.01) 0.05 (± 0.01) 1.01 (± 0.72) 

5 5.5 4.37 (± 0.17) 0.04 (± 0.01) 0.55 (± 0.19) 62.3 (± 42.2) 

20 5.5 18.2 (± 0.54) 0.15 (± 0.04) 2.31 (± 0.95) 310 (± 217) 

0 6.5 0.09 (< 0.01) < 0.01 (< 0.01) < 0.01 (< 0.01) < 0.01 (< 0.01) 

5 6.5 4.06 (± 0.05) 0.01 (< 0.01) 0.06 (< 0.01) 6.98 (± 0.43) 

20 6.5 17.1 (± 0.57) 0.05 (< 0.01) 0.26 (± 0.02) 40.8 (± 2.83) 

a Nominal soil pH levels  
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Figure 1. Uptake and elimination kinetics of cadmium in Folsomia candida exposed 
to nominal cadmium concentrations of 5 (right) and 20 µg Cd g-1 dry LUFA 2.2 soil 
(left) at three soil pH levels. Uptake phase and elimination phases of 21 days each 
were applied. Internal cadmium concentrations were modelled using a first-order 

one-compartment model (Equations (1) and (2)). Estimated kinetics parameters are 
shown in Table 3.
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Uptake rate constants based on water or 0.01 M CaCl2 extractable concentrations 
ranged between 24.2 and 406 and between 2.14 and 65.0 gsoil ganimal-1 d-1, 
respectively with higher values at pH 6.5 (Supporting Information, Table S2). A 
significant difference was observed among k1 values for the different pH-amended 
soils based on water and 0.01 M CaCl2 extractable concentrations at high and low 
cadmium concentrations (χ2 = 11.43-25.42, df = 2, P < 0.005). Pair-wise analysis 
based on water extractable concentrations showed significant difference for k1 
values between pH 4.5 and 6.5, and between pH 4.5 and 5.5 (χ2 = 5.84-11.70, df = 
1, P < 0.05), but not between pH 5.5 and 6.5 (χ2 = 1.73, df = 1, n.s.) at the high 
exposure level. For the low cadmium exposure level, significant differences were 
observed between pH 4.5 and 6.5 and between pH 5.5 and 6.5 (χ2 = 9.55-17.97, df 
= 1, P < 0.005), but not between pH 4.5 and 5.5 (χ2 = 0.71, df = 1, n.s.).  
Pair-wise analysis based on 0.01 M CaCl2 extractable concentrations showed 
significant differences for k1 values between pH 4.5 and 6.5  and between pH 5.5 
and 6.5 (χ2 = 15.80-22.67, df = 1, P < 0.001), but not between pH 4.5 and 5.5 (χ2 = 
0.19-3.23, df = 1, n.s.) at both cadmium exposure levels. When values were 
calculated based on porewater concentrations, k1 ranged between 0.005 and 
0.581 L ganimal-1 d-1 and increased with increasing pH (Table 3). At both high and 
low cadmium concentrations, a significant difference was observed between k1 
values (χ2 = 29.28-36.72, df = 2, P < 0.001). Pair-wise analysis based on porewater 
concentrations showed significant differences for k1 values among the pH levels at 
the low and high cadmium concentrations (χ2 = 3.85-34.26, df = 1, P < 0.05).  
Comparing k1 values at each pH did not show significant differences between high 
and low cadmium exposure levels based on total soil, water or 0.01 M CaCl2 
extractable, and porewater concentrations (χ2 = 0.008-1.48, df = 1, n.s.). 
Internal cadmium concentration reached steady state levels between 8.77 and 46.8 
µg Cd g-1 dry body weight (Table 3). After 21 days exposure, steady state was 
almost reached in all cases (Figure 1). Steady state levels were higher at higher 
exposure concentrations and did not differ much among pH levels.  
After transferring F. candida to clean soil, internal cadmium concentrations 
generally decreased rapidly (Figure 1, Table 3) and reached the initial cadmium 
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level within approx. 10 days. However, in some treatments there were one or two 
outliers, representing animals that still contained high concentrations of cadmium at 
the end of the elimination phase. This might be due to a period of inactivity related 
to the molting cycle or other unknown biological factors beyond control of the 
experiments. Elimination rate constants ranged between 0.13 and 0.46 d-1 for 
different cadmium concentrations and pH levels and did not differ among 
treatments. The calculated half-life values for cadmium elimination ranged between 
1.5 and 5.3 days. 
Bioaccumulation factors (BAFs) varied between 2.16 and 3.05 when based on total 
soil cadmium concentrations (Table 3). BAFw and BAFc values based on water and 
0.01 M CaCl2 extractable cadmium concentrations were 158-902 (L kg-1) and 16.0-
144 (L kg-1), respectively, and increased with increasing pH (Table S2). BAFs 
values were higher at low exposure level, while BAFw and BAFc values were lower 
at the lower exposure concentration; this did not hold for the higher pH. BAFpw 
based on porewater concentrations (0.04-1.29 L kg-1) increased with increasing pH.  
 
3.4. Accumulation kinetics and soil properties 
Table 4 shows the relationship between cadmium bioaccumulation kinetics and 
physico-chemical characteristics of the test soils. Based on total soil 
concentrations, pH did not significantly affect cadmium uptake rate constant. 
Adding CEC improved the equation for pHCaCl2, but not for pHH2O. The effect of pH 
on BAF and steady state internal concentrations was only significant when CEC 
and measured soil concentrations were added to the equations.  
Based on water or 0.01 M CaCl2 extractable concentrations, pH alone did show a 
significant effect on the uptake rate constant, BAF or steady state internal 
concentrations in the animals. Other factors such as CEC and cadmium 
concentrations in water or CaCl2 extracts improved the regression (Supporting 
Information, Table S3).  
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Table 3. Cadmium uptake and elimination kinetics parameters in Folsomia candida exposed to nominal 
cadmium concentrations of 5 and 20 µg Cd g-1 dry LUFA 2.2 soil during the uptake phase (21 days) 

followed by an elimination phase (21 days) in clean LUFA 2.2 soil. Uptake and elimination rate 
constants (k1 and k2) were calculated applying a first-order one-compartment model (Equations (1) and 

(2)) to the measured internal cadmium concentrations as a function of time, using exposure 
concentrations based on either total soil (s), or porewater (pw) concentrations. Values for k2 values 

were the same when using exposure concentrations based on total soil and porewater concentrations. 
BAFs was obtained as k1/k2 for total soil concentrations and BAFpw as k1/k2 for porewater 

concentrations. Values in parentheses are 95% confidence intervals. The body concentration at steady 
state (Css) was calculated by multiplying BAFs values with measured soil concentrations. 

Nominal  

Cd  

(µg Cd g-1 dry soil) 

pH**  Total  

soil Cd 

k1  

(gsoil ganimal -1 d-1) 

k2  

(d-1) 

BAFs Pore water  

k1  

(L ganimal -1 d-1) 

 

BAFpw Css 

(µg Cd   

g-1dw) 

5 4.5 0.43a 0.14 3.05 0.006a 0.04 13.3 

  (0.06-0.81) (0.02-0.26)  (0.001-0.012)   

20 4.5 0.33A 0.13 2.60 0.005A 0.04 46.8 

  (0.13-0.54) (0.03-0.21)  (0.002-0.008)   

5 5.5 0.48a 0.17 2.88 0.035b 0.20 12.6 

  (0.07-0.89) (0.07-0.89)  (0.005-0.065)   

20 5.5 0.62A 0.24 2.55 0.036B 0.15 46.4 

  (0.22-1.03) (0.09-0.40)  (0.013-0.060)   

5 6.5 0.99a 0.46 2.16 0.581c 1.29 8.77 

  (-)* (-)*  (0.061-1.101)   

20 6.5 0.45A 0.20 2.24 0.196C 0.93 38.3 

  (0.17-0.73) (0.08-0.32)  (0.068-0.324)   

*Wide confidence intervals 
**Nominal soil pH levels 
a,b,c Different lower case letters show differences between k1 values for the lower exposure level, A,B,C 
different capital letters for showing the differences between k1 values at higher exposure level, following 
a generalized likelihood ratio test. Values are significantly different when χ2 > 3.84, df = 1 (P < 0.05). 
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When related to pore water, pH showed a significant effect on cadmium uptake 
kinetics parameters, while also DOC and calcium concentrations in pore water 
slightly affected these parameters (Table 4). Figure 2 shows that the bioavailability 
of cadmium decreased when the activity of protons increased (at low pH) in pore 
water. BAFpw{Cd2+} values (R2 = 0.80) showed similar correlation with pH compared 
to the BAFpw value based on total cadmium concentrations in pore water (R2 = 
0.89). 
Calculating cadmium speciation in porewater samples showed that the percentage 
of cadmium present in soil solution as free Cd2+ ions decreased from 65% at pH 
4.5 to 8% at pH 6.5. In addition, the percentage of cadmium complexed with DOC 
increased from 2% at low pH to 85% at pH 6.5. This confirms lower cadmium 
availability at higher pH. Calcium ion activities did not differ much among pH-
amended soils (Visual Minteq).  
Using the multispecies Freundlich isotherm (Equation (4)) to investigate the effect 
of pH on cadmium bioavailability in porewater samples showed a significant effect 
of pH on steady state cadmium concentrations in the animals (P < 0.01, F = 
43.888, R2 = 0.967), as follows 
 
log Css = – 2.07 (± 0.547) + 0.768 (± 0.083) log {Cd2+} – 1.40 (± 0.169) pHH2O 

  (5) 
 
Considering the activity of free calcium ions (calculated using Visual Minteq) in 
Equation (4), the effects of both pH and calcium on internal cadmium 
concentrations at steady state were significant (P < 0.05, F = 19.537, R2 = 0.967). 
 
log Css = – 2.01 (± 1.29) + 0.769 (± 0.101) log {Cd2+} – 1.40 (± 0.211) pHH2O + 
0.032 (± 0.582) log {Ca2+}  (6) 
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Table 4. The relationship between cadmium bioaccumulation kinetics and soil properties for Folsomia candida exposed to concentrations of 5 
and 20 µg Cd g-1 dry soil in LUFA 2.2 soil. Uptake and elimination phases were 21 days each. The values for k1 were obtained by fitting a first-
order one-compartment model to the data (see Figure 1, Table 3). Regression analysis was performed based on total soil (s), and porewater 

concentrations (pw) (Table 2). In case of pore water, DOC and calcium concentrations were added to the equations. 
Concentrations Regression  Statistics 

Total soil log k1s = - 1.20 + 0.16 pHCaCl2 Not significant 

 log k1s = - 0.99 pHCaCl2 + 6.98 log CEC P = 0.024, F = 10.824, R2 = 0.844 

 log BAFs = 0.29 pHCaCl2 - 1.64 log CEC P = 0.001, F = 56.519, R2 = 0.966 

 log BAFs = - 0.04 pHH2O + 0.84 log CEC P = 0.002, F = 49.444, R2 = 0.961 

 log CSS = - 0.09 pHCaCl2 + 2.39 log CEC P = 0.003, F = 32.875, R2 = 0.943 

 log CSS = 1.10 - 0.11 pHCaCl2 + 0.95 log Cs P < 0.001, F = 326.421, R2 = 0.995 

 log CSS = 1.08 + 0.05 pHCaCl2 - 1.16 log CEC + 0.96 log Cs P = 0.003, F = 335.224, R2 = 0.998 

Pore water  log k1pw = - 9.91 + 1.39 pHH2O P = 0.002, F = 52.695, R2 = 0.929 

 log k1pw = 2.15 pHCaCl2 - 6.67 log DOC P = 0.004, F = 28.519, R2 = 0.934 

 log k1pw = 0.63 + 2.19 pHH2O - 10.6 log DOC + 2.40 log [Ca] P = 0.024, F = 40.900, R2 = 0.984 

 log BAFpw = - 7.53 + 1.12 pHH2O P < 0.001, F = 132.170, R2 = 0.971 

 log BAFpw = 1.67 pHCaCl2 – 4.97 log DOC P = 0.015, F = 14.263, R2 = 0.877 

 log BAFpw = - 1.52 + 1.46 pHH2O - 4.90 log DOC + 0.74 log [Ca] P = 0.001, F = 794.162, R2 = 0.999 

 log CSS = - 5.64 + 0.87 pHH2O + 0.80 log Cpw P = 0.010, F = 30.339, R2 = 0.953 

 log CSS = 0.52 pHCaCl2 - 1.22 log DOC + 0.44 log Cpw P = 0.005, F = 44.677, R2 = 0.978 

 log CSS = 0.63 pHCaCl2 + 1.70 log DOC + 0.70 log Cpw - 2.79 log [Ca] P = 0.006, F = 179.415, R2 = 0.997 
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3.5. BLM parameters 
Using a one-species Langmuir isotherm (Supporting Information, Equation (S5)), a 
cadmium binding constant of 8.18 (log KCd-BL, L mol-1) and a [Cmax] of 0.0003 (mol 
kg-1 dry body weight) were calculated. The model fitted the data well (R2 = 0.62, P 
< 0.005). When including the effect of calcium on the accumulation of cadmium, 
binding constants of 6.66 and 2.04 were estimated for cadmium and calcium, 
respectively (Equation (S6)). The value for [Cmax] did not change and the fit was 
good (R2 = 0.66). A two-species Langmuir isotherm taking into account the 
competing effect of protons (Equation (S7)) did not fit well to the data. Fitting a 
three-species Langmuir isotherm to all data together (Equation (S8)), gave 
conditional binding constants of 6.44, 5.88, 2.00 for cadmium, protons, and 
calcium, respectively while [Cmax] remained constant (0.0004 mol kg-1 dry body 
weight) (R2 = 0.89).  
 

 

Figure 2. The relationship between cadmium BAFpw and pHH2O for Folsomia 
candida exposed for 21 days to cadmium in LUFA 2.2 soil (left, n = 6). The 
relationship between BAFpw and pHH2O was corrected for the activity of free 

cadmium ions (right, n = 6). The BAFpw{Cd2+} values were estimated by multiplying 
BAFpw values with the ratio Cdpw/{Cd2+}. Cdpw is cadmium concentrations in pore 
water (mol L-1) (Table 2), and {Cd2+} the activity of free Cd ions in pore water (mol 

L-1) calculated using Visual Minteq. 
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4. Discussion 
4.1. Cadmium toxicokinetics in Folsomia candida 
The present study showed rapid accumulation of cadmium with uptake rate 
constants based on total soil concentrations ranging between 0.33 and 0.99 gsoil 
ganimal-1 d-1 in F. candida. The rapid increase in cadmium internal concentrations 
(Figure 1) was contrary to the study of Vijver et al. (2001) in which slow uptake was 
reported in most of the test soils when F. candida was exposed to cadmium in 
different field soils for 28 days. In the latter study, the authors mentioned a linear 
increase of internal concentrations till the end of the uptake phase (four weeks), but 
no uptake rate constants were reported due to problems with fitting a model to the 
data. A fast uptake of cadmium has been reported for another collembolan species 
Orchesella cincta, with uptake rate constants of 0.026 gfood ganimal-1 d-1 (Janssen et 
al., 1991) and 0.043 gfood ganimal-1 d-1 (Posthuma et al., 1992); however, the animals 
were exposed to cadmium via food which cannot be compared with the soil 
exposure in the present study. Still, there may be a small chance for the animals to 
feed on fungi growing in the soil during the experiment, but this probably does not 
interfere with cadmium uptake through pore water.  
To our knowledge, there are no other studies on the uptake kinetics of cadmium in 
springtails to compare with the present study. However, cadmium kinetics has 
been studied in other soil organisms. Janssen et al. (1991) found fast uptake of 
cadmium with uptake rate constants of 0.028 to 0.059 gfood ganimal-1 d-1 for the 
carabid beetle Notiophilus biguttatus, the pseudoscorpion Neobisium muscorum, 
and the oribatid mite Platynothrus peltifer. Cadmium accumulation in earthworms 
has been determined in artificial and field soils (Neuhauser et al., 1995; 
Peijnenburg et al., 1999a; Spurgeon and Hopkin, 1999; Conder et al., 2002; Smith 
et al., 2010a). In these studies uptake rate constants between 0 and 0.89 gsoil 
ganimal-1 d-1 were reported. In other studies with earthworms, higher cadmium 
uptake rate constants of 0.022 to 4.92 gsoil ganimal-1 d-1 (Nahmani et al., 2009) were 
estimated. Thus, experimental conditions such as soil properties, exposure routes, 
and different test species can affect cadmium uptake kinetics.  
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In the present study, cadmium reached equilibrium levels (steady state) in F. 
candida after approx. 21 days of exposure. Vijver et al. (2001) reported that steady 
state for cadmium uptake in F. candida was reached within few days of exposure in 
four field soils when exposing collembolans to cadmium, while cadmium did not 
reach steady state in 12 other field soils and one artificial soil after 28 days. The 
authors mentioned that this variation in cadmium accumulation could be explained 
by differences in total metal pool among test soils. 
For earthworms, internal cadmium concentrations steadily increased with time 
upon exposure to cadmium in different soils and cadmium concentrations 
(Neuhauser et al., 1995; Sheppard et al., 1997; Peijnenburg et al., 1999a; 
Spurgeon and Hopkin, 1999; Heikens et al., 2001; Conder et al. 2002; Veltman et 
al., 2007; Smith et al., 2010a). However, internal cadmium concentrations showed 
to level off in Lumbricus rubellus (Marino and Morgan, 1999) and in Eisenia fetida 
(Maenpaa et al., 2002) exposed to contaminated field soils.  
The time to reach equilibrium generally depends on the rate of elimination (e.g., 
Janssen et al., 1991). In the present study, cadmium was eliminated very fast with 
k2 values of 0.13-0.46 d-1 (corresponding with half-lives of 1.5-5.3 days) in the 
different pH-amended soils. For the springtail species O. cincta, fast excretion of 
cadmium was found with elimination rate constants of 0.061 (Van Straalen et al., 
1987), 0.076 (Posthuma et al., 1992), and 0.087 d-1 (Janssen et al., 1991). 
Elimination rate constants of 0.375, 0.013, and < 0.001 d-1 have been reported for 
N. biguttatus, P. peltifer, and N. muscorum, respectively (Janssen et al., 1991). 
Slow or negligible elimination of cadmium with elimination rate constants between 
zero and 0.078 d-1 has been found for several earthworm species (Neuhauser et 
al., 1995; Sheppard et al., 1997; Spurgeon and Hopkin, 1999; Lock and Janssen, 
2001a; Veltman et al., 2007; Smith et al., 2010a). This explains the absence of a 
steady state or equilibrium in these studies. The rapid decrease of cadmium body 
concentrations in the present study after transferring animals to clean soils 
suggests possible excretion in F. candida. The ventral tube is playing an important 
role in the uptake of metals in F. candida (Fountain and Hopkin, 2005), probably by 
taking up water which is transported to the mouth, where it may be ingested. So, in 
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the end metal taken up will be stored in the gut epithelium, which is an important 
site for metal storage in Collembola (Posthuma et al., 1992). Detoxification and 
elimination of cadmium by excretion in the collembolan, O. cincta mainly occurs by 
renewal of the mid-gut epithelium during molting (Van Straalen et al., 1987; 
Posthuma et al., 1992). This mechanism of holocrine excretion probably also 
explains the fast elimination of cadmium by F. candida, although a role of apocrine 
excretion in between molts cannot be excluded. 
  
4.2. Soil properties and bioavailability  
Soil pH alone did not influence cadmium kinetics in F. candida in the present study 
(Table 3). On the other hand, cadmium availability was affected by pH due to the 
increased competition of protons with free cadmium ions to bind to the soil 
particles, leading to higher porewater concentrations at lower pH (Table 2). Thus, 
cadmium was much more available to the organism and cadmium accumulation 
should be increased at low pH, which is contrary to our results. Moreover, cadmium 
toxicity to F. candida was higher at lower pH when more cadmium was present in 
the soil solution (Crommentuijn et al., 1997).  
The effect of pH on the uptake of metals in soil invertebrates has been studied 
before (Peijnenburg et al., 1999a; Vijver et al., 2001; Nahmani et al., 2009). Uptake 
and elimination rate constants are assumed to be species-dependent (Nahmani et 
al., 2009) and independent of metal concentration. However, a recent study 
showed that uptake and elimination rate constants for copper may change with 
metal concentration in food/medium (Tsai et al., 2013). In the present study pH did 
not influence cadmium accumulation when total soil concentrations were 
considered (Table 4). Nahmani et al. (2009) found that it was impossible to 
determine the relationship between metal uptake in earthworms and soil properties 
or to conclude what soil properties governed metal accumulation in earthworms in 
eight contaminated soils. The study of Vijver et al. (2001) could however, explain 
the variance in the cadmium concentration in F. candida from an effect of pH. In 
our study, adding other soil characteristics and exposure concentrations besides 
pH could explain the observed variation in cadmium accumulation levels at steady 
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state (Table 4). Uptake rate constants based on total soil concentrations were not 
influenced by pH. Since also k2 was independent of soil pH, this means that 
internal concentrations at steady state and BAF values were more or less constant, 
depending only on the total soil concentration.  
Soil pH affected cadmium availability with lower extractable concentrations 
measured at pH 6.5 (Table 2). The reduced cadmium availability to F. candida with 
increasing pH in the present study is in line with other studies (Crommentuijn et al., 
1997; Lock and Janssen, 2001b; Van Gestel and Mol, 2003; Bur et al., 2010). The 
higher BAFw and BAFc values at higher pH (Table S2), based on water and 0.01 M 
CaCl2 extractable concentrations, however, suggest higher cadmium bioavailability 
at high pH. This can be due to the reduced competing influence of protons at high 
pH, which facilitates uptake of free cadmium ions in the test organism. 
In the present study, the pH effect was most significant when cadmium uptake was 
related to porewater concentrations (Table 3, Figure 2). Adding other soil 
characteristics such as DOC and calcium concentrations substantially improved 
regression equations and could better explain the variation in cadmium 
accumulation in F. candida (Table 4). Steady state internal cadmium 
concentrations were also well predicted on the basis of pH, DOC content, and 
calcium concentrations in pore water (Table 4).  
The reduced availability of cadmium in pore water at higher pH and its higher 
accumulation compared to the low pH levels in F. candida confirm the previously 
described role of pore water as the main exposure route of soil invertebrates to 
metals (Van Gestel, 1997). Such a role of pore water in the uptake of cadmium has 
also been demonstrated for earthworms (Peijnenburg et al., 1999a).  
 
4.3. Soil properties and BLM approach 
The effect of pH on cadmium bioaccumulation based on the activity of free 
cadmium ions and protons in pore water was confirmed by the use of a Freundlich 
isotherm (Equation (5)) in which pH did influence on internal cadmium 
concentrations at steady state (Table 4). Calcium concentrations in pore water can 
also affect cadmium (bio)availability (Van Gestel and Koolhaas, 2004). Calcium 
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was added to soil as calcium carbonate to adjust soil pH. Surprisingly, calcium 
concentrations were higher at pH 4.5 (475-483 mg L-1) than at pH 6.5 (316-377 mg 
L-1). Therefore, more calcium was mobilized from soil at lower pH, which competed 
with free cadmium ions and protons for binding to the biotic ligand sites on the 
organism. Adding Ca to the Freundlich equation, however, did not improve the fit 
(Equation (6)).  
The results of applying a BLM-based model showed that correcting the free 
cadmium ion activities for calcium and protons gave a slightly better, but 
nevertheless non-significant, prediction of the internal cadmium concentrations 
compared to the use of the free cadmium ion activities only. For the protons, the 
log KH-BL value of 5.88 (mol L-1) was consistent with the values of 4.97 for F. 
candida (Ardestani et al., 2013a) and 5.41 for earthworms (Li et al., 2008), but 
lower than the value of 6.13 for daphnids reported by Clifford and McGeer (2010). 
These values show that protons are capable of competing with cadmium to bind to 
the organism’s body. The lower binding constant for calcium compared to cadmium 
and protons calculated in the present study (log KCa-BL= 2.00 mol L-1) confirms that 
compared to pH, Ca is of less importance in modulating bioavailability of cadmium 
in pore water. This might however, also be due to the fact that Ca concentrations 
did not show such a large variation as the proton levels. Log KCa-BL values of 3.35, 
2.84, 4.08, and 3.9 have been reported for the earthworm E. fetida (Li et al., 2008), 
bacterium Vibrio fischeri (An et al., 2012), Daphnia pulex (Clifford and McGeer, 
2010), and rainbow trout Oncorhynchus mykiss (Niyogi et al., 2008), respectively. 
The log KCa-BL value in the present study was lower confirming its reduced 
competing effect with cadmium for F. candida in our experiments.   
The results of the present study are in line with principles of the biotic ligand model 
(BLM) showing the competition of free metal ions with other cations to bind to the 
BL sites (Di Toro et al., 2001). A higher proton activity competing with free 
cadmium ions explained the lower accumulation of cadmium in the test animals, 
which provided a modeling framework to account for the protective effects of 
solution cations such as calcium and protons. Langmuir isotherm parameters 
confirmed the effect of pH on the accumulation of cadmium with the calculated 
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binding constant for cadmium being quite similar to previous studies. The value of 
6.44 (log KCd-BL, mol L-1 ) in the present study after 21 days exposure of F. candida 
was higher than the reported values of 4.0 and 5.02 for E. fetida (Li et al., 2008) 
and V. fischeri (An et al., 2012), respectively. But similar log K values to the one 
found in this study were reported for D. pulex (log KCd-BL of 6.97) and O. mykiss 
(log KCd-BL of 7.5) (Niyogi et al., 2008; Clifford and McGeer, 2010). In our previous 
study, a log KCd-BL value of 1.62 was estimated from 7-day toxicity tests with F. 
candida exposed to different cadmium concentrations in simplified soil solutions at 
different calcium and pH levels (Ardestani et al., 2013a). The calculated binding 
constants in the present study were estimated based on cadmium accumulation in 
the animals after 21 days exposure in three pH-amended LUFA 2.2 soils. This 
suggests that the conditional binding constants should be considered with caution 
and may be dependent on physico-chemical properties of the test medium, test 
duration, endpoint (e.g., kinetics versus survival) and test species. 
 
5. Conclusions 
The effect of pH on the accumulation kinetics of cadmium in F. candida was 
investigated. Cadmium concentrations in the animals reached steady state in 
almost all treatments after 21 days of exposure. Uptake and elimination rate 
constants related to total soil concentrations and steady-state concentrations in the 
animals were not affected by soil pH. Cadmium availability in water and 0.01 M 
CaCl2 as well as  pore water decreased with increasing soil pH. When based on 
porewater concentrations, however, uptake rate increased with increasing pH 
which could be explained from the reduced competition of H+ ions making cadmium 
more bioavailable at high pH. The applicability of the biotic ligand model approach 
for predicting cadmium accumulation was confirmed by the results of the present 
study. 
 
Supporting Information 
Supporting Information including Tables S1-S3 are available online at: 
http://www.journals.elsevier.com/environmental-pollution 
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The release of metals into the environment has been greatly accelerated by human 
activities. These activities have increased, in numerous cases, the metal 
concentrations of soils above natural levels. In many places, for instance, close to 
emission sources, concentrations have reached levels that cause concern about 
human health and the environment. Risk assessment of such contaminated sites is 
necessary to estimate the likelihood of ecological damage and adverse effects on 
human health. Such risk assessments are based on a comparison between 
toxicological endpoints and the bioavailable concentrations in soil. This PhD thesis 
deals with one aspect of the risk assessment: a scientific underpinning of the 
assessment of bioavailability of soil-bound metals to ecological targets, specifically 
soil organisms. 
The porewater hypothesis assumes that metals are available to soil organisms 
through the aqueous phase of the soil (Van Gestel, 1997). The main exposure 
route for soil organisms such as collembolans is through the ventral tube and the 
cuticle (Fountain and Hopkin, 2005). After being taken up via the pore water, 
metals are accumulated on biotic ligands (BL), which are binding sites of metals in 
the organisms. 
Free metal ions are the most bioavailable fraction, with free metal ion activity being 
the best indicator of metal bioavailability (Lanno et al., 2004). However, in soil two 
factors affect free metal ion activities: 1) The presence of other cations (e.g., Ca2+, 
Mg2+, and protons (pH)) competing with the free metal ions to bind to the BL sites, 
and 2) Complexation of the free metal ions with organic and inorganic ligands in 
the soil solution such as dissolved organic carbon (DOC), other metal species, and 
the presence of anions (e.g., Campbell, 1995). Soil is a more complex system than 
water, with the soil solid phase dominating the metal speciation in the soil solution.  
Bioavailability has shown to be specific to the metal and the organism. Organisms 
may represent different kinetics patterns when exposed to essential or non-
essential metals (Rainbow, 2002). In this thesis, copper and cadmium were 
selected to study the difference between essential and non-essential metals when 
assessing bioavailability to a soil invertebrate.  
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Collembolans are one of the most abundant soil organisms and they are known as 
ecologically relevant species (Van Gestel, 2012), which are widely used in toxicity 
tests and soil bioassays. In this thesis, the springtail Folsomia candida 
(Collembola, Isotomidae) was used as a collembolan species which has been 
selected for soil toxicity tests for more than 40 years (Fountain and Hopkin, 2005). 
The main aim of this PhD thesis was to assess factors affecting metal 
bioavailability to F. candida. Bioavailability is a key issue in the risk assessment of 
metals in contaminated areas. It has different aspects, including route of exposure, 
metal speciation, and biotic ligand modeling (BLM) on one hand and 
kinetics/dynamics of metal accumulation and development of toxicity with time on 
the other hand. For that reason, this PhD thesis contains two parts; one on biotic 
ligand modeling (Chapters 2-5), and one on toxicokinetics modeling (Chapter 6-
10). In Chapter 10, toxicokinetics modeling was linked to the BLM to provide an 
integrated approach to study metal bioavailability (see Figure 2 in Chapter 1).  
Following the main research aim, several sub-questions (topics) were addressed in 
the different chapters. Here, these questions will be answered in each section. 
 
1. Test medium 
Artificial and natural soils are generally used to conduct toxicity tests with soil 
organisms. However, a large variation in results of these tests was found even 
using a standard artificial test soil (Bielská et al., 2012). The findings of Bielská et 
al. (2012) showed that more attention is needed for the preparation of artificial soils 
and that the properties of these soils should be specified in international guidelines. 
This leads to a need for a uniform test guideline (Van Gestel, 2012) when 
comparing metal bioavailability among different studies. It has been shown that the 
role of pore water as the main exposure route of the collembolans can be 
simulated by using a solution-only exposure medium containing a cation 
composition that resembles natural soil porewater characteristics. This type of 
solutions is a simplified mimic of pore water ruling out the complexity of soil 
matrices and processes such as sorption and desorption. Another advantage of 
using solution-only media is that experimental conditions can be controlled. This 
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means that the effects of e.g., cation concentrations, pH, and dissolved organic 
carbon on metal toxicity can be assessed by changing each parameter univariately.  
However, there are also limitations associated with using solution-only media. 
Solution-only exposure may be too artificial and therefore animals may behave 
differently from real soil. Also, the animals may have lower ability to move through 
the matrix compared to soil which may lower the change of the cuticle layer in 
arthropods (molting) or the mucus layer in earthworms. In addition, in solution-only 
exposure, the test organisms may suffer from lack of food. These factors may add 
extra stress for the animals (Steenbergen et al., 2005). Another disadvantage of 
using this type of exposure is that the interaction between physical-chemical 
parameters, such as between pH and CEC or cation composition of the soil 
solution, or the effect of dissolved organic matter on metal speciation, often found 
in the natural environment is ignored. In natural soils, these interactions may 
interfere with the bioavailability of metals. Nevertheless, because of the 
advantages listed above, aqueous exposure solutions were used in this thesis 
employing single cation or multi-cation solution media (Chapters 3, 4, 5, and 7).  
In brief, 0.2 mM calcium and multi-cation stock solutions were used to prepare a 
dilution series of copper concentrations (Chapter 5). Different calcium 
concentrations were then used to prepare cadmium and copper solutions and 
record toxicity and bioaccumulation of both cadmium and copper at different pH 
levels (Chapters 3 and 4). A multi-cation solution embedded in inert quartz sand 
was also used to study cadmium toxicokinetics-toxicodynamics (TK-TD) in F. 
candida (Chapter 8).  
 
In pilot tests, survival of the animals was further monitored over a range of 
concentrations of different cations (Ardestani, unpublished). This was done to 
determine the best solution composition with the highest control survival of the 
animals. Survival of F. candida remained > 80% for up to 11 days in control 
solutions of a test in which 0.2 mM calcium-only solution was compared with a 
multi-cation solution (Chapter 5). This meets the requirement of ISO guideline 
11267 (ISO, 1999), stating that survival of the test animals should be > 80% for the 
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test to be valid. A previous study showed that F. candida can survive for 14 days in 
control aqueous media and walk over the solution surface (Houx et al., 1996). In 
the tests with different pH and calcium levels, however, survival of the animals in 
control solutions decreased with time till up to 35-40% after 7 days (Chapters 3 and 
4). Survival was > 80% for the first 3-4 days of the tests. High control mortality 
generally is not a problem as long as it is possible to obtain proper dose-response 
relationships, which was always the case. Applying the GUTS modeling approach 
(Ashauer et al., 2011; Jager et al., 2011; Chapter 5), control mortality was in fact 
one of the model parameters. Nevertheless, also in the latter case, longer 
exposure durations were omitted from the data analysis.  
Better survival was observed in a sand-solution medium (Chapter 8). This test 
medium seemed less stressful for the animals with control survival remaining 100% 
till the end of the 21-day test. These results show that both solution-only exposure 
and sand-solution media may be suitable for performing ecotoxicity tests with F. 
candida, and they both allow control of chemical exposure. 
 
2. The effects of calcium and pH  
Calcium and pH are two main factors affecting metal bioavailability, which was 
confirmed in cadmium and copper toxicity tests with F. candida (Chapters 3, 4, and 
5) and copper bioaccumulation tests in a toxicokinetics approach (Chapter 7), both 
using solution-only exposures.  
 
For copper, 7-day LC50 values of 2.3-20 µM were calculated for F. candida 
exposed in solution-only exposures at different calcium concentrations and pH 
levels (Chapter 4). Slightly higher LC50 values were estimated when the animals 
were exposed in 0.2 mM Ca or multi-cation solutions at pH 6.0 (Chapter 5). EC50 
values of 173-264 µM based on 0.01 M CaCl2 extractable concentrations were 
reported for F. fimetaria exposed for 21 days to copper in field soil (Bruus 
Pedersen and van Gestel, 2001). No other LC50 values for copper based on 
porewater concentrations were found for comparison. 
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Van Gestel and Koolhaas (2004) estimated LC50s ranging between 0.6 and 30 mM 
in pore water for F. candida exposed for 28 days to cadmium in artificial and 
natural field soils. Crommentuijn et al. (1997) calculated LC50 values of 78-548 
mg/kg dry soil (corresponding with 0.7-4.9 mmol/kg) based on water-extractable 
cadmium concentrations for F. candida exposed for 35 days at different pH levels 
and organic matter contents in artificial soils. The latter values correspond with 
LC50 values of approximately 0.07-0.49 mM. Considering the factor of 
approximately 20 difference between porewater and water-extractable 
concentrations in artificial soils found by Van Gestel and Koolhaas (2004), this 
corresponds with approximately 1.4-9.8 mM in pore water. These values are in 
agreement with the values of up to 3.8 mM reported in Chapters 3 and 5 for F. 
candida after 7 days of exposure to cadmium in solution media.   
 
Internal copper concentrations steadily increased with increasing exposure 
concentrations in all tests (Chapters 4 and 5). This is in agreement with Bruus 
Pedersen et al. (2000) who showed a non-linear increase in copper concentrations 
in F. candida after 4 days of exposure with increasing 0.01 M CaCl2 extractable 
copper concentrations in field soils. The level of copper in the body was 
approximately 200-300 µmol/g dry body weight after 7 days exposure to copper in 
0.2 mM Ca and multi-cation solutions (Chapter 5) as well as exposure for 7 days to 
copper at different calcium concentrations and pH levels in simulated soil solutions 
(Chapter 4).  
When F. candida was exposed to sub-lethal copper concentrations at two calcium 
concentrations and two pH levels in solutions and at three different pH levels in 
soil, internal concentrations were 3.1-4.7 µmol/g dry body weight and remained 
constant throughout exposure (Chapter 7). These values are in agreement with 
Vijver et al. (2001) who measured similar copper levels, but slightly higher than the 
internal copper levels of approximately 1.6 µmol/g dry body weight reported by 
Bruus Pedersen et al. (2000) for F. candida exposed in field soils.  
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Internal cadmium concentrations of approximately 200-300 µmol/g dry body weight 
were measured after 7 days exposure of the animals in 0.2 mM Ca solutions as 
well as a multi-cation solution in sand-solution medium (Chapters 3 and 8).  
From this overview of toxicity and bioaccumulation data, it can be concluded that 
LC50 values and accumulation levels were quite similar in different tests on F. 
candida, confirming the assumption that the main uptake route is through pore 
water. The results also show a good relationship between internal metal 
concentrations and metal concentrations in the test media and between survival 
and metal accumulation in F. candida exposed for a fixed exposure time to copper 
and cadmium using solution-only exposures (see Chapters 3 and 4). 
 
3. The effects of cations on metal toxicity and BLM-derived parameters  
Applicability of the BLM-based modeling was confirmed for F. candida exposed to 
cadmium and copper in simulated soil solutions (Chapters 3 and 4). Derived BLM 
conditional binding constants for these two metals were compared with the 
literature in Chapter 2. 
According to the BLM principles, cations may compete with the free metal ion for 
binding to the BL sites of the organism, thereby reducing metal toxicity (Di Toro et 
al., 2001; Santore et al., 2001). In the BLM-based models applied to predict copper 
toxicity to F. candida, both calcium and protons showed non-significant interactions 
with the free copper ions. These interactions led to lower copper toxicity at higher 
calcium levels and at pH 5.0 and 7.0. This supports the competing effects of 
calcium and to a lesser extent of protons on copper toxicity. However, a hormetic 
effect was observed at sub-lethal copper exposure concentrations (approximately < 
0.1 µM Cu, Chapter 4) which prevented us from drawing a strong conclusion about 
the protective effect of calcium and protons in most cases. Thakali et al. (2006b) 
reported protons as the main factor influencing copper toxicity to F. candida 
exposed for 28 days in field soils. Competing effects of other cations (Ca2+, Mg2+, 
and Na+) were insignificant compared to that of protons for binding to the BL sites 
of the organism.   
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The conditional binding constant of 5.19 (log K, L/mol) calculated for copper 
(Chapter 4) was in agreement with Thakali et al. (2006b) who reported a log K 
value of 4.62 for F. candida. This suggests the same affinity of copper ions to bind 
to the BL sites for the animals exposed in simulated soil solution and in soil. This 
confirms the suitability of the solution-only exposure system for exposing F. 
candida to copper when applying a fixed exposure time.  
The high log KH-BL value of 5.04 indicates that protons have a high potency to 
compete with the free copper ions to bind to the BL sites in the solution-only tests 
(Chapter 4). The log K values for protons were higher than the value of 2.97 
reported by Thakali et al. (2006b), suggesting other parameters may influence the 
binding affinity of protons to the binding sites of F. candida in the soil solution. Also 
for calcium, the estimated log KCa-BL value of 2.12 indicates a lower tendency to 
compete with the free copper ions compared to protons (Chapter 4). 
For cadmium, interactions of calcium and protons with the free cadmium ions for 
binding to the BL sites on F. candida had less impact compared to copper (Chapter 
3). Calcium did not significantly affect cadmium toxicity while toxicity was only 
slightly lower at higher pH levels, suggesting that also the presence of protons did 
not influence cadmium toxicity (Chapter 3). Crommentuijn et al. (1997) showed that 
cadmium toxicity to springtail growth decreased with decreasing pH when 
expressed on the basis of water-extractable concentrations in soil. Such an effects 
was not found when looking at reproduction; there it seemed that the increasing 
cadmium availability with decreasing pH was cancelled out by a lower toxicity at 
lower pH due to competition of protons. The latter finding is in agreement with the 
results of the kinetics study on cadmium reported in Chapter 10 (see below).  
For cadmium, conditional binding constants of 1.62-2.31 (log K, L/mol) were 
calculated from different exposures of F. candida in simplified soil solutions 
(Chapter 3). These log K values were however, 3-4 log units lower than the value 
of 6.44 reported for the test animals exposed to cadmium in natural LUFA 2.2 soil 
at different pH levels (Chapter 10). This suggests that experimental conditions 
(solution vs. soil) may affect the results of the tests. The derived binding constants 
for calcium and protons were quite similar in both studies. For protons, a slightly 
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higher log K value was found for F. candida after soil exposure (5.88; Chapter 10) 
than for solution exposure (4.97; Chapter 3) to cadmium; this could be explained by 
the role of protons competing with the free cadmium ions in the soil pore water. 
The lower binding constant (log K, L/mol) of 2.87 for calcium in solution-only 
exposures was similar to that of Thakali et al. (2006b). It indicates a lower tendency 
of free calcium ions to compete with cadmium ions for binding to the BL sites of the 
organism. The similarity of log K values for cadmium and calcium upon exposure of 
F. candida to simplified soil solutions may be related to the similarity in uptake 
pathways. Cd2+ ions were shown to affect Ca2+ ion channels because of the 
similarity in ionic charge and atomic radius (Verbost et al., 1988). 
In general, it is interesting to note that log K values for protons, calcium, cadmium, 
and copper are consistent across different studies. This reinforces the applicability 
of the BLM-based modeling for F. candida exposed to metals in solution 
exposures.  
 
4. Mechanistic approaches to assess metal bioavailability  
Mechanistic approaches such as toxicokinetics and toxicodynamics were applied to 
gain more insight into metal bioavailability (Chapters 5, 7, 8, 9, and 10). The effect 
of pH on copper and cadmium toxicokinetics was further studied (Chapters 9 and 
10). Moreover, a review of the literature to metal toxicokinetics in soil organisms 
was presented in Chapter 6. 
 
In different chapters of this thesis, the factor time was considered when assessing 
metal bioaccumulation in F. candida using different exposure media. Using simple 
and controlled porewater compositions, metal bioavailability to soil organisms may 
be better described when a mechanistic approach is used. For copper, as an 
essential element, a simulated soil solution was used to assess toxicokinetics in F. 
candida at different pH and calcium levels (Chapter 7). Calcium and pH showed 
small but non-significant effects on copper bioaccumulation, and internal copper 
concentrations remained fairly constant for 15 days, which was shown to be 
intrinsic to soil organisms (e.g., Spurgeon et al., 2012). This suggests that internal 
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mechanisms in the animals mainly govern the level of copper bioaccumulation 
independent of exposure conditions (Chapter 7), indicating regulation of copper 
concentrations in F. candida (see below). 
When F. candida was exposed for 14 days to copper at sub-lethal exposure levels 
in pH-amended LUFA 2.2 soils (standard natural soil; Speyer, Germany), internal 
concentrations slightly increased with time (Chapter 9). These results indicate slow 
uptake of copper in the collembolans with uptake rate constants not significantly 
differing from each other among three pH levels. So, the effect of pH was not 
strong enough to affect copper bioaccumulation (Chapter 9).  
F. candida was able to regulate copper at approximately 3.1-4.7 µmol/g dry body 
weight when exposed either in simulated soil solution (Chapter 7) or in natural 
LUFA 2.2 soil (Chapter 9). This was in line with findings of Vijver et al. (2001) who 
showed regulation of copper in F. candida exposed for 28 days in different field 
soils at similar exposure levels compared to the previous studies. These findings 
suggest the presence of a strong homeostatic mechanism in the springtails for 
essential metals. 
Cadmium bioavailability was studied by performing uptake and uptake-elimination 
kinetics tests in a sand-solution medium (Chapter 8). Cadmium concentrations in 
the animals increased slightly till the end of the uptake phase with uptake rate 
constants of 0.23 to 1.89 L kganimal-1 d-1 at different exposure concentrations. When 
a combined uptake-elimination kinetics model was applied, enabling derivation of 
kinetics values based on more complete datasets, more accurate estimates for the 
uptake and elimination rate constants were obtained than when using data only 
from an uptake phase. Overall uptake and elimination rate constants of 0.18 L 
kganimal-1 d-1 and 0.02 d-1, respectively, were estimated for cadmium. These results 
are in agreement with Vijver et al. (2001) who reported slow uptake of cadmium in 
F. candida exposed for 28 days in field soils.  
As a more relevant exposure medium compared to solution-only and sand-solution 
media, LUFA 2.2 soil was used in a toxicokinetics test to study cadmium 
bioavailability to F. candida at three soil pH levels (Chapter 10). The animals were 
exposed for 21 days to cadmium during the uptake phase followed by a 21-day 
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elimination phase in clean soil. Soil pH did not affect kinetics in F. candida and no 
difference in cadmium bioaccumulation was found based on total soil 
concentrations. When relating cadmium bioaccumulation kinetics to porewater 
concentrations, cadmium uptake rate constant significantly increased with 
increasing pH, from 0.005 to 0.581 L ganimal-1 d-1. This finding agrees with the biotic 
ligand modeling principles, with the higher uptake at high pH being explained from 
the lower amount of protons available in the soil pore water (Chapter 10).  
Upon soil exposure, higher elimination rate constants (0.13-0.46 d-1) led internal 
cadmium concentrations in F. candida to reach steady state after 10-14 days of 
exposure (Chapter 10). When a sand-solution medium was used, internal cadmium 
concentrations gradually increased till the end of the 21-day test (Chapter 8). In the 
latter study, estimated elimination rate constants were a factor of 10 to 20 lower 
compared to exposure in soil (Chapter 10). This difference may be attributed to the 
difference in exposure media composition. One important factor may be the ability 
of the animals to molt: soil exposures allow the animals to molt, while springtails 
will generally not molt on a water surface. Molting may facilitate removal of 
cadmium from the body (Posthuma et al., 1992; Van Straalen et al., 1987) and 
therefore a higher cadmium elimination upon soil exposure was expected.  
Few toxicokinetics studies are available for Collembola exposed to cadmium 
through food (Chapter 6). However, dietary exposure of collembolans is not 
comparable with exposure in spiked soils. 
  
The effect of time as an important factor on copper and cadmium toxicity to F. 
candida was assessed using a toxicodynamics approach and exposure in solution-
only and sand-solution media (Chapters 5 and 8). Upon exposure to copper, 
survival of F. candida in a 0.2 mM Ca solution and a multi-cation solution 
decreased with time with LC50 values decreasing from approximately 400 µM at 
day 3 to 50 µM at day 7. Copper was slightly more toxic in multi-cation solutions 
than in 0.2 mM Ca solution (Chapter 5).  
The relationship between survival and time was further investigated for F. candida 
exposed for 7 days to cadmium and copper in solutions at different calcium 
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concentrations and pH levels (Chapters 3 and 4). LC50 values for copper 
decreased from 84 µM at day 4 to 3.8 µM at day 7 of exposure for the calcium 
series and from 133 µM at day 3 to 2.3 µM at day 7 of exposure for the pH series. 
No such clear trend in LC50s was observed at lower calcium concentrations (0.2 
mM Ca) and at an intermediate pH level (pH  6.0). This was due to the occurrence 
of hormesis (see Chapter 4). For cadmium, LC50s decreased with time from 74 to 
0.6 mM for the calcium series and from 48 to 1.1 mM for the pH series (Chapter 3).  
Ultimate LC50 values of 0.2 to 20 µM could be calculated for F. candida exposed to 
copper in 0.2 mM Ca and multi-cation solutions (Chapter 5). When the animals 
were exposed to copper at different calcium concentrations and pH levels, ultimate 
LC50s of 0.014-0.035 µM were found (Chapter 5). This difference may be attributed 
to the difference in solution composition. Elimination rate constants based on LC50-
time relationships for copper were up to 0.03 d-1, showing the low ability of the 
animals to eliminate copper from the body (Chapters 4 and 5).  
For cadmium, ultimate LC50 values of 0.010-0.088 mM were estimated for F. 
candida exposed at different calcium and pH levels. Elimination rate constants 
(based on survival data) were almost zero, confirming linear accumulation of 
cadmium by F. candida upon solution-only exposures (Chapters 3 and 5). This 
suggests the build-up of damage in the animals as a consequence of exposure to 
cadmium but may also indicate very efficient storage in the animals. 
After exposing F. candida to cadmium in sand-solution media, survival dose-related 
decreased (Chapter 8). Also a good relationship was found between survival and 
time of exposure. LC50 values calculated using the trimmed Spearman-Karber 
method (Hamilton et al., 1977) based on measured cadmium concentrations 
decreased from 10.8 mM at day 2 to 0.71 mM after 21 days of exposure. From the 
LC50-time relationship, an ultimate LC50 value of 0.51 mM and an elimination rate 
constant of 0.025 d-1 based on survival data could be estimated. This elimination 
rate constant for cadmium was higher than the values obtained from solution-only 
exposures (Chapter 5). Crommentuijn et al. (1994) reported an elimination rate 
constant of 0.048 d-1 for cadmium in the collembolan species Orchesella cincta. 
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The results of exposing F. candida to copper and cadmium in solution-only and 
sand-solution media confirmed the importance of time when studying metal 
bioavailability. Elimination rate constants derived from survival data may provide 
more information about the way the animals deal with metals. For cadmium, it may, 
for instance, confirm the capacity of the animals to detoxify cadmium by storage.  
 
5. Link between accumulation and effects under general concept of BLM  
The use of combined approaches such as toxicokinetics and BLM was investigated 
to comprehensively study metal bioavailability (Chapters 2, 6, and 10). To obtain 
more insight into the mechanism of the effects of metals on F. candida, toxicity was 
related to body concentrations. Generally, survival decreased with increasing metal 
concentrations in the animals until body concentrations reached a level (the lethal 
body concentration) above which no survival was observed. For example, LC50 
values of 35.2 and 135 µmol/g dry body weight were estimated for F. candida 
exposed for 7 days to copper in multi-cation and 0.2 mM Ca solutions, respectively 
(Chapter 5). In another study, LC50 values of 2.36-376 and of 4-25 µmol/g dry body 
weight were calculated for F. candida exposed for 7 days to cadmium and copper, 
respectively at different calcium concentrations and pH levels using solution-only 
exposure (Chapters 3 and 4). Moreover, internal LC50s for copper and cadmium 
were higher at higher calcium concentration in the media. This does not agree with 
the BLM concept in which an increase in calcium levels is expected to result in 
lower metal accumulation. No clear trend was observed among internal LC50s for 
both metals at different pH levels.  
LC50 values of 3.6-9.9 µmol/g dry body weight with an overall LC50 of 7.9 µmol/g 
dry body weight were estimated for F. candida exposed for 21 days to cadmium in 
sand-solution media (Chapter 8). These values were only a factor of 2 higher than 
lethal body concentration of 4.6 µmol/g dry body weight. Since LC50 values based 
on internal cadmium concentrations did not differ from the lethal body 
concentration derived from toxicokinetics data, a good relationship between 
toxicokinetics and toxicodynamics was achieved. This relationship was also 
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confirmed by the similar elimination rate constants obtained when considering 
toxicokinetics and survival data.  
Following the main assumption of the BLM approach, only a fraction of the metal 
bound to the biotic ligand sites of the organism is associated with adverse effects. 
Therefore, the fraction of occupied biotic ligand sites (f) in the organism, which is 
the net result of metal accumulation independent of the effect of porewater 
composition, is a better indicator of the relationship between toxicity and 
accumulation (e.g., Thakali et al., 2006a, b). The f50 value calculated in BLM-based 
models explains effects associated with metal accumulation. The f50 values for 
copper and cadmium obtained in Chapters 3 and 4 were always in agreement with 
literature data for other organisms.  
To validate the developed BLM modeling, all conditional binding constants for a 
metal were used to predict its effects. For instance, the toxicity of copper and 
cadmium to F. candida was predicted using the BLM parameters calculated from 
bioaccumulation data (Chapters 3 and 4). A good correlation between predicted 
and observed effects was found suggesting the applicability of BLM-based models 
to predict the toxicity of cadmium and copper to F. candida. The applicability of 
these models was also confirmed by comparing the log K values estimated for 
copper and cadmium and other cations (Ca, protons) present in the medium 
competing with the free metal ions (see above).  
 
General conclusions and recommendations 
The results of the experiments performed in this thesis showed that porewater 
composition has a great influence on metal bioavailability to the soil-dwelling 
arthropod F. candida. Even similar experimental setups for investigating metal 
toxicity to the same test species, but under different water chemistries such as 
different pH or calcium levels, may lead to different results. Therefore, 
environmental conditions should be taken into account in ecotoxicological tests. 
Exposure characteristics must be known for comparative studies to assess metal 
bioavailability. The biotic ligand modeling approach, combined with toxicokinetics 
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analysis, may provide a good framework for taking exposure conditions into 
account and reveal the underlying mechanisms. 
Solution-only exposure is a suitable approach for mechanistic studies on metal 
bioavailability to F. candida. Good survival of the animals is possible both in a 
sand-solution system as well as in solution-only media. Solution-only exposure is 
able to produce consistent LC50 values which also agree with values based on 
porewater concentrations reported in the literature. Similarly, regulation of internal 
copper concentrations in F. candida is consistent across test media. 
Since bioavailability is a dynamic process, time should be taken into account when 
performing toxicity and bioaccumulation tests. More mechanistic approaches, such 
as toxicokinetics and toxicodynamics, are useful for assessing metal bioavailability. 
Applying these approaches confirmed the metal-specific differences in 
bioavailability, with copper being regulated and cadmium accumulation being 
dependent on media properties.  
BLM-based modeling is applicable for F. candida in solution-only exposures, with 
the estimated conditional binding constants being in agreement with the values 
reported in the literature. In general metal toxicity increases with increasing log K 
value, and this trend is consistent across different metals. Copper binding 
constants are higher for aquatic organisms compared to soil organisms, while 
cadmium binding constants are similar. pH significantly affects the relationship 
between toxicity and conditional binding constants.  
BLM and toxicokinetics models may be useful for risk assessment. Mechanistic 
knowledge, however, still is weakly developed and for BLM-based modeling for soil 
organisms more information is needed on soil chemistry and on the biology of the 
test organism. The latter information will help improving the theoretical basis for the 
biological component of bioavailability. In addition, test duration and exposure 
characteristics are important for estimating BLM parameters and for accurately 
predicting metal toxicity or bioaccumulation.  
A BLM-based approach in fact is based on equilibrium partitioning theory, 
assuming equilibrium of metal distribution between the soil solid phase, soil 
solution, and the organism, and also of metal distribution over different species 
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(ion, complexed, and bound metal forms). In nature, however, equilibrium is 
exception rather than rule. Future research therefore should focus on the dynamics 
of metal bioavailability, taking into account temporal variation in metal speciation 
and exposure. In addition, the dynamics of the organism and the way it responds to 
metal exposure should be taken into account. This will require employing 
integrated approaches such as a combination of toxicokinetics with toxicodynamics 
or toxicokinetics with BLM-based modeling to obtain more insight into the 
relationship between metal bioaccumulation and effects. 
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Appendix 1 
Table S1. An overview of the studies on the biotic ligand model in plant species. 

Test species Metal Metal 
salt 

Metal 
concentration 

Endpoint Acute/ 
Chronic 

Test medium Test 
duration  

Variable parameters pH References 

Hordeum 
vulgare 

Zn ZnSO4 - Root 
elongation 

A Solution 5 d Ca(0.2-15.2),Mg(0.05-4),Na(2.58-
25.08),K(0.08-10.1) at pH 6.0 

4.5-7.6 Wang et al., 
2010a 

Lactuca 
sativa 

Zn Zn(NO3)

2 
Activities(72-
186000 µg/L) 

Root 
elongation 

A Steiner 
solution 

4 d - 7.0 Le et al., 2013 

Spinacia 
oleracea 

Zn - - Uptake A Solution 4 d - 5.0,6.0,7.0 Degryse et al., 
2012 

H. vulgare Cu Cu(NO3)

2 
0.011-0.025 

(EDTA ),0.001-
0.025 µg/L (NTA) 

solutions 

Root 
elongation 

A Solution 48 h Ca(0.2mM; 0.39 in controls), K(28-
29mM), 0.2mM Na2EDTA or Na2NTA 

6.0 Antunes et al., 
2007 

H. vulgare Cu CuCl2 0-400 µg/L Root 
elongation 

A Solution 5 d Ca(0.2-15),Mg(0.05-3.0),K(0.1-
10),Na(2.5-25.5)mM at pH 6.0 

4.5-8.0 Wang et al., 
2012 

H. vulgare, 
Lycopersicon 
esculentum 

Cu CuCl2 30-192000 µg/L 
(pw) 

Barley root 
elongation, 

tomato shoot 
yield 

- Soil Barley 
4d, 

tomato 
21d  

- Cu(3.4-
6.8), 

Ni(3.6-6.7) 

Thakali et al., 
2006a, b 

H. vulgare 
and Triticum 

aestivum 

Cu CuCl2 5.1-400 µg/L Root 
elongation 

A Solution 5 d Ca 0.2 mM Barley:4.5-
8.0; wheat 

4.5, 5.5 

Wang et al., 
2009 

T. aestivum Cu Cu(NO3)

2 
16-254 µg/L Root 

elongation 
A Solution 2 d Ca(0.2-14),Mg(0.05-3),Na(2.5-

25),K(0.08-10)mM at pH6.0 
5.13-6.80 Luo et al., 2008 
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Table S1 continued         

Test species Metal Metal 
salt 

Metal 
concentration 

Endpoint Acute/ 
Chronic 

Test medium Test 
duration  

Variable parameters pH References 

L. sativa Cu - - Growth - Solution 14 d - - Cheng and Allen, 
2001 

L. sativa Cu Cu(NO3)

2 
6.3-63500 µg/L Root 

elongation 
A Steiner 

solution 
4 d Ca(0.01-15),Mg(0.02-20),K(0.08-

20),Na(0.1-20)mM at pH 7.0 
5.0-7.0 Le et al., 2012 

L. sativa Cu Cu(NO3)

2 
Activities(5.7-19 

µg/L) 
Root 

elongation 
A Steiner 

solution 
4 d - 7.0 Le et al., 2013 

Pisum 
sativum 

Cu CuCl2 3.2-1588 µg/L Root 
elongation 

A Solution 48 h Ca (0.04, 0.18, 1.92 mM) 4.0,5.0,6.0 Wu and 
Hendershot, 

2010a 
Vitis vinifera Cu CuSO4 63-1588 µg/L Root 

elongation 
and 

accumulation 

A Solution 15 d Mg (0.2-8) mM 5.6-5.9 Chen et al., 2013 

H. vulgare Ni NiCl2 2.9-29345 µg/L Root 
elongation 

A Solution 5 d Ca(0.2-15),Mg(0.05-4),Na(2.6-
26),K(0.08-10) at pH 6.0 

4.52-8.30 Li et al., 2009a 

H. vulgare Ni NiCl2 53-86274 µg/L Root 
elongation 

A Solution 48 h Ca 0.2 mM, K 29.5 mM, Mg(0.1-
3.0mM),Al(1.43,2.0 µM) at pH4.5 

4.5,5.0,6.0 Antunes and 
Kreager, 2009 

H. vulgare Ni NiCl2 - Root growth 
inhibition 

A Solution 4 d Ca(0.2,15),Mg(0.05-3.9),Na(2.6,24), 
K(0.078-10)mM at pH7.0 

4.14-7.52 Lock et al., 
2007c 

H. vulgare, 
Lycopersicon 
esculentum 

Ni NiCl2 100-3065000 
µg/L (pw) 

Barley root 
elongation, 

tomato shoot 
yield 

- Soil Barley 4 
d, tomato 

21 d  

- Cu(3.4-
6.8), 

Ni(3.6-6.7) 

Thakali et al., 
2006a, b 
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Table S1 continued         

Test species Metal Metal 
salt 

Metal 
concentration 

Endpoint Acute/ 
Chronic 

Test medium Test 
duration  

Variable parameters pH References 

S. oleracea Ni - - Uptake A Solution 4 d - 5.0,6.0,7.0 Degryse et al., 
2012 

P. sativum Ni NiCl2 2.3-2934 µg/L Root 
elongation 

A Solution 48 h Ca (0.04, 0.2, 2.0 mM) 4.0,5.0,6.0 Wu and 
Hendershot, 

2010b 
P. sativum Cd CdCl2 4.5-5620 µg/L Root 

elongation 
A Solution 48 h Ca (0.04, 0.2, 2.0 mM) 4.0,5.0,6.0 Wu and 

Hendershot, 
2010c 

S. oleracea Cd - 112-11200 µg/L Uptake A Solution 4 d - 5.0,6.0,7.0 Degryse et al., 
2012 

L. sativa Ag AgNO3 Activities(0.5-11 
µg/L) 

Root 
elongation 

A Steiner 
solution 

4 d - 7.0 Le et al., 2013 

H. vulgare Co CoCl2 Solution(-), LUFA 
pw( 5893-

235720), OECD 
pw (1179-58930) 

µg/L 

Root growth 
inhibition 

A Artificial+field 
soils/solution 

4 d Solution(Ca 0.2-15,Mg 0.05-6.2,Na 
2.1-24,K 0.078-10 at pH7.0) 

Solution(5.
02-7.98), 
Soil pw 
(LUFA 

4.90-5.66, 
OECD6.92-

7.21) 

Lock et al., 
2007b 

EDTA = Ethylenediaminetetraacetic acid ; NTA = Nitrilotriacetic acid; pw = pore water; OECD = artificial (soil or solution), DOC = dissolved organic carbon, OM = organic 
matter content, d = day, h = hour,  min. = minute, wk = week, hard. = hardness, alk. = alkalinity, Surv = survival, acc = accumulation, NOM = natural organic matter, HA = 
humic acid, nat. = natural, Syn. = synthetic, wat. = water, solute. = solution, upt. = uptake test, tox. = survival test, diss. = dissolved, surf.w. = surface water, pHCaCl2 = pH 
measured in 0.01 M CaCl2 extracts, pHpw = pH measured in pore water, pHw = pH measured in water extracts  
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Table S2. An overview of the studies on the biotic ligand model in terrestrial organisms. 
Test species Metal Metal 

salt 
Metal 

concentration 
Endpoint Acute/ 

Chronic  
Test medium Test 

duration  
Variable parameters pH References 

Aporrectodea 
caliginosa 

Cu Cu(NO3)

2 
Solution(0.006-
1143),soil pw 

(4.4E-05 to 1874) 
µg/L 

Survival A Sand-Steiner 
solution,field 

soil 

7 d Solution(Ca3.57-8.55,Mg2.22-
5.55,Na1.13-7.31mM,DOC6 and 

25mg/L),Soil(Na0.7-4.1mM,DOC13.47-
178mg/L) 

Solution(4.
07-8.00), 
soil(4.10-

8.11) 

Steenbergen et 
al., 2005 

Eisenia 
fetida, 

Folsomia 
candida 

Cu CuCl2 30-192000 µg/L 
(pw) 

Earthworm 
cocoon 

production, 
springtail 
juvenile 

production 

C Soil 4 wk - Cu(3.4-
6.8), 

Ni(3.6-6.7) 

Thakali et al., 
2006a, b 

F. candida Cu Cu(NO3)

2 
2.5-10166 µg/L Survival A Solution 7 d Ca(0.2-12.8 mM), at pH 6.0 5.0, 6.0, 

7.0 
Ardestani et al., 

2013b 
E. fetida, F. 

candida 
Ni NiCl2 100-3065000 

µg/L (pw) 
Earthworm 

cocoon 
production, 
springtail 
juvenile 

production 

C Soil 4 wk - Cu(3.4-
6.8), 

Ni(3.6-6.7) 

Thakali et al., 
2006a, b 

Enchytraeus 
crypticus 

Ni  NiCl2 Up to 25600 µg/L Survival A Sand-solution 14 d Ca(0.2-8.0),Mg(0.25-4.0),Na(4.0-20), 
K(0.5-8.0) at pH 6.0 

6.0-8.0 He et al., 2014 

E. fetida Cd CdCl2 1.1-14.6 µg/L (pw) Cd partitioning 
and 

bioaccumulati
on 

C 9 field soils 3 wk OM: 10.7-40.8 g/kg pHpw: 5.65-
8.67, pHw: 
5.31-7.69 

Li et al., 2009d  
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Table S2 continued         

Test species Metal Metal 
salt 

Metal 
concentration 

Endpoint Acute/ 
Chronic  

Test medium Test 
duration  

Variable parameters pH References 

E. fetida Cd CdCl2 22000-450000 
µg/L 

Accumulation A Solution 48 h Ca(0.2-1.0),Mg(0.1-4.0), Na 1.0, K 0.1 
mM at pH 6.0 

5.5-7.1 Li et al., 2009b 

E. fetida Cd CdCl2 11000-112000 
µg/L 

Survival A Solution 48 h Ca(0.2-1.0),Mg(0.1-4.0), Na(1.0-
7.0),K(0.1-2.0) mM at pH 6.0 

5.5-7.1 Li et al., 2008 

F. candida Cd Cd(NO3)

2 
7-1250 µg/L (pw) Accumulation C Soil 21 d Ca(281-483 mg/L in pw), DOC(69-130 

mg/L) 
4.5, 5.5, 

6.5 
Ardestani and 
van Gestel., 

2013b 
F. candida Cd Cd(NO3)

2 
11000-11200000 

µg/L 
Survival A Solution 7 d Ca(0.2-12.8 mM), at pH 6.0 5.0, 6.0, 

7.0 
Ardestani et al., 

2013a 
Enchytraeus 

albidus 
Co CoCl2 Solution(-), LUFA 

pw(4125-
353580),OECD 

pw(1179-235720) 
µg/L 

Survival A Artificial+ 
natural soil/ 

sand-solution 

14 d Ca(0.2-15),Mg(0.05-6.2),Na(2.8-24),K 
0.078 mM at pH 6.0 

Solution(5.
4-7.1), 

LUFA-pw 
(4.99-

5.77),OEC
D-pw(6.68-

7.21) 

Lock et al., 2006 

See Table S1 for more details 
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Table S3. An overview of the studies on the biotic ligand model in fish species.  
Test species Metal Metal 

salt 
Metal 

concentration 
Endpoint Acute/ 

Chronic  
Test 

medium 
Test 

duration  
Variable parameters pH References 

Juvenile 
Oncorhynchu

s mykiss 

Zn ZnCl2 - Survival A/C Solution 96h/30 d Ca 0.2-4.0,Mg 0.06-3.1,Na 0.7-4.9mM 
at pH 7.4-7.9 

5.5-7.5 De 
Schamphelaere 
and Janssen, 

2004a 
Juvenile O. 

mykiss 
Zn ZnSO4 Surv250-2900, 

acc50-2000 µg/L 
Survival and 
accumulation 

C Hamilton tap 
water 

7d/96h  
(Surv),72
h/3h(acc) 

Ca 1.0, Mg 0.2, Na 0.6 mM, hardeness 
120mg CaCO3/L, alkalinity 95mg 

CaCO3/L 

7.5 Alsop and Wood, 
2000 

O. mykiss Zn ZnSO4 Hard(300-
4800,acc up 

to1000),soft(75-
1200,acc up to 

250) µg/L 

Survival and 
accumulation 

A Hard and soft 
water 

solutions 

96h 
tox./72h 

acc 

Hard:hardness 140mg CaCO3/L, Soft: 
hardness30mg CaCO3/L 

7.2-7.6 Todd et al., 2009 

O. mykiss Cu CuSO4 2-32 
µg/L(Surv),0-
12200(acc) 

Survival and 
accumulation 

A Solution 96h(Surv
)/3h(acc) 

DOC 0.8-4.7mg/L 5.93-6.06 Gheorghiu et al., 
2010 

O. mykiss Cu CuCl2 5.6-56 µg/L Survival A Surface 
water 

7d 
(168h) 

Hardness 35-45 mg CaCO3/L, alkalinity 
42-53 mg CaCO3/L 

7.7-7.9 Welsh et al., 
2008 

O. mykiss Cu PbCl2  127 µg/L  Accumulation - Solution 96 h NOM 5.0 mg C/L  6.5-7.0 Schwartz et al., 
2004 

Juveniles O. 
mykiss, 

Salvelinus 
fontinalis 

Cu CuCl2 1.0,10 (Surv), 3 
(acc) µg/L 

Survival and 
accumulation 

A Solution 5 d/24h 
(acc) 

Ca 5.0, Na 2.0 mg/L 6.2-6.5 MacRae et al., 
1999 



331 
 

Table S3 continued         

Test species Metal Metal 
salt 

Metal 
concentration 

Endpoint Acute/ 
Chronic  

Test medium Test 
duration  

Variable parameters pH References 

Juveniles O. 
mykiss, 
Perca 

flavescens 

Cu CuSO4 Hard 24-975,Soft 
7-49, acc5.1-51 

µg/L 

Survival and 
accumulation 

A Solution 96h 
tox./3h 

acc 

Hard(Ca1.0,Na0.6mM,DOC3mg/L,hard
ness120,alkalinity95mg/L),soft(Ca0.13,
Na0.13mM,hardness20,alkalinity15mg/

L,DOC 0.4mg/L) 

Hard8.0, 
soft7.2 

Taylor et al., 
2003 

Pimephales 
promelas 

Cu  17 µg/L Accumulation - Synthetic soft 
water 

- - - Playle et al., 
1993b 

Larvae P. 
promelas 

Cu - - Survival and 
accumulation 

- - 96h Surv 
cont.exp. 

/72h 
pulse 
exp. 

DOC 0,20mg/L, hardness 0.5,2.0 
mEq/L 

6.0-8.0 Meyer et al., 
2007 

Larvae P. 
promelas 

Cu CuCl2 13-241 µg/L Accumulation A Solution 24h/96h DOC<0.1mg/L, alkalinity 0.64meq/L  7.1 Brooks et al., 
2006 

O. mykiss 
and P. 

promelas 

Ni NiCl2 50-4800 µg/L Survival C Synthetic and 
natural 
waters 

17 d Syn.(Ca 0.12-3.0mM, Mg0.12-3.0mM at 
pH5.48-8.47),Nat.(Ca3.75-83,Mg1.12-

16.6mg/L,pH5.63-8.19,DOC 3.83-
18.4mg/L) 

5.8-8.2 Deleebeeck et 
al., 2007a 

Juvenile O. 
mykiss 

Cd Cd(NO3)

2 
0-20 µg/L survival 
test,4-80 µg/L gill-

binding test, 
18µg/L effect of 

water chem. 

Survival and 
accumulation 

A Standard 
synthetic soft 

water 

96 h/3h 
acc/3h 

effect of 
water 
chem. 

Ca0.1-3.0mM, DOC 5-20mg/L, at pH 
7.3-7.5, alkalinity(CaCO3)10-90mg/L 

5.8,8.8 Niyogi et al., 
2008 
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Table S3 continued         

Test species Metal Metal 
salt 

Metal 
concentration 

Endpoint Acute/ 
Chronic  

Test medium Test 
duration  

Variable parameters pH References 

O. mykiss Cd Cd(NO3)

2, 
Labeled 
CdCl2(gil

l) 

0.07,0.11 µg/L; 1-
36 µg/L acc 

Survival and 
accumulation 

C Synthetic soft 
water 

30 d/3h 
acc 

Hardness(CaCO3)20mg/L,DOM 
0.4mg/L 

7.2 Hollis et al., 2000 

O. mykiss Cd Cd(NO3)

2, 
Labeled 
CdCl2(gil

l) 

3,10 (acclim.), 1-
490(Surv), 10-
100(acc) µg/L 

Survival and 
accumulation 

C Synthetic 
hard water 

30 d 
(acclim.), 
96h(Surv
), 3h(acc) 

Hardness(CaCO3)140mg/L,DOM 
3.0mg/L 

8.0 Hollis et al., 1999 

O. mykiss Cd CdCl2  225 µg/L Accumulation - Solution 96 h NOM 5.0 mg C/L  6.5-7.0 Schwartz et al., 
2004 

P. promelas Cd - 6 µg/L Accumulation - Synthetic soft 
water 

- - - Playle et al., 
1993b 

O. mykiss Ag - 11 µg/L Gill 
accumulation 

A Synthetic soft 
water 

2-3h Ca and Na 0.3 mM 6.5-7.5 Janes and 
Playle, 1995 

O. mykiss Ag AgNO3 - Survival A Hamilton tap 
water 

96 h From a previous study (Bury et al., 
1999a) 

- McGeer et al., 
2000 

O. mykiss Ag AgNO3 0-40 µg/L Survival and 
accumulation 

A Synthetic soft 
water 

3h/24h 
acc, 96h 

Surv 

DOC 0.7mg/L, Na and Ca 0.05 mM, Mg 
and K 0.02 mM 

7.0 Morgan and 
Wood, 2004 

P. promelas Ag AgNO3 - Survival A Natural 
surface 
waters 

96 h Hard(6-225mg CaCO3/L), DOC(148-
1037 µM) 

6.17-8.14 Bielmyer et al., 
2007 
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Table S3 continued         

Test species Metal Metal 
salt 

Metal 
concentration 

Endpoint Acute/ 
Chronic  

Test medium Test 
duration  

Variable parameters pH References 

O. mykiss Pb PbCl2 Surv (580-
1140),acc(207) 

µg/L 

Survival and 
accumulation 

A Solution Surv(1 
wk), 

acc(3h) 

DOC 1.9-8.2 mg/L,Ca 97-2045,Mg 4-
764,Na 88-1023 µM 

6.7-8.2 MacDonald et 
al., 2002 

O. mykiss Pb CuSO4 207 µg/L Accumulation - Solution 96 h NOM 2.5 mg C/L  6.5-7.0 Schwartz et al., 
2004 

P. promelas Pb Pb(NO3)

2 
- Survival A/C Tap+demi 

water 
96h/30 d Alkalinity 0.5-2.0(NaHCO3),HA 2-64 

mg/L at pH 7.43-8.23, hard.33-
250mg/L,DOC 171-1298 µM 

5.5-8.3 Mager et al., 
2011b 

Larvae P. 
promelas 

Mn MnCl2 - Survival C Solution/ 
surface water 

- Ca 0.16-4.7mM, K 7-190 µM, DOC 4-
13mg/L; nat. water(DOC0.7-12,Ca 1-
77,hardness 12-304,alk.8-124mg/L) 

5.8-8.4, 
nat.(6.7-

8.1) 

Peters et al., 
2011 

O. mykiss Co Co(NO3)

2 
442 µg/L Accumulation A Soft water 2 h DOC 2.7-9.1 mg/L 6.9-8.0 Richards and 

Playle, 1998 
Oreochromis 
mossambicus 

As Na2AsO2 0.0002-0.006 
uptake, 0.001-

0.08 toxicity,1-4 
µg/L chronic 

Survival and 
accumulation 

A/C - 7 d/4 wk - 7.53-8.12 Chen et al., 2009 

O. mykiss Hg HgCl2, 
Hg(NO3)

2 

401 chloride, or 
100 µg/L nitrate 

Accumulation A Solution 3 h - 6.5-7.0 Klinck et al., 
2005 

see Table S1 for more details  
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Table S4. An overview of the studies on the biotic ligand model in daphnids. 
Test species Metal Metal 

salt 
Metal 

concentration 
Endpoint Acute/ 

Chronic  
Test medium Test 

duration  
Variable parameters pH References 

Daphnia 
magna 

Zn ZnCl2 - Immobilization 
assays with 

juveniles 

A Solution 48 h Ca 0.125-8.0 (2 set),Mg 0.21-8.0 (2 
set),Na 0.077-15.0 (1 set),K 0.077-2.0 

(1 set) mM at pH 6.8 

6.0-8.0 Heijerick et al., 
2002a 

D. magna Zn ZnCl2 - Reproduction C Solution 21 d Ca2+ 0.25-4.0,Mg2+ 0.25-4.0,Na+ 2.08-
12.0 mM at pH 6.6 

5.5-8.0 Heijerick et al., 
2005b 

D. magna Zn - - Immobilization/ 
reproduction 

A/C Natural 
surface water 

48h/21 d DOC 0.3-17.3 mg/L,alkalinity 6.9-167 
mg CaCO3/L  

6.0-8.4 De 
Schamphelaere 

et al., 2005a 
D. magna Zn Stable 

isotopes 
6.5 µg/L Uptake A Soft OECD 

medium 
48 h Ca 0.1-2.5, Na 0.5-8.0 mM, IS 3.9-11.3 

mM 
6.0,7.0,8.0 Komjarova and 

Blust, 2009 
D. pulex Zn ZnSO4 98-2942 µg/L Immobility A Soft water 48 h Ca 0.04-1.49, Mg 0.01-0.62, Na 0.10-

1.17,K 0.01-1.39 mM at pH 7.85 and 
DOC 0.6mg/L 

6.32-8.01, 
DOC 6.1-
10.8 mg/L 

(2set) 

Clifford and 
McGeer, 2009 

Ceriodaphnia 
dubia 

Zn - - Immobilization A Synthetic soft 
water/ 

surface water 

48 h Syn. (hardness 44,alk. 30 mg/L,DOC 0-
10 mg/L), nat. (DOC 1-8, hardness 10-

62,alk.1.8-58mg/L) 

Syn. 
(5.5,6.5,7.5
), nat. 7.0 

Hyne et al., 2005 

D. magna Cu - 0.2-800 µg/L Mortality A Surface 
waters 

48 h Hardness 9.2-44.9,alkalinity 5.3-
66.7mg/L, DOC 0.2-9.0mg/L 

5.96-7.98 Ryan et al., 2009 

D. magna Cu - 80-664 µg/L  Immobilization A Wastewater 
effluent 

48 h DOC 6.95-8.97 mg/L, EDTA 41-547 
µg/L 

7.50-8.14 Constantino et 
al., 2011 

D. magna Cu - 0-4.4 µg/L 
(nat.), (syn.) - 

Toxicity/ 
Reproduction 

A/C Natural/ 
synthetic 
waters 

48h nat./ 
21d both 

media 

DOC 0.2-2.0 mg/L, hardness 11-440, 
alkalinity 14-235 mg/L 

7.48-8.59 
(syn.),7.76-
8.59(nat.) 

Villavicencio et 
al., 2011 
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Table S4 continued         

Test species Metal Metal 
salt 

Metal 
concentration 

Endpoint Acute/ 
Chronic  

Test medium Test 
duration  

Variable parameters pH References 

D. magna Cu CuCl2 - Immobilization 
assays with 

juveniles 

A Solution 48 h Ca2+ 0.25-4.0;Mg2+ 0.25-5.0(MgSO4), 
0.25-4.0(MgCl2); Na+ 1.08-15.1;K+ 
0.078-2.0mM at pH 6.8(6.75-6.98) 

pH (set 1) 
6.44-7.91, 

(set 2) 
5.98-7.92 

De 
Schamphelaere 
and Janssen, 

2002 
D. magna Cu CuCl2 - Immobilization 

assays with 
juveniles 

A Synthetic/ 
natural 
surface 
waters 

48 h Ca 0.2-4.0, Mg 0.2-1.0, Na 1.0-5.0, 
DOC 2-20 mg/L 

6.25-8.25 De 
Schamphelaere 

et al., 2002 

D. magna Cu - - Reproduction C Solution 21 d Hardness 25-500 mg/L,DOC 1.7-18 
mg/L 

5.6-8.4 De 
Schamphelaere 
and Janssen, 

2004b 
D. magna Cu - - Reproduction C Solution 21 d DOC 1.6-18.4 mg/L,hardness 0-500 mg 

CaCO3/L, K 0.078,Ca 0.8-4.0,Mg 0.05-
1.0,Na 1.60-22.0 mM 

5.3-8.7 De 
Schamphelaere 
and Janssen, 

2004c 
D. magna Cu Stable 

isotopes 
3.2 µg/L Uptake A Soft OECD 

medium 
48 h Ca 0.1-2.5, Na 0.5-8.0 mM, IS 3.9-11.3 

mM 
6.0,7.0,8.0 Komjarova and 

Blust, 2009 
C. dubia Cu CuSO4 0-20 (tap), up 

to 160 µg/L 
(natural wat.) 

Reproduction C tap water/ 
surface 
waters 

7 d Ca 10-250, Mg 12.5-100, Na 10-250 
mg/L,NOM (Suwannee R.) 2.5-25, NOM 

(Nordic R.) 5,10 mg C/L 

5.5-8.3 Schwartz and 
Vigneault, 2007 
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Table S4 continued         

Test species Metal Metal 
salt 

Metal 
concentration 

Endpoint Acute/ 
Chronic  

Test medium Test 
duration  

Variable parameters pH References 

C. dubia Cu - - Immobilization A Synthetic soft 
water 

/surface 
water 

48 h Syn. (hardness 44,alk. 30 mg/L,DOC 0-
10 mg/L), nat. (DOC 1-8, hardness 10-

62,alk.1.8-58mg/L) 

Syn. 
(5.5,6.5,7.5
), nat. 7.0 

Hyne et al., 2005 

13 
cladoceran 

species 

Cu - - Immobilization 
assays with 

juveniles 

A Synthetic test 
water 

48 h Ca 0.25,Mg 0.25, K 0.075, Na 0.077-10 
mM, hardness 50 mg CaCO3/L 

6.8 De 
Schamphelaere 

et al., 2007 
11 

cladoceran 
genera 

Cu - 1-3200 µg/L Immobilization 
test 

A Natural/ 
synthetic 
waters 

48 h DOC 0.38-37.7mg/L,Ca 2.9-80.1,Mg 
1.3-17.1,Na 2.6-76.8,K 1.1-9.5 mg/L 

4.1-8.3 Bossuyt et al., 
2004 

D. magna Ni NiCl2 - Immobilization 
assays with 

juveniles 

A Synthetic/ 
natural 
waters 

48 h Ca 0.25-5.0,Mg 0.25-5.0, Na 0.078-14.0 
mM at pH 6.48-6.80, alkalinity 2.24-
3.07mg/L; natural water: DOC 1.75-

25.8,hardness 13.2-266, alkalinity 0.39-
161mg/L 

5.8-8.3(2 
set), 

natural: 
5.94-8.09 

Deleebeeck at al. 
2008a 

D. magna Ni NiCl2 5.6-1000 µg/L Reproduction 
and mortality 

C Synthetic/ 
natural 
surface 
waters 

21 d  Syn. (Ca 0.25-3.0,Mg 0.25-3.0, 
hardness 41.7-315,alkalinity 0.652-

174mg/L),natural(DOC 2.53-17.3,hard. 
13.6-189,alk. 8.36-161 mg/L) 

Syn. 5.8-
8.2, natural 
6.15-8.09 

Deleebeeck et 
al., 2008b 

D. magna Ni Stable 
isotopes 

5.9 µg/L Uptake A Soft OECD 
medium 

48 h Ca 0.1-2.5, Na 0.5-8.0 mM, IS 3.9-11.3 
mM 

6.0,7.0,8.0 Komjarova and 
Blust, 2009 
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Table S4 continued         

Test species Metal Metal 
salt 

Metal 
concentration 

Endpoint Acute/ 
Chronic  

Test medium Test 
duration  

Variable parameters pH References 

D. pulex Ni NiSO4 - Immobility 
(mortality) 

A Soft water 48 h Ca 0.02-1.47,Mg 0.01-1.44,Na 0.20-
1.0,K 0.005-0.78 mM at pH 6.30-7.85, 

DOM 0.15, alkalinity 28 mg/L 

5.6-
8.3(2set), 

DOM0.5-41 
mg/L(2 set) 

Kozlova et al., 
2009 

C. dubia Ni NiCl2 - Survival and 
reproduction 

A/C Solution 48 h/7 d Hardness 50-250 mg/L, DOC 0.41-1.3 
mg/L 

7.7-8.0 (A), 
8.0-8.3 (C) 

Keithly et al., 
2004 

10 
cladoceran 

species 

Ni NiCl2 - Immobility (A), 
mortality (C) 

A/C Soft/hard/ 
moderate 

48 h(A)/ 
16-21 
d(C) 

Soft(Ca1.75,Mg0.46mg/L,hardness6.25
mg/L),hard(Ca13.9,Mg2.10mg/L, 

hardness43.4mg/L) 

7.18, 
alkalinity 
12.4mg/L 

Deleebeeck at al. 
2007b 

D. magna Cd Stable 
isotopes 

2.8 µg/L Uptake A Soft OECD 
medium 

48 h Ca 0.1-2.5, Na 0.5-8.0 mM, IS 3.9-11.3 
mM 

6.0,7.0,8.0 Komjarova and 
Blust, 2009 

D. pulex Cd - 17-157 µg/L Lethality tests 
(immobility) 

A Synthetic soft 
water 

48 h Ca 0.03-1.61,Mg 0.01-1.40,Na 0.54-
1.65,K 0.05-1.43 mM at pH 7.85,DOC 
1.5mg/L; DOC(Nordic R.9.09-12.32, 
Suwannee R.11.80-16.45)mg/L 

6.10-8.02 Clifford and 
McGeer 2010 

D. magna Ag AgNO3 0.75-23 µg/L  Survival and 
reproduction 

A/C Synthetic 
hard water 

48 h/21d Ca2+ 0.909-4.028,Mg2+ 0.141-0.690,Na+ 
0.763-6.513 mM,K+ 2.119-2.681 µM 

8.16 Bianchini and 
Wood, 2008 

D. magna, D. 
pulex, 

Gammarus 
pulex 

Ag AgNO3 12.7 µg/L Surv 
/3.8 µg/L acc 

Mortality and 
accumulation 

A Artificial 
freshwater 

48h/96h 
(G. 

pulex), 
24h acc 

Ca2+ 0.18-2.0,Mg2+ 0-0.5,Na+ 0-5.0,K+ 
0-1.7 mM,DOM 0-10 mg/L 

6.8-7.6 Bury et al., 2002 

C. dubia Ag AgNO3 - Mortality A Natural 
surface 
waters 

48 h Hardness(6-225 mg CaCO3/L), 
DOC(148-1037 µM) 

6.17-8.14 Bielmyer et al., 
2007 
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Table S4 continued         

Test species Metal Metal 
salt 

Metal 
concentration 

Endpoint Acute/ 
Chronic  

Test medium Test 
duration  

Variable parameters pH References 

D. magna Pb Stable 
isotopes 

5.2 µg/L Uptake A Soft OECD 
medium 

48 h Ca 0.1-2.5, Na 0.5-8.0 mM, IS 3.9-11.3 
mM 

6.0,7.0,8.0 Komjarova and 
Blust, 2009 

C. dubia Pb Pb(NO3)

2 
- survival A Tap+demi 

water 
48 h Alkalinity 0.5-2.0(NaHCO3,2set), HA  2-

64 mg/L at pH 7.43-8.23, hard. 33-250 
mg/L,DOC 171-1298 µM 

- Mager et al., 
2011b 

C. dubia Pb Pb(NO3)

2 
- Survival and 

reproduction 
C Tap+demi 

water 
7 d Ca 0.5-5.0,Na 0.5-2.5 mM, NOM 2,4 

mg/L at pH 7.2-7.6,DOC 100-597 µM, 
hardness 22-524 mg/L  

6.4, 7.2 Mager et al., 
2011a 

C. dubia Mn MnCl2 - Survival C Solution/ 
surface water 

- Ca 0.17-5.0,Mg 0.08-3.7mM,DOC 4-
13mg/L;nat. water(DOC0.7-12,Ca 1-
77,hardness 12-304,alk.8-124mg/L) 

5.8-8.4, 
nat.(6.7-

8.1) 

Peters et al., 
2011 

see Table S1 for more details  

 
Table S5. An overview of the studies on the biotic ligand model in other organisms. 

Test species Metal Metal 
salt 

Metal 
concentration 

Endpoint Acute/ 
Chronic  

Test medium Test 
duration  

Variable parameters pH References 

Nitrosospira 
sp. 

Zn ZnCl2 Soil pw(up to 
653800 µg/L), 
solut.(0-10000 

µg/L) 

Inhibition in 
nitrification 

- Soil/solution - Soil(DOC <15-694mg/L),solution (Ca 0.6-
28.3,Mg 0.2-19.5 mM) 

pHCaCl2 4.8-
7.5, solution 
(6.0,7.0,8.0) 

Mertens et al., 
2007 

Pseudokirchn
eriella 

subcapitata 

Zn ZnCl2 0.8-224 µg/L Growth 
inhibition 

A Solution 72 h Ca 0.25-2.0,Mg 0.25-2.5,Na 2.7-7.2,K 
0.08-1.12 mM at pH 7.5 

5.6-7.8 Heijerick et al., 
2002b 
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Table S5 continued         

Test species Metal Metal 
salt 

Metal 
concentration 

Endpoint Acute/ 
Chronic  

Test medium Test 
duration  

Variable parameters pH References 

Lymnea 
stagnalis and 
Brachionus 
calyciflorus 

Zn ZnCl2 0-10000 µg/L Survival/asex
ual 

reproduction 

C Solution/ 
natural 

surface water 

28 d 
snail/ 2 d 

rotifer 

DOC 1.18-12.7 mg/L, Ca 8.8-118,Mg 
3.8-15.7,Na 7.1-87 mg/L 

6.77-8.28 De 
Schamphelaere 
and Janssen, 

2010 
Ly. stagnalis Cu Stable 

isotopes 
0.038-305 µg/L Biodynamic 

uptake 
A Synthetic 

water 
24 h Different hardness from deionized to 

hard water, Ca2+ 0-698,Mg2+ 0-998,Na+ 
0-2286,K+ 0-107 µM 

6.1-7.8 Croteau and 
Louma, 2007 

Lemna 
paucicostata 

Cu CuCl2 - Growth 
inhibition 

A Solution 4 d Ca 0.5, Mg 0.2,K 0.022 mM, Na 0.6 µM - Hatano and 
Shoji, 2008 

B. 
calyciflorus 

Cu - - Asexual 
reproduction 

A Test water 48 h Hardness 100mg/L, DOC 5 and 15 mg 
C/L 

6.0, 7.8 De 
Schamphelaere 

et al., 2006b 
Fontinalis 

antipyretica 
Cu - 5 µg/L Accumulation A Solution 72 h Ca2+ 3.1-153., Mg2+ 0.64-48.8, Na+ 

1.43-130.5 mg/L at pH 6.69-6.92 
4.80-8.40 Ferreira et al., 

2009 
Chlamydomo

nas 
reinhardtii 

Cu Stable 
isotopes 

Upt.(0-19),tox. (0-
6.3) µg/L 

Uptake/toxicit
y 

A Solution Upt. 2h/ 
tox. and 
upt. 24 h 

- 7.4-7.6 Stoiber et al., 
2012 

C. reinhardtii 
and Chlorella 

vulgaris 

Cu CuCl2 - Toxicity A Solution 72 h DOC 1.6-18.4 mg/L, hardness 0-500 
mg/L 

5.3-7.8 De 
Schamphelaere 
and Janssen, 

2006 
C. reinhardtii Cu - 63.5 µg/L Biouptake A Solution 60 min. - 6.0 Chen et al., 2010 
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Table S5 continued         

Test species Metal Metal 
salt 

Metal 
concentration 

Endpoint Acute/ 
Chronic  

Test medium Test 
duration  

Variable parameters pH References 

P. 
subcapitata 

and Chlorella 
sp. 

Cu - - Growth 
inhibition 

A Synthetic 
freshwater/ 

solution 

Chl. 48h/ 
P. sub. 

72h 

Chl.(Na 14,K 1.1,Ca 7.0,Mg 6.3mg/L), 
P.sub.(standard OECD solution 

composition) 

Chl.(6.0,6.5
,7.5),P.sub. 
(5.9,6.5,7.6

) 

De 
Schamphelaere 

et al., 2005b 

P. 
subcapitata 

Cu CuCl2 0.59-2.64 µg/L Growth 
inhibition 

A Solution 72 h DOC 1.3-19.9mg/L,Ca 0.13-4.0, Mg 
0.13-1.0,Na 1.87-21.1,K 0.01 mM,hard. 

0-500mg/L 

5.68-8.58 De 
Schamphelaere 

et al., 2003 
P. 

subcapitata 
Cu CuSO4 - Growth 

inhibition 
A Synthetic/ 

surface 
waters 

72 h Syn.(Ca 0.25-2.5,Mg 0.25-2.0 mM), 
surface w.(DOC 1.55-20.4, hard.7-238 

mg/L) 

Synth.(5.8-
8.0),surf.w. 
(5.52-8.30) 

Heijerick et al., 
2005a 

Lumbriculus 
variegatus 

Cu CuCl2 Upt.(20,40 
µg/L),tox. - 

Survival/upta
ke 

A Solution Both 48h Hardness 0.5-15 mEq/L (CaCl2) Upt.(6.7,7.5
),tox(6.5,7.

5,8.5) 

Meyer et al., 
2002 

Hyalella 
azteca 

Cu CuCl2 6.3-356 µg/L Survival A Tap water/ 
solution 

7 d Ca 0.1-2.5,Mg 0.025-0.625,Na 0.1-
5.4,K 0.005-0.16 mM, DOC <0.1-1.1 

mg/L 

6.5-8.5 Borgmann et al., 
2005 

P. 
subcapitata 

Ni NiCl2 Syn. (10-
5600),nat. (diss. 

2.0-4.6) µg/L 

Growth 
inhibition 

A Synthetic/ 
natural 
surface  
waters 

72 h Syn.(Ca 0.12-5.0,Mg 0.12-5.0 mM at 
pH 7.38-7.54,hard. 19.9-481,alk.9.30-
29.1mg/L), nat. (hard.24-250,alk.0.743-
133,DOC4.10-25.8mg/L) 

Syn.(6.0-
8.0), nat. 

(6.35-8.01) 

Deleebeeck et 
al., 2009a 

C. reinhardtii Ni - Ni2+ 1.5-58690 
µg/L 

Biouptake A Solution 40 min. Ca2+ 0-1., Mg2+ 0-1 mM 4.5-8.0 Worms and 
Wilkinson, 2007 
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Table S5 continued         

Test species Metal Metal 
salt 

Metal 
concentration 

Endpoint Acute/ 
Chronic  

Test medium Test 
duration  

Variable parameters pH References 

Different 
microalgae 

sp. 

Ni NiCl2 - Growth 
inhibition 

A Solution 72 h Hardness 6.25-43.4 mg CaCO3/L,DOC 
50µg/L Humic acid 

Soft 6.20-
6.91, hard 
7.63-8.07 

Deleebeeck et 
al., 2009b 

L. minor Ni Ni(NO3)2 0-100 µg/L Accumulation
/ root growth 

inhibition 

A Solution 7 d Ca(25.6-133 solphate;40,75.4 nitrate; 
39.3-392 chloride), Mg(40.4-114), 
Na(188-293), K(16.2-37.9)mg/L 

7.96-8.22 Gopalapillai, et 
al., 2013 

Ly. stagnalis, 
Chironomus 
tentans, B. 
calyciflorus, 

L. minor 

Ni NiCl2, [L. 
minor 

Ni(NO3)2

] 

Snail 2-200,insect 
50-6400,rotifer 
7.8-8000,plant 
18-11738 µg/L 

Snail, insect 
(survival/gro

wth), 
rotifer(growth
), plant(root 

growth) 

C Surface 
water 

Insect 
(10d), 
plant 
(4d), 

others - 

Hard.16-256,alk. 16-200mg/L, Ca 3.4-
72,Mg 0.81-21,Na 2.4-120,K 0.25-47 

mg/L 

6.6-8.1 Schlekat et al., 
2010 

H. azteca Ni  NiCl2 - Mortality/gro
wth 

A/C Solution A(96h)/ 
C(14d) 

A.(Na 30,Ca14,Mg 2mg/L, hard.96, 
alk.64,DOC0.61mg/L), C.(Na 8,Ca 

14,Mg <2mg/L, hard.91,alk.70,DOC 
0.66mg/L) 

A(7.7-8.0), 
C(8.0-8.3) 

Keithly et al., 
2004 

H. azteca Ni Ni(NO3)2 15-5000 µg/L ? Survival C Artificial 
solution/tap 

water 

28 d Ca 10-300, Mg 2.6-47, Na 3.9-133, K 
0.5-10 mg/L, DOC 0.2-0.7, alk. 25-212 

mg/L 

6.4-8.9 Schroeder et al., 
2010 

Ly. stagnalis Cd Stable 
isotopes 

0.0004-303 µg/L Biodynamic 
uptake 

A Synthetic 
water 

24 h Different hardness from deionized to 
hard water, Ca2+ 0-698,Mg2+ 0-998,Na+ 
0-2286,K+ 0-107 µM 

6.1-7.8 Croteau and 
Louma, 2007 

L. 
paucicostata 

Cd CdCl2 - Growth 
inhibition 

A Solution 4 d Ca 0.5, Mg 0.2,K 0.022 mM, Na 0.6 µM - Hatano and 
Shoji, 2008 
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Table S5 continued (see Table S1 for more details)      

Test species Metal Metal 
salt 

Metal 
concentration 

Endpoint Acute/ 
Chronic  

Test medium Test 
duration  

Variable parameters pH References 

C. reinhardtii Cd Isotopes - Uptake A Solution 45 min. Ca 0-1.0 mM Cd 5.0,6.5; 
Mn 

5.0,6.5,8.0 

Francois et al., 
2007 

C. reinhardtii Cd Stable 
isotopes 

Upt.(0-45),tox. (0-
11.2) µg/L 

Uptake/toxicit
y 

A Solution Upt. 2h/ 
tox. and 
upt. 24 h 

- 7.4-7.6 Stoiber et al., 
2012 

Vibrio fischeri Cd CdCl2  Solut.(0-253000 
µg/L), Soil pw(5.4 

µg/L) 

Bioluminesce
nce inhibition 

A Field soil/ 
solution 

5 min. Solut.(Ca2+ 0.025-25,Mg2+ 0.25-25,K+ 
0.25-25mM), Soil(DOC 2.14-14.5mg/L) 

Solut.(pH 
5.63,5.81), 
soil (pHpw 
6.17,6.55, 

An et al., 2012 

V. fischeri Cd CdCl2 0-253000 µg/L Bioluminesce
nce inhibition 

A Solution 5 min. Ca2+ 0.025-25,Mg2+ 0.025,K+ 0.025,Na+ 
342 mM 

5.63,5.81 Jho et al., 2011 

V. fischeri Pb PbCl2 Solut.(0-4662 
µg/L), Soil pw 
(34300 µg/L) 

Bioluminesce
nce inhibition 

A Field soil/ 
solution 

5 min. Solut.(Ca2+ 0.025-25,Mg2+ 0.25-25,K+ 
0.25-25mM), Soil(DOC 2.14-14.5mg/L) 

Solut.(pH 
5.63,5.81), 
soil (pHpw 
6.17,6.55, 

An et al., 2012 

V. fischeri Pb PbCl2 21-4662 µg/L Bioluminesce
nce inhibition 

A Solution 5 min. Ca2+ 0.025-25,Mg2+ 0.025,K+ 0.025,Na+ 
342 mM 

5.63,5.81 Jho et al., 2011 

C. reinhardtii Pb - 207 µg/L Biouptake A Solution 60 min. - 6.0 Chen et al., 2010 
C. reinhardtii Mn Isotopes - Uptake A Solution 45 min. Ca 0-1.0 mM Cd 5.0,6.5; 

Mn 
5.0,6.5,8.0 

Francois et al., 
2007 

P. 
subcapitata 

Mn MnCl2 - Growth 
inhibition 

C Solution/ 
natural 

  

3 to 4 d Ca 0.3-3.4 mM, nat. water (DOC0.7-
12,Ca 1-77,hardness 12-304,alk.8-

 

5.8-8.4, 
nat.(6.7-

 

Peters et al., 
2011 
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Figure S1. The relationship between the toxicity of different metals and their affinities for binding to the 

biotic ligand (BL) sites of different plant species. Toxicity is shown as average EC50 values based on the 
activity of free metal ions in µM (log EC50Men+) and the metal binding affinities (log K values) are in L/mol. 

The solid line and the equation show the relationship between metal toxicity and binding affinities for 
Barley (Hordeum vulgare). The metal binding affinities of other plant species are included as well. Metal 
names without any description (in bold) are referring to barley (filled circles) while the values for other 

plant species (empty circles) are shown by plant names (Pea = Pisum sativum; Tom = Tomato, 
Lycopersicon esculentum; Let = Lettuce, Lactuca sativa, Wh = Wheat, Triticum aestivum). The affinity 
binding constants for the different metals are given in Table 1 and an overview of related experimental 
setup in Table S1 (Supporting Information). The log K and EC50 values for the same metal are taken 

from the same study. See text for more explanation. 
 

 
Figure S2. The relationship between the toxicity of different metals and their affinities for binding to the 
biotic ligand (BL) sites of different soil invertebrates. Toxicity is shown as average LC50 value based on 
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the activity of free metal ions in µM (log LC50Men+) and the metal binding affinities (log K values) in L/mol. 
The solid line and the equation show the relationship between metal toxicity and binding affinities for 

different earthworm species. The metal binding affinities for other soil organisms such as collembolans 
and potworms are included as well. Metal names without any description (in bold) are referring to 

binding affinities for earthworm (filled circles) while the binding affinities for other soil species (empty 
circles) are shown by their names (FC = Folsomia candida (Collembola, Isotomidae); PW = Potworm, 
Enchytraeus albidus (Enchytraeidae)). The empty circle in bold at the left corner of the graph is for the 
toxicity of Cd to FC when the animals were exposed to aqueous solutions (see Table 4). The binding 
affinities of the different metals are given in Table 2 and an overview of related experimental setup in 
Table S2 (Supporting Information). The log K and LC50 values for the same metal are taken from the 

same study. See text for more explanation. 
 

 
Figure S3. The relationship between the toxicity of different metals and their affinities for binding to the 
biotic ligand (BL) sites of different fish species. Toxicity is shown as average LC50 value based on the 

total or dissolved metal concentrations in the medium in µM (log LC50Me) and the metal binding affinities 
(log K values) in L/mol. The solid line and the equation show the relationship between metal toxicity and 

binding affinities for two main fish species, rainbow trout (RBT, Oncorhynchus mykiss) and fathead 
minnow (FHM, Pimephales promelas). The metal binding affinities for another fish species are included 
as well. Metal names without any description (in bold) are referring to the binding affinities for two main 
fish species (filled circles) while the affinity for other fish species (empty circles) are shown by the fish 

names (YP = Yellow perch, Perca flavescens). The binding affinities for the different metals are given in 
Table 3 and an overview of related experimental setup in Table S3 (Supporting Information). The log K 

and LC50 values for the same metal are taken from the same study. The Co-RBT and Ag-RBT are 
referred to the study of Alsop and Wood (2000) who summarized log K and LC50s, but taken from 

different studies. The empty circle in bold for Ni, is cited in Niyogi and Wood (2004), but the main source 
was not accessible. The binding affinity is just given for a comparison with other affinities. See text for 

more explanation. 
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Figure S4. The relationship between the toxicity of different metals and their affinities for binding to the 
biotic ligand (BL) sites of different daphnid species. Toxicity is shown as average EC50 value based on 

the activity of free metal ions in µM (log EC50Men+) and the metal binding affinities (log K values) in L/mol. 
The solid line and the equation show the relationship between metal toxicity and binding affinities for 

Daphnia sp. (DM = Daphnia magna and Daphnia pulex). The metal binding affinities for other daphnid 
species are included as well. Metal names without any description (in bold) are referring to Daphnia sp. 

(filled circles) while the binding affinities for other daphnid species (empty circles) are shown by their 
names (CD = Ceriodaphnia dubia). The binding affinities for the different metals are given in Table 4 
and an overview of related experimental setup in Table S4 (Supporting Information). The log K and 
EC50 values for the same metal are taken from the same study. The empty circle in bold at the right 

corner of the graph (Cu-DM) is for the toxicity of Cu to DM where the toxicity is expressed as LC50Men+ 
values and the estimated values were very low. See text for more explanation. 
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Figure S5. The relationship between the toxicity of different metals and their affinities for binding to the 

biotic ligand (BL) sites of other different species such as algae, bacteria, snails, rotifers, and amphipods. 
Toxicity is shown as average EC50 values based on the activity of free metal ions in µM (log EC50Men+) 

and the metal binding affinities (log K values) in L/mol. The solid line and the equation show the 
relationship between metal toxicity and the binding affinities for all species. Metal names without any 
description (in bold) are referring to the binding affinities of each species (filled circles) (VF = Vibrio 

fischeri; PS =  Pseudokirchneriella subcapitata; CR = Chlamydomonas reinhardtii). The binding affinities 
for the different metals are given in Table 5 and an overview of related experimental setup in Table S5 

(Supporting Information). The log K and EC50 values for the same metal are taken from the same study. 
See text for more explanation. 
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Samenvatting 
Biologische beschikbaarheid van metalen voor Folsomia candida benaderd met 

biotische ligand-modellering en bioaccumulatie-kinetiek 
 

Industriële activiteiten hebben geleid tot een emissie van metalen naar het milieu. 
Dit heeft geresulteerd in een toename van metaalgehalten in de bodem tot boven 
het natuurlijke achtergrondniveau. Op veel plaatsen, bijvoorbeeld dicht bij 
industriële bronnen, worden metaalgehalten gevonden die aanleiding geven tot 
bezorgdheid over de gezondheid van mens en milieu. Risicobeoordeling van 
verontreinigde locaties kan inzicht geven in de kans op ecologische schade en 
eventuele nadelige effecten op de volksgezondheid. Een risicobeoordeling is 
doorgaans gebaseerd op een vergelijking van toxicologische effect-concentraties 
met biologisch beschikbare concentraties in de bodem. Dit proefschrift behandelt 
één aspect van de risicobeoordeling: de wetenschappelijke onderbouwing van 
schattingen van biologische beschikbaarheid van metalen in de bodem voor 
bodemorganismen. Het voornaamste doel van dit proefschrift was het bepalen van 
de biologische beschikbaarheid van metalen voor een representatief 
bodemorganisme, de springstaart Folsomia candida. 
De poriewater-hypothese veronderstelt dat metalen beschikbaar zijn voor 
bodemorganismen, wanneer zij zijn opgelost in het bodemvocht of poriewater. Na 
opname vanuit het poriewater kunnen metalen ophopen op zogenaamde biotische 
liganden (BL); dit zijn bindingsplaatsen voor metalen op of in deze organismen. Het 
voorkomen van metalen in verschillende chemische vormen wordt aangeduid als 
speciatie. De vrije metaalionen zijn de vormen waarin metaal het best beschikbaar 
is voor opname door organismen, en de vrije metaalion-activiteit in het poriewater 
is de beste maat voor biologische beschikbaarheid. Er zijn echter twee factoren die 
een grote invloed hebben op de vrije metaalion-activiteit: 1) de aanwezigheid van 
andere kationen (bijv. Ca2+, Mg2+, en protonen (pH)) die concurreren met het vrije 
metaalion voor binding aan de BL plaatsen, en 2) complexatie van de vrije 
metaalionen met organische en anorganische liganden in het poriewater, zoals 
opgelost organisch koolstof (DOC), andere metaalvormen en anionen. Grond is 
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echter een veel complexer medium dan water, met een grote invloed van de vaste 
fase op de metaalspeciatie in het poriewater.  
Biologische beschikbaarheid is metaal- en soort-specifiek, waarbij er onderscheid 
gemaakt kan worden tussen essentiële en niet-essentiële metalen. In dit 
proefschrift zijn koper en cadmium gebruikt om het verschil in biologische 
beschikbaarheid voor bodemdieren te bepalen tussen essentiële en niet-essentiële 
metalen.  
Springstaarten zijn één van de meest voorkomende groepen van 
bodemorganismen en ze spelen een belangrijke rol in het functioneren van het 
bodemecosysteem. Om die reden worden ze ook gebruikt als testorganismen in 
toxiciteitstesten voor de bodem. In dit proefschrift is de springstaart Folsomia 
candida gebruikt als testorganisme; deze soort wordt al meer dan 40 jaar gebruikt 
in bodemtoxiciteitsonderzoek. De voornaamste route waarlangs springstaarten 
worden blootgesteld aan metalen in het poriewater is via de ventrale tubus en via 
de cuticula. 
Biologische beschikbaarheid is een kernbegrip in de risicobeoordeling van metaal-
verontreinigde bodems. Het kent diverse aspecten, zoals enerzijds de route van 
blootstelling, metaalspeciatie en biotische-ligand modellering (BLM) en anderzijds 
de kinetiek en dynamiek van metaalopname en de ontwikkeling van toxische 
effecten in de tijd. Om die reden is dit proefschrift opgebouwd uit twee delen: het 
eerste deel betreft biotische ligand modellering (Hoofdstukken 2-5), en het tweede 
deel gaat in op de modellering van toxicokinetiek van metalen (Hoofdstuk 6-10). In 
hoofdstuk 10 worden toxicokinetiek en BLM met elkaar verbonden om zo te komen 
tot een geïntegreerde benadering van de biologische beschikbaarheid van metalen 
(zie Figuur 2 in Hoofdstuk 1).  
 
Blootstelling aan waterige oplossingen 
Toxiciteitstesten met bodemorganismen worden meestal uitgevoerd met 
kunstmatige of natuurlijke gronden. De complexiteit van de chemische processen 
in de bodem, zoals sorptie en desorptie, en de dominante rol van de vaste fase in 
deze processen, maken het moeilijk om biologische beschikbaarheid goed te 
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onderzoeken in echte gronden. Omdat poriewater de voornaamste route van 
blootstelling aan metalen vormt voor springstaarten, is in dit proefschrift 
geprobeerd deze complexiteit van de bodem te omzeilen door blootstellingen uit te 
voeren in oplossingen die het poriewater nabootsen. Voordeel van de testen in 
oplossingen met een eenvoudige samenstelling is dat de experimentele condities 
en daarmee ook de metaalspeciatie goed gecontroleerd kunnen worden. Dat 
maakt het mogelijk om de factoren die van invloed kunnen zijn op de biologische 
beschikbaarheid van metalen, zoals de concentratie van andere kationen, de pH of 
het gehalte aan opgeloste organische stof, één voor één te onderzoeken. 
Het werken met blootstellingen aan eenvoudige oplossingen kent echter ook een 
aantal beperkingen. De omstandigheden kunnen te kunstmatig zijn, waardoor de 
testorganismen zich anders gedragen dan in grond. Ze kunnen zich bijvoorbeeld 
minder goed bewegen door de testmatrix, waardoor processen als de vervelling in 
geleedpotigen of de vernieuwing van de slijmlaag op de huid van regenwormen 
niet optimaal verlopen. Daarnaast treedt voedselgebrek op. Hierdoor kan sprake 
zijn van extra stress. Een ander nadeel is dat met het gebruik van nogal 
vereenvoudigde waterige testmedia voorbij wordt gegaan aan de interactie tussen 
fysisch-chemische parameters die plaatsvindt in natuurlijke gronden, zoals tussen 
pH en kationen-uitwisselcapaciteit (CEC) of de kationensamenstelling van het 
poriewater, of het effect van opgeloste organische stof op de metaalspeciatie. In 
natuurlijke gronden zijn dergelijke interacties van grote invloed op de biologische 
beschikbaarheid van metalen. Toch is vanwege de genoemde voordelen in dit 
proefschrift gebruik gemaakt van eenvoudige oplossingen met slechts één kation 
or met een mengsel van kationen (Hoofdstukken 3, 4, 5 en 7).  
In hoofdstuk 5 is zowel een 0,2 mM calciumoplossing als een multi-
kationenoplossing (Na, K, Mg, Ca) gebruikt om het effect van koper te 
onderzoeken. In de Hoofdstukken 3 en 4 is gebruik gemaakt van oplossingen met 
verschillende calciumconcentraties om de toxiciteit en bioaccumulatie van 
cadmium en koper te bepalen. In hoofdstuk 8 is inert kwartszand verzadigd met de 
multi-kationenoplossing gebruikt als testmedium om de toxicokinetiek en 
toxicodynamiek van cadmium in F. candida te bepalen. De overleving van F. 



350 
 

candida was nog goed (> 80%) na 11 dagen bij gebruik van oplossingen met 
alleen 0,2 mM calcium of in de multi-kationenoplossing (Hoofdstuk 5). In testen met 
verschillende pH en verschillende calciumgehalten was de overleving echter matig 
(35-40% na 7 dagen; Hoofdstukken 3 en 4). De beste overleving van de 
springstaarten werd gevonden bij gebruik van een medium met kwartszand 
verzadigd de multi-kationenoplossing (Hoofdstuk 8). Dit medium lijkt de minste 
stress te veroorzaken bij de dieren.  
Geconcludeerd kan worden dat waterige oplossingen met alleen calcium of een 
mengsel van kationen en inert kwartszand met daarin een oplossing van kationen 
geschikte media zijn voor korte termijnonderzoek naar de biologische 
beschikbaarheid van metalen voor F. candida. In beide typen media kan de 
blootstelling aan metalen goed gecontroleerd worden. 
 
Invloed van kationen 
Calcium en pH zijn de twee belangrijkste factoren die de biologische 
beschikbaarheid van metalen beïnvloeden. Dit werd bevestigd in zowel 
toxiciteitstesten met cadmium en koper (Hoofdstukken 3, 4 en 5) als in 
bioaccumulatie-testen met koper (Hoofdstuk 7). Al deze testen met F. candida 
werden uitgevoerd in waterige oplossingen.  
Voor koper werden 7-dagen LC50 waarden berekend van 2,3-20 µM voor F. 
candida na blootstelling in oplossingen met verschillende calciumgehalten en pH-
waarden (Hoofdstuk 4). De LC50 was iets hoger in een oplossing met 0,2 mM Ca of 
de multi-kationenoplossing met pH 6,0 (Hoofdstuk 5). Deze waarden zijn lager dan 
de 21-dagen EC50 waarden die in de literatuur werden gevonden voor F. fimetaria 
gebaseerd op 0,01 M CaCl2 extraheerbare kopergehalten in verontreinigde 
veldgronden. 
Voor cadmium werden 7-dagen LC50 waarden gevonden van 0,63-3,8 mM voor F. 
candida blootgesteld in waterige oplossingen met verschillende pH-waarden en 
calciumgehalten (Hoofdstukken 3 en 5). Deze waarden komen vrij goed overeen 
met de 28-35 dagen LC50s voor F. candida gebaseerd op gehalten in het porie-
water van natuurlijke of kunstmatige gronden die met cadmium waren behandeld. 



351 
 

In alle testen met waterige oplossingen namen de interne koper- en 
cadmiumgehalten in de springstaarten lineair toe met toename van de 
blootstellingsconcentratie (Hoofdstukken 3, 4 en 5). Dit werd voor beide metalen 
gevonden in de 0,2 mM Ca- en de multi-kationenoplossingen (Hoofdstukken 3 en 
5), voor koper ook bij verschillende calciumconcentraties en pH-waarden 
(Hoofdstuk 4) en voor cadmium ook in kwartszand verzadigd met een multi-
kationenoplossing (Hoofdstuk 8).  
Bij blootstelling van F. candida aan niet-letale kopergehalten in oplossingen met 
twee verschillende calciumgehalten en twee verschillende pH-waarden of in grond 
met bij drie verschillende pH-waarden bleven de interne kopergehalten vrij 
constant op 3,1-4,7 µmol/g lichaamsgewicht (Hoofdstukken 7 en 9). Deze gehalten 
komen overeen met waarden uit de literatuur voor dieren blootgesteld aan 
vervuilde gronden. 
Geconcludeerd kan worden dat de LC50 waarden en bioaccumulatie-niveaus in de 
verschillende testen met F. candida sterk overeen kwamen, hetgeen bevestigt dat 
blootstelling voornamelijk via het poriewater plaatsvindt. Er werden ook goede 
relaties gevonden tussen interne metaalgehalten in de dieren en 
blootstellingsconcentraties en tussen de overleving en interne metaalgehalten bij 
blootstelling aan waterige oplossingen (Hoofdstukken 3 en 4). 
 
Biotische ligand-modellering 
De toepasbaarheid van BLM modellering voor F. candida is in dit proefschrift 
onderzocht met experimenten waarin de dieren werden blootgesteld aan cadmium 
en koper in waterige oplossingen (Hoofdstukken 3 en 4). In hoofdstuk 2 zijn de 
afgeleide bindingsconstanten voor binding van deze metalen aan biotische 
liganden vergeleken met waarden uit de literatuur. 
Volgens het principe van BLM concurreren kationen met het vrije metaalion om 
binding aan de biotische liganden op/in het organisme, waardoor ze de toxiciteit 
van het metaal kunnen verminderen. De giftigheid van koper voor F. candida in 
oplossingen bleek echter niet significant te worden beïnvloed door calcium of 
protonen. Bovendien was in de testen met koper sprake van hormesis: een 
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stimulering van de overleving bij lagere, niet-letale blootstellingsconcentraties (< 
0,1 µM Cu, Hoofdstuk 4). Daardoor was het moeilijk te komen tot een eenduidige 
conclusie over de mogelijke beschermende werking van calcium en protonen op de 
toxiciteit van koper. Uit de resultaten van deze experimenten kon een constante 
voor de binding van koper aan de biotische ligand van F. candida worden 
berekend van 5,19 (log K, L/mol) (Hoofdstuk 4), welke aardig overeen komt met 
een waarde die in de literatuur wordt gerapporteerd voor dieren die in grond waren 
blootgesteld. Dit laat zien dat de affiniteit van koper voor de dieren vergelijkbaar is 
voor blootstellingen in grond en in oplossingen; dit bevestigt de toepasbaarheid 
van waterige oplossingen voor onderzoek aan BLM met springstaarten.  
De hoge waarde voor log KH-BL van 5,04, die werd gevonden in de toxiciteitstesten 
met koper in waterige oplossingen, geeft aan dat protonen vrijwel even sterk 
binden op de biotische liganden van F. candida als vrije koperionen (Hoofdstuk 4). 
Deze waarde is echter veel hoger dan de waarde die in de literatuur wordt 
gerapporteerd voor dieren die in grond zijn blootgesteld. Dit suggereert dat in 
grond andere factoren de binding van protonen aan de dieren beïnvloeden. Voor 
de binding van calcium werd een lage log KCa-BL waarde van 2,12 berekend, wat 
aangeeft dat calcium nauwelijks met de vrije koperionen concurreert voor 
bindingsplaatsen op de biotische liganden van F. candida (Hoofdstuk 4). 
Calcium en protonen hadden nauwelijks invloed op de toxiciteit van cadmium in 
waterige oplossingen (Hoofdstuk 3). Bij blootstelling in grond werd de opname van 
cadmium in F. candida niet beïnvloed door de pH wanneer werd gekeken naar het 
totaalgehalte in de grond. Wanneer opname werd gerelateerd aan de 
cadmiumconcentratie in het poriewater was er sprake van een duidelijke afname bij 
afname van de pH, wat duidt op een sterk concurrerend effect van protonen 
(Hoofdstuk 10).  
Op grond van blootstellingen in eenvoudige waterige oplossingen werden 
constanten voor de binding van cadmium aan de biotische liganden van F. candida  
berekend van 1,62-2,31 (log, L/mol) (Hoofdstuk 3). Deze log K waarden zijn vele 
orden van grootte lager dan de waarden gerapporteerd voor dieren blootgesteld 
aan cadmium in natuurlijke LUFA 2.2 grond bij verschillende pH (Hoofdstuk 10). Dit 
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geeft aan dat de experimentele omstandigheden (oplossing versus grond) wel een 
grote invloed kunnen hebben. De bindingsconstanten voor calcium en protonen 
waren vrijwel gelijk voor beide studies. Opvallend was ook dat de 
bindingsconstante voor calcium veel lager was dan die voor protonen, hetgeen 
suggereert dat calcium veel minder sterk concurreert met cadmium voor binding 
aan de biotische liganden van F. candida. De overeenkomst in log K waarden voor 
cadmium en calcium bij blootstelling van F. candida in oplossingen is in 
overeenstemming met de overeenkomst in opnameroute van Cd2+ en Ca2+ ionen; 
algemeen wordt aangenomen dat deze ionen worden opgenomen via dezelfde 
ionkanalen omdat ze een vergelijkbare lading en atoomdiameter hebben. 
Geconcludeerd wordt dat de log K waarden voor protonen, calcium, cadmium, en 
koper vrij constant zijn over verschillende studies. Dit bevestigt de toepasbaarheid 
van blootstellingen in waterige oplossingen voor BLM-onderzoek aan F. candida.  
 
Opname- en eliminatiekinetiek 
Mechanistische benaderingen, zoals toxicokinetiek en toxicodynamiek, zijn in dit 
proefschrift toegepast om meer inzicht te krijgen in de biologische beschikbaarheid 
van cadmium en koper (Hoofdstukken 5, 7, 8, 9, en 10). Het effect van de pH op de 
toxicokinetiek van koper en cadmium is verder onderzocht in Hoofdstukken 9 en 
10. Tenslotte wordt in Hoofdstuk 6 een overzicht gegeven van de literatuur over de 
toxicokinetiek van metalen in bodemorganismen. 
In verschillende hoofdstukken van dit proefschrift is de factor tijd meegenomen bij 
het bepalen van de accumulatie van metalen in F. candida bij blootstelling in 
verschillende media. Bij blootstelling in eenvoudige waterige oplossingen bleken 
calcium en protonen nauwelijks invloed te hebben op de opname van koper in de 
dieren (Hoofdstuk 7). De interne kopergehalten in de dieren bleven vrijwel constant 
in deze testen. Ook bij blootstelling van F. candida aan koper in LUFA 2.2 grond, 
die op verschillende pH-waarden was gebracht, werd geen significante opname 
van koper gevonden. Dit laat zien dat het effect van de pH te klein was om de 
koper-accumulatie in de dieren te beïnvloeden (Hoofdstuk 9). F. candida was in 
staat het interne kopergehalte te reguleren op waarden van 3,1-4,7 µmol/g 
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lichaamsgewicht, zowel in oplossingen (Hoofdstuk 7) als in LUFA 2.2 grond 
(Hoofdstuk 9). Dit duidt op de aanwezigheid van sterke regulatiemechanismen, 
waardoor de interne koperconcentratie in F. candida constant gehouden kan 
worden over een ruime range van blootstellingsomstandigheden. 
De biologische beschikbaarheid van cadmium is bepaald door de opname- en 
eliminatiekinetiek te meten in kwartszand verzadigd met een multi-
kationenoplossing (Hoofdstuk 8). Cadmiumgehalten in de dieren namen toe met de 
tijd. Wanneer zowel de opname als ook de eliminatie in één experiment werden 
gemeten, konden de opname- en eliminatiesnelheidsconstanten nauwkeuriger 
worden bepaald. Dit gaf waarden van 0.18 L kgdier-1 d-1 respectievelijk 0.02 d-1. 
Wanneer dieren gedurende 21 dagen in LUFA 2.2 grond werden blootgesteld, 
gevolgd door 21 dagen in schone grond, werd geen effect van de pH gevonden op 
de opnamekinetiek van cadmium (Hoofdstuk 10). Ook de interne cadmiumgehalten 
in de dieren verschilden niet voor de drie onderzochte pH-waarden. De 
cadmiumgehalten in het poriewater namen echter toe bij afname van de pH. 
Wanneer de cadmiumopname werd gerelateerd aan de gehalten in het poriewater, 
namen de opnamesnelheidsconstanten toe bij toename van de pH, van 0,005 tot 
0,581 L ganimal-1 d-1. Dit is in overeenstemming met de BLM principes en toont aan 
dat cadmium sterker wordt opgenomen wanneer minder protonen in het poriewater 
aanwezig zijn (Hoofdstuk 10).  
Bij blootstelling in grond werd een hoge eliminatiesnelheidsconstante (0,13-0,46 
per dag) gemeten, die ervoor zorgde dat de interne cadmiumgehalten in F. candida 
evenwicht bereikten binnen 10-14 dagen (Hoofdstuk 10). Bij blootstelling in 
kwartszand verzadigd met een multi-kationenoplossing bleven de cadmium-
gehalten in de dieren echter toenemen in de tijd (Hoofdstuk 8). Hierdoor waren de 
eliminatie-snelheidsconstanten in deze studie een factor 10 tot 20 lager dan in 
grond (Hoofdstuk 10). Dit verschil kan mogelijk worden verklaard door het feit dat 
de dieren in water niet of nauwelijks vervelden, terwijl dat in grond wel mogelijk 
was. Vervelling is in springstaarten een belangrijk mechanisme om metalen uit het 
lichaam te verwijderen.  
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Het effect van de factor tijd op de toxiciteit van koper en cadmium voor F. candida 
is bepaald door toepassing van een toxicodynamische benadering voor 
blootstellingen in waterige oplossingen en in kwartszand verzadigd met een multi-
kationenoplossing (Hoofdstukken 5 en 8). Bij blootstelling aan koper in zowel een 
0,2 mM Ca oplossing als in een multi-kationenoplossing, en bij verschillende pH en 
calciumgehalten nam de LC50 af met de tijd (Hoofdstukken 4 en 5). Ook voor 
cadmium werd een afname van de LC50 met de tijd gezien in oplossingen met 
verschillende pH en calciumgehalten (Hoofdstuk 3).  
Uiteindelijke LC50 waarden van 0,2-20 µM werden berekend voor de toxiciteit van 
koper voor F. candida in 0,2 mM Ca- en multi-kationenoplossingen. In oplossingen 
met verschillende calciumgehalten en verschillende pH bedroegen de uiteindelijke 
LC50s 0,014-0,035 µM (Hoofdstuk 5). Dit verschil wordt mogelijk veroorzaakt door 
het verschil in samenstelling van de testoplossingen. Uit LC50-tijd-relaties werd een 
eliminatiesnelheidsconstante voor koper afgeleid van 0,03 d-1 (Hoofdstuk 4 en 5).  
Voor de toxiciteit van cadmium voor F. candida bij verschillende calciumgehalten 
en pH werden uiteindelijke LC50 waarden van 0,010-0,088 mM geschat. De 
eliminatiesnelheidsconstante geschat uit de overlevingsdata was vrijwel nul, wat 
overeenstemt met de lineaire toename van de cadmiumgehalten in de dieren bij 
blootstelling aan waterige oplossingen (Hoofdstukken 3 en 5). Dit kan enerzijds 
leiden tot een geleidelijke toename van de toxische schade in deze dieren, maar 
het laat ook zien dat er sprake kan zijn van een zeer efficiënte detoxificatie en 
opslag van cadmium in het lichaam. 
Bij blootstelling van F. candida aan cadmium in kwartszand verzadigd met de multi-
kationenoplossing nam de overleving ook dosis-gerelateerd af in de tijd (Hoofdstuk 
8). LC50 waarden namen af van 10,8 mM na 2 dagen tot 0,71 mM na 21 dagen. Uit 
de LC50-tijd-relatie werden een uiteindelijke LC50 van 0,51 mM en een 
eliminatiesnelheidsconstante van 0,025 d-1 afgeleid.  
De resultaten van deze experimenten in waterige oplossingen of in kwartszand 
verzadigd met een multi-kationenoplossing bevestigen het belang van de factor tijd 
bij het bepalen van de biologische beschikbaarheid van metalen. Eliminatiesnel-
heidsconstanten gebaseerd op overlevingsdata kunnen meer inzicht geven in de 
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manier waarop dieren omgaan met een metaal. Voor cadmium liet het bijvoorbeeld 
zien dat de dieren dit metaal kunnen detoxificeren door het efficiënt op te slaan.  
 
Toxicodynamiek 
De toepasbaarheid van een gecombineerde benadering van toxicokinetiek en BLM 
om de biologische beschikbaarheid van metalen te bepalen is onderzocht in 
Hoofdstukken 2, 6, en 10. Om meer inzicht te verkrijgen in het mechanisme van de 
effecten van metalen op F. candida, werd de toxiciteit gerelateerd aan interne 
metal concentraties in de dieren. Overleving nam af met toename van het 
metaalgehalte in de dieren, totdat een niveau werd bereikt (de zogenaamde lethal 
body concentration, LBC) waarboven geen overleving meer werd gezien. LC50 
waarden van 35,2 en 135 µmol/g lichaamsgewicht werden afgeleid voor F. candida 
na 7 dagen blootstelling aan koper in een multi-kationenoplossing respectievelijk in 
0,2 mM Ca (Hoofdstuk 5). In een andere studie werden LC50 waarden gevonden 
van 2,36-376 en 4-25 µmol/g lichaamsgewicht voor dieren die 7 dagen waren 
blootgesteld aan cadmium respectievelijk koper bij verschillende calciumgehalten 
of pHs in waterige oplossingen (Hoofdstukken 3 en 4). De interne LC50s (LBC) 
voor koper en cadmium waren hoger bij hogere calciumgehalten in de oplossingen. 
Dit is niet in overeenstemming met de verwachtingen op basis van het BLM 
concept.  
Een overall LC50 van 7,9 µmol/g lichaamsgewicht werd afgeleid voor F. candida na 
21 dagen blootstelling aan cadmium in kwartszand verzadigd met een multi-
kationenoplossing (Hoofdstuk 8). Deze waarde is slechts een factor 2 hoger dan de 
LBC van 4,6 µmol/g lichaamsgewicht. Dit laat dus zien dat er sprake is van een 
goede overeenstemming tussen de toxicokinetiek en toxicodynamiek van 
cadmium. Deze overeenkomst werd bevestigd door het feit dat beide 
benaderingen een vergelijkbare eliminatieconstante gaven.  
Volgens de BLM benadering is het optreden van toxische effecten uitsluitend 
gerelateerd aan de fractie van de biotische liganden die bezet is met metaal. Deze 
fractie (f), die het netto resultaat is van de hoeveelheid metaal die is 
geaccumuleerd in het organisme, en onafhankelijk is van de samenstelling van het 
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medium (poriewater), is dus een goede indicator voor toxiciteit. De f50 waarde die 
met BLM modellen wordt berekend verklaart daarmee de effecten veroorzaakt door 
de opname van metalen. De f50 waarden voor koper en cadmium die zijn berekend 
in de Hoofdstukken 3 en 4 kwamen goed overeen met de waarden die in de 
literatuur zijn gerapporteerd voor andere organismen.  
Om de ontwikkelde biotische ligandmodellen te valideren, zijn bindingsconstanten 
gebruikt om effecten te voorspellen. Zo werd de toxiciteit van koper en cadmium 
voor F. candida voorspeld op basis van BLM parameters berekend uit 
accumulatiedata (Hoofdstukken 3 en 4). Een goede correlatie werd gevonden 
tussen voorspelde en gemeten effecten. Dit bevestigt de toepasbaarheid van BLM 
voor springstaarten. 
 
Algemene conclusies en aanbevelingen 
De resultaten beschreven in dit proefschrift laten zien dat de samenstelling van het 
poriewater een grote invloed heeft op de biologische beschikbaarheid van metalen 
voor de bodemevertebraat F. candida. Variatie in de samenstelling van het 
poriewater, bijvoorbeeld in calciumgehalte of pH, leidt al snel tot verschillende 
resultaten. Milieuomstandigheden dienen dus goed gestandaardiseerd te worden 
in toxiciteitstesten met bodemorganismen. Bovendien is het belangrijk de 
blootstellingscondities goed te kennen wanneer de biologische beschikbaarheid 
van metalen bepaald wordt. BLM modellering, gecombineerd met een 
toxicokinetische analyse, kan een goed raamwerk bieden voor het ophelderen van 
mechanismen die mede bepalend zijn voor de biologische beschikbaarheid van 
metalen.  
Het gebruik van blootstelling in kunstmatig poriewater lijkt zeer geschikt voor 
mechanistisch onderzoek naar de biologische beschikbaarheid van metalen voor 
F. candida. Dit geldt wellicht nog meer voor een medium van kwartszand verzadigd 
met kunstmatig poriewater. 
Aangezien biologische beschikbaarheid een dynamisch proces is, moet de factor 
tijd worden meegenomen in toxiciteits- en bioaccumulatie-onderzoek. Een 
mechanistische benadering, waarbij toxicokinetiek en toxicodynamiek worden 
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meegenomen, kan nuttig inzicht verschaffen in chemische en biologische 
mechanismen die de biologische beschikbaarheid van metalen mee bepalen. 
Toepassing van deze benaderingen bevestigde dat verschillen in biologische 
beschikbaarheid metaal-specifiek zijn, waarbij koper gereguleerd wordt en 
cadmium accumuleert in een mate die afhangt van de eigenschappen van het 
medium. BLM-gebaseerde modellering lijkt toepasbaar voor F. candida 
blootgesteld aan waterige oplossingen (kunstmatig poriewater). Dit levert 
bindingsconstanten die goed overeenkomen met in de literatuur gerapporteerde 
waarden. De toxiciteit van metalen neemt over het algemeen toe bij toename van 
de log K waarde, waarbij wel opvallende verschillen (koper) of overeenkomsten 
(cadmium) te zien zijn tussen water- en bodemorganismen. In alle gevallen is de 
pH de belangrijkste factor die de relatie tussen toxiciteit en bindingsconstanten 
beïnvloedt. 
BLM- en toxicokinetische modellen kunnen mogelijk toegepast worden in de 
risicobeoordeling van metalen in de bodem. De mechanistische kennis is echter 
nog matig ontwikkeld. Om toepassing van BLM voor bodemorganismen mogelijk te 
maken, is meer inzicht nodig in zowel de bodemchemie als de biologie van de 
organismen en de interactie tussen deze factoren. Vooral de tweede factor is van 
belang om de theoretische basis voor de biologische aspecten van biologische 
beschikbaarheid te vergroten. 
Een BLM benadering is in feite gebaseerd op de aanname dat er sprake is van 
evenwicht, zowel wat betreft de chemische evenwichten tussen de verschillende 
vormen waarin het metal voorkomt in het milieu als wat betreft de opname van het 
metaal in organismen en de daaruit voortvloeiende effecten. In de praktijk is echter 
zelden sprake van evenwicht. Toekomstig onderzoek naar de biologische 
beschikbaarheid van metalen dient daarom ook de temporele variatie in 
metaalspeciatie en blootstelling mee te nemen. Dit geldt ook voor de dynamiek van 
het organisme en de manier waarop het reageert op de blootstelling aan metalen. 
Dit vereist een geïntegreerde aanpak die toxicokinetiek en toxicodynamiek 
combineert met een BLM benadering. 
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